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Abstract 
 Engineered nanoparticles (NPs) are increasingly being used in consumer products 
due to their novel properties. Consequently, concerns have been raised over the potential 
hazards that these materials may present as a result of their release into the natural 
environment. This has prompted numerous investigations into the environmental behavior, 
transport and fate of engineered NPs. Importantly the predicted environmental 
concentrations of these materials is often x10 to x100 lower than the natural background 
levels of the element. Many studies overcome this problem with the use of high dosing 
concentrations, however this raises concerns regarding environmental relevance. 
The work presented in this thesis demonstrates how stable isotope tracing enables 
the accurate detection and quantification of engineered NPs in complex biological samples 
even when exposures are performed at low and environmentally relevant concentrations. 
This thesis focuses on three of the most prominent commercially available NPs; ZnO, 
CeO2 and Ag, and covers all aspects of the application of stable isotope labeling and tracing 
for these materials. This includes; (i) an assessment and evaluation of the technique for 
application with CeO2 NPs, including the development of chemical separation and mass 
spectrometric methods for an environmental tracer study, (ii) the assessment of a synthesis 
protocol for the production of isotopically labeled Ag NPs, and (iii) two environmental tracer 
studies to assess the uptake and loss of Zn from ZnO NPs by an estuarine snail and 
earthworm. 
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1.1 Background 
 Nanoparticles (NPs) are commonly defined as materials that feature dimensions with 
a size of between 1 and 100 nm. Due to their size, nanomaterials (NMs) commonly have 
unique physical and chemical properties. Engineered NPs are specifically manufactured to 
take advantage of such characteristics in novel products and applications. Consequently, the 
known and potential benefits of engineered NMs are enormous, and a diverse range of 
applications have been pioneered in electronics, optics, medical technology, cosmetics, 
textiles, food packaging and many other fields (Woodrow Wilson Centre, 2014).   
 The rapidly increasing use of engineered NPs has given rise to concerns that such 
materials could produce a “new asbestos problem” and initiated a wider debate about the 
potential risks of nanoscale materials (Pacurari et al., 2010; Royal Society & Royal Academy 
of Engineering, 2004). This debate is informed by emerging research, which investigates the 
chemical reactivity, ecotoxicology and environmental cycling of engineered NPs. However, 
the current understanding of the toxicological properties and environmental fate of 
industrially produced NMs is still sketchy at best. Some toxic effects have been confirmed 
but more and better data are needed to carry out robust risk assessments (Ju-Nam and 
Lead, 2008, Handy et al., 2008a, Handy et al., 2008b).  
 The acquisition of such data is, however, currently hampered by analytical obstacles. 
A particular challenge is posed by the difficulty of distinguishing engineered NMs from the 
normal background levels of elements and natural NPs that are present in complex natural 
samples, including both geological materials (e.g., soils, sediments and marine/fresh waters) 
and biological tissues from plants and animals (Handy et al., 2008a, Ju-Nam and Lead, 2008, 
Marquis et al., 2009). 
 
1.2 The status-quo 
 In-situ imaging techniques have been used to identify and quantify NP 
concentrations in natural samples, and these can be further coupled with methods to 
determine the elemental compositions of individual particles (e.g., TEM-EDX). Such 
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techniques are, however, only able to analyze very small volumes and many (time-
consuming) individual analyses are therefore necessary to characterize larger (and more 
representative) bulk samples (Handy et al., 2008a, Marquis et al., 2009). Electron 
microscopy methods are not well suited for the quantification of NPs within complex natural 
samples. The detection of NPs within a natural sample is only feasible when they make up a 
significant contribution of the sample and far above the levels that may be realistically 
expected, even at high levels difficulties arise from being able to distinguish the NPs from 
the natural matrix and NPs. In addition to this the distribution of NPs at the nano scale will be 
heterogeneous and therefore a representative distribution is difficult to determine making 
quantification difficult. 
 The most straightforward means of detecting metal-based engineered NMs in bulk 
samples is by elemental concentration measurements. For example, the uptake of gold (Au) 
NPs by an organism will be associated with higher Au concentrations in tissue samples, 
which can be monitored with a technique such as ICP-MS (inductively coupled plasma mass 
spectrometry). However, this approach will only provide a sensitive means of detection if the 
NMs are made from elements that have very low natural background abundances – Au and 
Pt are good examples (Handy et al., 2008b).  
 For metal-based NPs, such as Ag, ZnO and CeO2, the natural elemental background 
concentrations are commonly about 1-10 mg kg-1 but can reach %-levels. Such abundances 
render the detection of NMs difficult, because a large number of particles must be present in 
a sample to produce an anomaly in elemental concentration that exceeds both the 
uncertainty of the measurement and natural variations in element content. Elemental 
analyses by ICP-MS typically have uncertainties of about ±2% (at the 2sd confidence level) 
(Jarvis et al., 1992), whilst biological tissues from different organisms grown in the same 
environment often display variations in elemental concentration that exceed these values 
(e.g., ±5% to 50% were reported for Ce in plants (Wyttenbach et al., 1998). This implies, for 
example, that the addition/uptake of NMs is only resolvable by concentration measurements, 
if the Ce content of a sample is increased by at least 2%, or potentially by more than 50% (in 
Adam John Laycock, PhD Thesis, 2014
13
 	  
the case of plants). In the following, this quantity is defined as the detection sensitivity of a 
technique for NPs. Element concentration measurements hence only provide a limited 
detection sensitivity of about 2-50% for the tracing of engineered NMs in natural 
environments. When considering the variability of the absolute concentration it is important 
to consider the variability that is observed in the experimental system as opposed to a wider 
more general variability within certain samples 
 In experimental studies, these limitations can be overcome by conducting exposures 
at sufficiently high particle concentrations, but such levels typically exceed the predicted 
environmental concentrations (PECs) of engineered NMs by one or several orders of 
magnitude. For example, (Kool et al., 2011) exposed earthworms to test soils dosed with 
ZnO NPs at concentrations of 100 to 6400 mg kg-1. This was necessary to enable the 
detection of the additional Zn accumulated by the organisms with concentration 
measurements. However, this exposure concentration is much higher than the typical 
background concentration of Zn in soils of 30 to 110 mg kg-1 (Emmett et al., 2010), and 
greatly exceeds the PEC of ZnO NPs in sludge treated soils of 3.2 to 32 mg kg-1 (Boxall et 
al., 2007). More recent work has demonstrated that ZnO NPs are likely to rapidly dissolve 
and change once they enter a natural system and are will not persist, therefore the levels 
that can realistically be expected in sludge treated soils is likely to be much lower than those 
estimated by Boxall et al., 2007. 
 As a consequence, the relevance of results generated in such studies has been 
questioned. For example, it is unclear whether the toxic effects that were reported for the 
exposure of plants and animals to ZnO NPs reflect uptake of dispersed NPs or unusually 
high (and toxic) dissolved Zn2+ contents from the dissolution of ZnO (Franklin et al., 2007, 
Wiench et al., 2009). 
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1.3 Stable isotope tracing  
 It has previously been suggested that stable isotope tracing could be used for the 
highly sensitive and selective detection of metal-based engineered NMs (Gulson and Wong, 
2006). However, studies which (i) provide suitable procedures for the synthesis of 
isotopically labelled NPs, (ii) document methods for the application of labelled NPs in 
exposures and subsequent sample analyses, and (iii) evaluate the performance of stable 
isotope tracing for engineered NPs have only recently emerged (Laycock et al., 2014, Larner 
and Rehkämper, 2012). To a large part, this reflects the unfamiliarity of toxicologists, 
biologists, chemists and material scientists with the methods and instrumentation of isotopic 
research. The work presented in this thesis aims to bridge this gap. 
 The technique of stable isotope tracing of engineered NPs can be broken down into 
three main steps: 
 1) The synthesis of isotopically labeled NPs using a precursor material that is 
artificially enriched in a single stable isotope of the element of interest. Such enriched 
isotopes (also termed isotope spikes) are commercially available for all multi-isotopic 
elements. Zinc, for example, has five natural stable isotopes, 64Zn (48.3% natural 
abundance), 66Zn (28.0%), 67Zn (4.1%) 68Zn (19.0%) and 70Zn (0.6%), which can be 
purchased with artificial enrichments of up to 99.5%. The natural isotope abundances of Zn, 
Ag and Ce, relative to the three isotope spikes 68Zn, 107Ag and 140Ce, that feature in this 
thesis, are illustrated in Figure 1.1. The cost of enriched single isotopes ranges from about 
$2 to $1000 per mg, depending on the desired isotope and degree of enrichment. These 
costs pose a particular challenge to the preparation of labelled NPs and small-scale 
preparation protocols with high yields are desirable. The resulting NPs possess a distinct, 
non-natural isotope signature. Once synthesized, NPs are characterized in terms of their 
size, shape and other properties prior to use. 
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 2) The isotopically labeled NPs are subsequently employed in environmental 
screening and tracer studies. Importantly, such studies can be conducted at exposure levels 
that are within the range of PECs, and hence are directly environmentally relevant. This, in 
turn, implies that the elemental exposure concentrations are commonly a factor of x10 to 
x100 below the natural background levels, such that NP tracing by simple concentration 
measurements is not viable. During exposures, samples are collected at pre-determined 
time points for the various reservoirs/materials of the experimental system.  
 3) Finally, the samples are prepared for analysis by Multiple Collector Inductively 
Coupled Mass Spectrometry (MC-ICP-MS). To this end, the samples are dissolved and 
processed to separate the element of interest from the complex natural matrix. The isotopic 
composition of the purified elemental separates is then determined by MC-ICP-MS. The 
amount of an enriched isotope label in a sample is quantified by measuring a diagnostic 
isotope ratio. For example, if a 68Zn spike is used to label ZnO NPs, the diagnostic 68Zn/66Zn 
isotope ratio of a sample can be applied for quantification. This is based on the principle that 
the proportion of isotope spike to natural Zn present in a sample will determine the degree to 
which the diagnostic ratio is perturbed from the natural value. Based on the difference 
between the measured diagnostic ratio for an exposed sample and the known natural 
background value, mass balance equations can be applied to accurately quantify the 
amount of isotope label present. For most elements, this method typically enables detection 
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Figure 1.1 Isotopic compositions of natural Zn, Ag and Ce and the isotope spikes 68Zn, 
107Ag and 140Ce 
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sensitivities that are equivalent to less than 0.1% of the natural background concentration. A 
schematic of the stable isotope tracing approach for 68ZnO NPs is given in Figure 1.2. 
 
 
 
 
 
 
 
 
 
 
 
1.4 Thesis Overview 
 The work presented here covers all aspects of the techniques which are required for 
stable isotope tracing of NMs, focusing on, ZnO, Ag and CeO2 NPs. 
Chapter 2 presents a full review of the use of stable isotope labeling for the tracing of 
CeO2 NPs. This involves isotopic analyses of commercially available CeO2 NPs, which 
demonstrate that these materials are isotopically indistinct from other sources of Ce. 
Therefore, an enriched isotope label is necessary to enable stable isotope tracing. The 
evaluation considers the various enriched Ce isotopes that are commercially available and 
the detection sensitivities they offer for a range of analytical scenarios. As a proof of concept, 
the controlled dosing of natural samples with an enriched 140Ce label, followed by 
subsequent Ce separation and analysis, was conducted. 
 The use of isotopically labeled NPs requires optimized protocols for their synthesis. 
Due to the relatively high cost of isotopically enriched material, it is necessary for such 
synthesis protocols to be small-scale and reliable, offering high yields with minimal waste. 
Figure 1.2 Schematic showing how the introduction of isotopically enriched 68ZnO NPs 
results in changes to the diagnostic 68Zn/66Zn ratio. 
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Such considerations are not a priority for most published synthesis methods and results, 
including synthesis yields, often go unreported. To address this issue, Chapter 3 presents a 
synthesis protocol, which has been adapted and evaluated for the preparation of isotopically 
labeled Ag NPs. Rigorous characterization of particles produced using this technique 
confirmed that the methods are robust and provide high yields, such that they are suitable 
for routine synthesis of isotopically labeled Ag NPs. Furthermore, it was shown that the 
labeled particles were indistinguishable, except in isotopic composition, from equivalent non-
labeled particles.  
 Chapters 4 and 5 present and discuss the results of two exposures that apply 
isotopically labeled 68ZnO NPs, in an aquatic and terrestrial system respectively. Crucially, 
these exposures were conducted at environmentally relevant NP concentrations. 
Biodynamic modeling was performed using the tissue concentrations of the enriched 68Zn to 
determine the uptake and elimination rate constants of the isotope label by the exposed 
organisms. 
 Chapter 4 compares the uptake and efflux kinetics for three forms of isotopically 
enriched 68Zn; 68ZnO NPs, 68ZnO bulk particles (micron sized) and dissolved 68Zn, by an 
estuarine snail. A comparison of the bio-kinetics revealed that the behavior of the 68ZnO NPs 
was very similar to dissolved 68Zn, whereas the behavior of the bulk 68ZnO particles was 
distinctly different. The similarity in the observations made between the dissolved 68Zn and 
68ZnO NP exposures are most likely explained by the rapid dissolution of the NPs resulting 
in comparable experimental systems. 
 Chapter 5 assesses the dermal and oral uptake pathways of a 68Zn isotope label by 
earthworms, when introduced as either 68ZnO NPs or a dissolved 68Zn form. This experiment 
showed that the behavior of the two 68Zn forms was indistinguishable for both uptake routes. 
It was found that the major uptake pathway was by oral ingestion, accounting for about 95% 
of the total accumulation. In addition, it was primarily Zn associated with pore water that was 
available for dermal uptake. In comparison, published work where soil exposures with ZnO 
NPs and dissolved Zn were conducted using high dosing levels, found distinct differences in 
Adam John Laycock, PhD Thesis, 2014
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the behavior between the two forms. These findings contradict the observations made here 
and are most likely the result of concentration dependent effects. The exposure 
concentration is therefore an important consideration when assessing studies for 
environmental risk and relevance. Furthermore, this indicates that it is unlikely that the 
observations made in a study conducted using high dosing levels will be representative of 
behavior in an equivalent experiment performed using low and predicted environmental 
levels. 
Adam John Laycock, PhD Thesis, 2014
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 Chapter 2: 
Development and evaluation  
of new techniques for  
stable isotope tracing of  
CeO2 nanoparticles 
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Abstract 
 Engineered CeO2 nanoparticles (NPs) are becoming increasingly prevalent in 
consumer products and this has raised concerns about the unknown behavior and fate of 
such materials in the environment. Analytical limitations have hampered the detection of 
CeO2 NPs in natural systems at environmentally relevant levels. This study assesses the 
suitability and detection sensitivity of stable isotope tracing of CeO2 NPs in natural systems 
using two approaches: (i) The inherent isotope composition of commercially available CeO2 
NPs and (ii) the use of artificially enriched isotopes to synthesize and hence label CeO2 NPs. 
The results demonstrate that commercially available CeO2 NPs do not offer an isotopically 
distinct source of Ce that may be exploited for the purpose of stable isotope tracing. 
However, the technique of stable isotope labeling is promising, and can enable the detection 
of CeO2 NPs at the low levels required to carry out experiments at environmentally relevant 
concentrations. A full evaluation for the approach of stable isotope labeling and isotopic 
analysis for different enriched Ce isotopes is presented. This review demonstrates that 
isotopically labeled CeO2 NPs may be detected when contributing at least 19‰ and as little 
as 0.02‰ of the total Ce concentration, depending on the enriched isotope and analytical 
approach used. 
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2.1 Introduction 
Engineered CeO2 nanoparticles (NPs) are amongst the most extensively manufactured 
nanomaterials (NMs). They are widely used as a glass-polishing agent and, more recently, 
have been employed as an effective diesel fuel borne catalyst, significantly reducing 
emissions and increasing engine efficiency (Arul Mozhi Selvan et al., 2009, Cassee et al., 
2011, Park et al., 2007). Despite engineered NMs being used in a wider range and larger 
number of consumer products, the toxicological properties and environmental fate of 
industrially produced NMs are still relatively poorly understood (Cassee et al., 2011, Handy 
et al., 2008b, Savolainen et al., 2010). This has prompted numerous studies of their 
predicted environmental concentrations (PECs), environmental fate and toxicity. 
The environmental behavior and PECs of engineered CeO2 NPs have been investigated 
using a combination of direct measurements and environmental modeling. O'Brien and 
Cummins (2010) modeled total PECs for Irish surface waters of ~24 ng L-1. This is much 
higher than the concentrations of ~0.02 ng L-1 and ~0.4 ng L-1 that were estimated for UK 
waste-water treatment plant (WWTP) effluents and biosolids, respectively (Tiede et al., 
2010). Johnson and Park (2012) modeled surface water inputs of CeO2 NPs emanating from 
vehicular exhausts to calculate PECs of up to 0.02 ng L-1 for rivers and up to 300 ng L-1 for 
road drain water. Assuming a doubling in the market penetration of CeO2 NPs being used as 
a diesel fuel additive from 2012 to 2017, and that engine filters capture 95% of ultrafine 
particles (Mayer, 2002), Johnson and Park (2012) estimated ceria NP concentrations of up 
to 16 µg kg-1 for soils in the direct vicinity of highways. Much higher PECs for soils were 
reported by Park et al. (2008) for a worst case scenario in which all diesel fueled vehicles 
used a CeO2 NP additive and engine filters failed to capture NP emissions. This study 
estimated that after 40 years of accumulation soils would have CeO2 NP concentrations of 
up to 1.12 mg kg-1 whilst atmospheric concentrations of up to 80 ng/m3 were predicted.  
Although there is some variability in the PECs quoted above, there is a general 
consensus that the expected concentrations of engineered CeO2 NPs, or Ce derived from 
such NPs, are likely to be in the pg L-1 and µg kg-1 range for rivers and soils respectively 
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(Figure 2.1). However, for materials such as CeO2, which have been shown to be non-
degradable and will persist in the environment, then it is likely they will accumulate and 
increase in concentration with time. In contrast to the above PECs the natural background 
Ce concentrations are typically much higher (Figure 2.1). In particular, soil and sediment Ce 
concentrations are typically about 10-100 mg kg-1 (Martin and Whitfield, 1983, Othman et al., 
1989), river water concentrations are normally in the range of 100-1000 ng L-1 (Gaillardet et 
al., 1997, Martin and Whitfield, 1983), whilst biological tissues generally feature 10-1000 µg 
kg-1 Ce (Chen et al., 2001, Costas et al., 2010, Lahive et al., 2014, Tjioe et al., 1983). These 
data (Figure 2.1) indicate that environmentally relevant exposure studies must be conducted 
with relatively low CeO2 NP concentrations, in comparison to the natural Ce background 
levels. 
 
Figure 2.1 Compilation of published CeO2 NP PECs and natural background Ce 
concentrations for various environments. The green bars denote the range of natural Ce 
concentrations compiled for seawatera, river waterb, biological fluidsc, biological tissuesd, 
rockse, and sediments & soilsf. The PEC data for CeO2 NPs in river water and soils are 
plotted as pointsg. Data sources: a(Donat and Bruland, 1995), b(Gaillardet et al., 1997, 
Martin and Whitfield, 1983), c(Bettinelli et al., 2002, Hollriegl et al., 2010, Inagaki and 
Haraguchi, 1999, Rodushkin and Odman, 2001b, Rodushkin and Odman, 2001a), d(Chen 
et al., 2001, Koeberl and Bayer, 1992, Rodushkin and Axelsson, 2000), e(Martin and 
Whitfield, 1983, Palme and O'Neill, 2005), f(Gaillardet et al., 1997, Martin and Whitfield, 
1983, Othman et al., 1989) g(Johnson and Park, 2012, O'Brien and Cummins, 2010, Park 
et al., 2008, Tiede et al., 2010). 	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Conventional methods for tracing engineered NPs in bulk environmental samples are 
typically based on monitoring changes in the total elemental concentration that result from 
NP addition or uptake. Whilst such methods are well suited for tracking metals with low 
natural background levels (e.g., Au) they are much less sensitive when applied to elements, 
such as Ce, where the background concentrations are high. As a consequence, many 
studies commonly employ unrealistically high NP doses during exposures to achieve 
analytically resolvable increases in element concentration. However, the relevance of the 
results from studies that apply such high dosing must be carefully considered, as 
concentration effects may mask or induce nano-specific reactions and observations.  
 The distinct lack of data from environmentally relevant studies, which are carried out 
at or close to PECs, has lead to a drive to develop more selective and sensitive tracing 
methods that are capable of detecting engineered NPs in natural matrices at low levels 
(Handy et al., 2008a). Stable isotope tracing is one such technique, and this approach has 
clear advantages to alternative tracing methods. In particular, it is superior to methods that 
apply radiolabeling or a fluorescent marker, as such techniques involve the use of 
hazardous radioactive isotopes with limited half-lives or particle coatings that may be lost 
and/or alter chemical behavior. In addition, stable isotope tracing is highly versatile, as it can 
be applied to any multi-isotopic element. Hence it is applicable to Ce, which has the four 
stable isotopes 136Ce (0.25% natural abundance), 138Ce (0.19%), 140Ce (88.4%) and 142Ce 
(11.1%) (Table 2.1). 
Table 2.1 Summary of natural Ce isotope abundances, isotopic enrichment and cost of 
commercially available enriched Ce isotopes. 
 136Ce 138Ce 140Ce 142Ce 
     
Natural isotope abundance (%)a 0.185 0.251 88.450 11.114 
     
Abundance of enriched isotopes (%)b 30.6 41.6 99.5 93.0 
     
Price of spike (in US $/mg)b 240 390 2.50 23 
     
Cost of NPs containing 100 mg Ce, assuming 10% yield during preparation (in US $) 
 240 000 390 000 2 500 23 000 
     
a Data from NIST literature values (Bohlke et al., 2005). b The isotopic enrichment and cost 
of the isotope spikes are from product quotes provided by Isoflex USA in March 2011. 
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 There are two principal approaches to stable isotope tracing and the application of 
both methods for tracing engineered CeO2 NPs is evaluated in this study based on analytical 
investigations and modeling: 
First, it is conceivable that commercial CeO2 NPs have inherent isotope compositions 
that are distinct from the natural background, and if large enough, such differences can be 
exploited for tracing purposes. This is evaluated through Ce stable isotope analyses of 
commercially available, high purity, Ce based materials including standard analytical 
solutions, salts, metals and CeO2 NP powders. These analyses employ novel mass 
spectrometric techniques, which have distinct advantages compared to published methods 
whilst providing data of at least comparable precision. 
Second, isotopic tracing of CeO2 NPs can be achieved if the NPs are synthesized 
from and hence labeled with a single enriched isotope of Ce. This approach has recently 
been applied to CuO, ZnO and Ag NPs using the artificially enriched isotopes (>99%) 65Cu, 
68Zn, and 107Ag for their synthesis to enable detection at environmentally relevant 
concentrations (Khan et al., 2013, Larner et al., 2012, Laycock et al., 2014, Misra et al., 
2012). In the following, a detailed evaluation of the tracing performance and cost is 
presented to elucidate which Ce isotopes are best used for labeling. To support this 
evaluation, an analytical demonstration of the extremely sensitive detection capabilities that 
can be achieved, even when the most cost-effective solution is employed, is provided. This 
validation documents the data reduction methods used and employs a novel method for the 
chemical separation of Ce from complex natural samples. In conjunction with the novel Ce 
isotope measurement techniques, the present study thus provides the full set of methods 
needed for the analytical investigation of samples, which are obtained from exposure studies 
that employ stable isotope labeled CeO2 NPs. 
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2.2 Experimental 
2.2.1 Samples 
High-precision Ce stable isotope data were acquired for CeO2 nano- and bulk-
particles and additional samples of purified Ce based materials to identify possible 
differences in their isotopic composition that could be exploited for the purpose of tracing. 
Seven commercially available CeO2 NP samples and three CeO2 reference materials (of 
which two are also in NP form), all provided as dry powders, were analyzed in this study 
(Table 2.2). The reference materials (JRC NM-211, NM-212, NM-213) are available from the 
European Commission Joint Research Centre (JRC) whilst the commercial CeO2 NP were 
sourced directly from the manufacturers.  
Furthermore, three different Ce standard solutions were analyzed, whereby the Alfa 
Aesar solution was used as in-house Ce isotope reference material, relative to which all 
other Ce isotope compositions were determined. The Ce solution that was prepared by 
Willbold (2007) at the Bristol University (termed ‘Bristol Ce’ hereafter) has also been 
suggested as a Ce isotope reference material. Additional purified Ce based materials that 
were analyzed encompass two small chunks of Ce metal that were treated as distinct 
samples, as well as the Ce salts ammonium Ce(IV) nitrate (NH4)2Ce(IV)(NO3)6 and Ce(III) 
nitrate, Ce(III)(NO3)3 (Table 2.2). 
To document the tracing capabilities that are provided when materials are labeled 
with an artificially enriched isotope of Ce, a selection of natural samples were doped with a 
known quantity of nearly pure 140Ce and the resulting isotopic deviations were measured. 
The natural samples used were the Lufa 2.2 reference soil, the earthworm Lumbricus 
rubellus and the clam Scrobicularia plana. 
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2.2.2 General procedures and reagents  
All sample preparation work was carried out in the Class 1000 clean room facility of 
the MAGIC Research Centre at the Department of Earth Science and Engineering, Imperial 
College London. Class 10 laminar flow hoods were utilized for all blank sensitive procedures. 
Concentrated 14.5 M HNO3 and 6 M HCl were purified prior to use by sub-boiling distillation 
in quartz stills, whilst clean water of >18 MΩ cm quality was taken from a Millipore 
purification system. Suprapur quality 30% H2O2 solution (VWR) and 99.5% purity NaBrO3 
(Alfa Aesar) were used as purchased. The ‘RE Resin’ and ‘LN Resin’ that were employed for 
chromatographic purification of Ce were sourced from Eichrom Technologies and the AG 
50W-X8, 200 – 400 dry mesh size cation exchange resin was purchased from Bio-Rad 
Laboratories. A BDH Ba Spectrosol ICP standard solution (1000 µg mL-1 stock solution) was 
used throughout. The artificially enriched 140Ce (termed 140Ce-E hereafter) with a purity of 
99.5% was purchased as 140CeO2 powder from Isoflex USA (Table 2.1). 
 
2.2.3 Sample preparation of CeO2 and purified Ce samples for stable isotope analysis 
Working stock solutions with Ce concentrations of 100 µg mL-1 in 0.1 M HNO3 were 
prepared from the CeO2 powders and the purified Ce based materials (Table 2.2) as follows. 
For the three Ce standard solutions, suitable aliquots were diluted with 0.1 M HNO3. 
Solutions of the two Ce metal pieces were prepared at room temperature by dissolving 
about 1 g of metal in 200 ml 2 M HNO3. The resulting solutions were diluted with 2 M HNO3 
to obtain concentrated Ce solutions of 1000 µg ml-1. Aliquots of these were further diluted to 
obtain the working stock solutions. For the Ce(III)(NO3)3 and (NH4)2Ce(IV)(NO3)6 salts, about 
10-15 mg of material were dissolved in 4 ml 4 M HNO3 at room temperature. The resulting 
solutions were evaporated to dryness and taken up in 0.1 M HNO3. 
For the CeO2 powders (including the isotopically enriched 140CeO2), 10-15 mg of 
material were weighed into 15 mL Teflon beakers, 4 mL 14.5 M HNO3 and 1 mL 30% H2O2, 
to reduce Ce(IV) to Ce(III), were added before placing the beakers on a hotplate at 80°C. 
Dissolution was allowed to proceed overnight, whereupon the temperature was slowly 
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increased to 160°C. The beakers were again left on the hotplate overnight following which 
the samples were dried down. If complete digestion was not achieved before drying, the 
above procedure was repeated until a perfect sample solution was obtained. The samples 
were subsequently dried down three times with 100 µl 14.5 M HNO3 at 100°C, before taking 
up in 0.1 M HNO3.  
The concentration of the 140Ce-E stock solution was determined based on 
measurements of several (n = 8) dilute 140Ce-E solutions with 140Ce-E contents of about 10 
to 60 ng mL-1, to which Ba was added as internal standard at 160 ng mL-1. Evaluation of the 
Ce/Ba ratios measured for the 140Ce-E solutions relative to a calibration curve defined by Ce-
Ba standard solutions with Ce concentrations of about 10 to 80 ng mL-1 and Ba 
concentrations of 160 ng mL-1, provided the total Ce concentration for the 140Ce-E stock of 
11.7 ± 0.2 µg mL-1 (2se). 
 
2.2.4 Sample preparation of natural materials to investigate tracing of enriched 140Ce 
2.2.4.1 Digestion 
About 300-400 mg of dried soil, earthworm or clam tissue were weighed into 
microwave digestion vessels. An overnight pre-digestion was carried out at room 
temperature by adding 9 mL 14.5 M HNO3 and 1 mL 30% H2O2. The vessels were then 
transferred to a Milestone EthosEZ microwave system (1200 W) where the samples were 
heated to 200°C over 15 minutes and maintained for a further 15 minutes. Once cooled to 
room temperature, samples were transferred to 15 mL Teflon vessels and evaporated to 
dryness before taking up in 1 M HNO3. All sample solutions of the same type (earthworm, 
soil and clam) were then combined, to produce a single stock solution for each of the natural 
samples. 
 
2.2.4.2 Addition of 140Ce spike 
For each sample type, three equal solution aliquots, equivalent to 130 mg earthworm, 
570 mg clam and 30 mg soil, were taken and diluted with 1 M HNO3 to a volume of 1 mL. An 
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aliquot of each sample type was allocated to one of three groups. The first was the ‘non-
spiked’ group, where the samples were not spiked with 140Ce-E, whereas the second and 
third group received a ‘low’ and ‘high’ dose of the 140Ce-E spike solution respectively (Table 
2.3). To produce the ‘high-spike’ group, 140Ce-E was added to increase the total Ce 
concentration by about 0.3 to 4%, based on an initial estimate of the natural Ce content. 
Following analyses of the ‘high-spike’ aliquots, the natural Ce concentration of each sample 
group was determined. To produce the ‘low-spike’ group, the 140Ce-E solution was added to 
the remaining aliquot to increase the total Ce concentration by about 0.1% (Table 2.3).  
 
2.4.3. Chemical separation of Ce 
For the natural samples, it was necessary to isolate Ce from the complex sample 
matrix prior to the isotopic analyses. This was achieved using a three-step column 
chromatography procedure (Table 2.4), which was adapted from the work of Rehkämper et 
al. (1996) and Tazoe et al. (2007). In the first step, the rare earth elements (REE) were 
separated as a group from the other matrix elements using shrink-fit Teflon columns packed 
with 240 µl RE resin. To this end, the sample solutions were loaded onto the columns and 
the matrix elements were eluted first using 1 M HNO3. The REEs were then stripped from 
the resin with 4 M HCl (Table 2.4). 
In the second step, Ce was separated from the REE fraction using 130 µl LN resin 
beds in Teflon columns (Table 2.4). For this, the REE fractions were dissolved in 500 µl of 
10 M HNO3 containing 20 mM NaBrO3. The presence of NaBrO3 is crucial, as it oxidizes 
Ce(III) to Ce(IV), which is subsequently retained on the LN resin. In contrast, the other REEs 
remain in a trivalent form and are readily eluted from the column using a 10 M HNO3 – 20 
mM NaBrO3 mixture. Following this, Ce is eluted with the aid of a 6 M HCl – 20 mM H2O2 
reagent mix. The H2O2 hereby acts as a reductant that converts Ce(IV) to Ce(III), and 
whereby the latter is no longer retained on the resin. Finally, the Ce fraction from Step 2 is 
passed through a 240 µ l column of strongly acidic cation exchange resin (AG50W-X8) to 
isolate Ce from residual Na (from NaBrO3) (Table 2.4).  
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 Aliquots of the Alfa Aesar Ce standard solution were processed through the above 
procedure in addition to the natural samples, in order to assess the Ce yield and evaluate 
any isotopic fractionation of Ce associated with separation. This is important because large 
laboratory-induced changes in the isotope composition of Ce can potentially limit the 
detection sensitivity of isotopic tracing methods.  
 
 
 
Table 2.4 Cerium separation protocol 
Step 1 – RE Resin Column  
Length – 25 mm, Internal Ø – 3.5 mm, Volume – 240 µL 
Clean Resin 0.65 mL 4 M HCl 
  1.0 mL 18 MΩ water 
Condition  0.5 mL + 0.75 mL 1 M HNO3 
Load Sample 1 mL 1 M HNO3 
Wash Matrix 0.5 mL + 3.5 mL 1 M HNO3 
Elute REE 0.25 mL + 2.0 mL 4 M HCl 
  
  
Step 2 – LN Resin Column 
Length – 26.5 mm, Internal Ø – 2.5 mm, Volume – 130 µL 
Clean Resin 3 mL 1 0 M HNO3 
Condition 0.6 mL + 2.0 mL 10 M HNO3 – 20 mM 
NaBrO3 
Load Sample 0.5 mL 10 M HNO3 – 20 mM NaBrO3 
Wash Matrix 5.2 mL 10 M HNO3 – 20 mM NaBrO3 
Rinse 1.6 mL 10 M HNO3 
  1 mL 18 MΩ water 
Elute Ce 3 mL 6 M HCl - 20 mM H2O2 
  
  
Step 3 – Cation Exchange Resin Column  
Length – 25 mm, Internal Ø – 3.5 mm, Volume – 240 µL 
Clean Resin 3 mL 6 M HCl 
Condition  4 x 0.5 mL + 1mL 2 M HCl 
Load Sample 3 mL 2 M HCl 
Wash Matrix 3 x 0.5 mL + 3 mL 2 M HCl 
Elute Ce 6 mL 6 M HCl 
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2.2.5 Mass spectrometry 
The Ce stable isotope and concentration measurements were performed with a Nu 
Instruments Nu Plasma HR multiple collector inductively coupled plasma mass spectrometer 
(MC-ICP-MS) at the Imperial College MAGIC Laboratories. The instrument is fitted with a 
large capacity (80 L min-1) rotary pump for enhanced evacuation of the expansion chamber 
to improve sensitivity. A Nu Instruments DSN and a CETAC Aridus I desolvation system 
were employed for sample introduction, both with glass nebulizers that provided solution 
uptake rates of about 100 µL min-1. Normal instrumental operating parameters are 
summarized in Table 2.5.  
For isotopic analyses, the 100 µg mL-1 stock solutions of the purified Ce samples and 
in-house standard (Table 2.2) were diluted with 0.1 M HNO3 to prepare measuring solutions 
with Ce concentrations of between 50 and 125 ng mL-1. These Ce solutions were doped with 
a 10 µg mL-1 Ba stock solution to obtain Ba concentrations of 75 to 350 ng mL-1 and Ce/Ba 
ratios of between 1.5 and 3.5.  
The Ce isolated from the natural samples was prepared for analysis by appropriate 
dilution (following an initial concentration check), to obtain Ce concentrations of 50 ng mL-1, 
and to which Ba was added at 150 ng mL-1. These sample analyses were conducted relative 
to a standard solution with 50 ng mL-1 of the Alfa Aesar Ce and 150 ng mL-1 Ba. 
 Table 2.5 Instrumental operating parameters	  
  
Nu Plasma MC-ICP-MS  
RF Power (W) 1300 
Acceleration potential (V) ~6000 
Ar coolant gas flow (L min-1) 13 
Ar auxiliary gas flow (L min-1) 1 
Expansion chamber vacuum (mbar) ~0.75 
Analyzer vacuum (mbar) ~2 x 10-9 
  
Instrument performance  
Sensitivity for (V µg-1 mL-1):   Ce 110 - 160 
 Ba 130 - 180 
Transmission efficiency (%): Ce 0.10 - 0.14 
 Ba 0.11 - 0.15 
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Data collection was carried out by static multiple collection with the Faraday cups of 
the instrument, which are fitted with 1011 Ω resistors. Each analysis consisted of 60 
integrations of 5 seconds each, in 3 blocks of 20, where the ion beams of the atomic masses 
135 (Ba), 137 (Ba), 139 (La), 140 (Ce, Nd), 141 (Pr), 142 (Ce), 143 (Nd) and 145(Nd) were 
monitored. Table 2.6 shows the collector arrangement that was used to measure these 
atomic masses, along with the natural abundances of each of the isotopes monitored. Prior 
to each block, baseline signals were measured for 15 seconds, whilst the ion beam was 
deflected in the electrostatic analyzer. Analyses of mixed Ce-Ba solutions typically yielded 
sensitivities of about 110 to 160 V µg-1 mL-1 for Ce and 130 to 180 V µg-1 L-1 for Ba during the 
course of this study, equivalent to a transmission efficiency of about 0.10 to 0.15% for both 
elements (Table 2.5). Each measurement was followed by a thorough (~2-3 min) washout of 
the sample introduction system with 0.1 M HNO3, and this was generally sufficient to reduce 
the residual signal to <5 mV for 140Ce. 
To determine variations in the stable isotope composition of Ce, the analyses 
focused on the two major Ce isotopes (Table 2.6) and the determination of 142Ce/140Ce 
isotope ratio. The 135Ba/137Ba isotope ratio of the admixed Ba was monitored for mass bias 
correction with the exponential law (Rehkämper et al., 2001), whilst the145Nd ion beam was 
measured for correction of the isobaric interference of 142Nd on 142Ce. The presence of the 
LREEs La and Pr was also monitored, using 139La and 141Pr, even though interference 
corrections are not necessary. 
Table 2.6 Faraday cup arrangement showing the isotopes present at 
each atomic mass and their corresponding natural abundances. 
        
Collector H5 H3 H2 H1 Ax L2 L3 
Mass 145 142 141 140 139 137 135 
Element        
Ba      11.2 6.6 
La     99.9   
Ce  11.1  88.5    
Pr   100     
Nd 8.3 27.2      	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All sample measurements were bracketed with at least two analyses of the primary 
in-house Alfa Aesar Ce isotope reference material. Differences between the corrected 
142Ce/140Ce ratios of the samples and the reference material are reported in the form of 
δ142Ce values, which denote the relative deviation of the 142Ce/140Ce isotope ratio of a 
sample (Rsam) from the in-house Alfa Aesar standard (Rstd) in parts per 1000: 
δ142Ce = (((Rsam – Rstd) / Rstd) -1) x 1000      (2.1) 
 
 
2.2.6 Isotope ratio modeling for samples spiked with enriched 140Ce 
The addition of 140Ce-E to a natural material will produce a mixture with an 
intermediate 142Ce/140Ce isotope ratio. The resulting ratio of the mixture (Rmix) can be 
predicted based on the fractional molar (or atomic) abundances of 140Ce and 142Ce in natural 
Ce (140Abnat and 142Abnat) and 140Ce-E (140Aben and 142Aben), if the molar amounts of natural 
Ce (N-Cenat) and 140Ce-E (N-Ceen) that are present in the mix are known: 
Rmix = ((N-Cenat x 142Abnat) + (N-Ceen x 142Aben)) /  
((N-Cenat x 140Abnat) + (N-Ceen x 140Aben)) (2.2) 
The predicted δ142Ce values in Table 2.3 were calculated using the above 
relationship, based on the N-Cenat and N-Ceen data, which are also listed in Table 2.3. For 
140Ce-E, the isotope abundances certified by the supplier (Table 2.1) were applied. The 
natural isotope abundances were calculated by assuming that the in-house Alfa Aesar Ce 
reference material (δ142Ce = 0) is characterized by 142Ce/140Ce, 138Ce/140Ce and 136Ce/140Ce 
ratios equivalent to the NIST literature values (Bohlke et al., 2005). Whilst the NIST literature 
values are unlikely to be identical to the Alfa Aesar Ce reference material this is an 
appropriate approximation for a natural Ce isotope composition. These ratios were adjusted 
using the δ142Ce values measured for the non-spiked natural sample aliquots to establish the 
142Ce/140Ce, 138Ce/140Ce and 136Ce/140Ce ratios (142/140Rnat, 138/140Rnat and 136/140Rnat) of the non-
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dosed natural samples. The natural molar 140Ce and 142Ce isotope abundances of the 
samples were then calculated using Equations 2.3 and 2.4: 
140Abnat = (1 + 142/140Rnat + 138/140Rnat + 136/140Rnat)-1    (2.3) 
142Abnat = 142/140Rref x 140Abnat       (2.4) 
 
 
2.2.7 Data reduction for isotopic tracing  
The measured δ142Ce data of the samples (Table 2.3) were evaluated to quantify the 
amount of natural Ce and 140Ce-E they contained. To achieve this, the molar fraction of 
140Ce-E (fr140Ceen) to total Ce in a dosed sample was calculated using mass balance:  
fr140Ceen = [(142Aben – (Rmeas x 140Aben)) / ((Rmeas x 140Abnat) – 142Abnat) +1]-1 (2.5) 
where Rmeas is the measured 142Ce/140Ce isotope ratio of the sample. The molar abundance 
of 142Ce in a dosed sample (142Absam) was then determined:  
142Absam = (fr140Ceen x 142Aben) +((1- fr140Ceen) x 142Abnat)   (2.6) 
The molar amount of 142Ce in the sample (N-142Cesam) was found based on (i) the dilution 
factor (D) used to prepare the measured sample aliquot, (ii) the signal intensity of 142Ce in 
the sample solution (142Cesig) as measured in volts (V), and (iii) the Ce signal sensitivity 
(Cesen), measured as V µmol-1 mL-1. The latter was determined from analyses of a Ce-Ba 
standard solution with known concentrations and that was performed immediately prior to 
the sample analysis. Any drifts in instrumental sensitivity were hereby corrected using the 
admixed Ba as an internal standard. Using these parameters, molar amount of 142Ce in the 
sample was determined as: 
N-142Cesam = (142Cesig / Cesen) x D      (2.7) 
The molar amount of total Ce in the sample (N-Cesam) was then be found by dividing by the 
molar abundance of 142Ce in the sample (Equation 2.6): 
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N-Cesam = N-142Cesam / 142Absam       (2.8)  
The molar amounts of 140Ce-E and natural Ce were determined using the results calculated 
from Equations 2.5 and 2.8: 
N-Ceen = N-Cesam x fr140Ceen       (2.9) 
N-Cenat =  N-Cesam - (N-Cesam x fr140Ceen) = N-Cesam - N-Ceen   (2.10) 
The mass amount of 140Ce-E (M-Ceen) and natural Ce (M-Cenat) was then obtained by 
multiplication with the atomic weight of 140Ce-E (AtWten) and natural Ce (AtWtnat) respectively.  
M-Ceen = N-Ceen x AtWten       (2.11) 
M-Cenat = N-Cenat x AtWtnat       (2.12) 
where the atomic weight is calculated by summing the isotope abundances multiplied by 
their corresponding atomic weight.  
AtWt = Σ (xxxAb x xxxAtWt)       (2.13) 
As the amount of 140Ce-E added to each of the dosed sample aliquots was already known, 
the recovery of the chemical separation step could be accurately assessed and the natural 
Ce concentration of the samples determined (Table 2.3). 
 
2.3 Results and discussion 
2.3.1 Evaluation of isotope tracing of CeO2 nanoparticles based on inherent differences in 
Ce isotope composition 
2.3.1.1. Principles 
Isotopic tracing of CeO2 NPs is possible if such materials have an isotopic 
composition that is sufficiently distinct from the natural background (e.g., soil, water, 
biological tissue) in which it is to be tracked. For example, CeO2 NPs that differ in their 
142Ce/140Ce isotope ratio from the background value by 10‰ may be suitable for tracing. In 
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this case, detection and quantification of as little as 0.5 mg kg-1 of Ce from the NPs is 
already possible in a sample with a natural Ce background n of 50 mg kg-1, if the isotopic 
measurements achieve a precision of 0.1. For Ce, isotopic variations that can be exploited 
for tracing may, in principle, be generated by either radioactive decay or mass dependent 
stable isotope variations.  
The first pathway is commonly utilized for Pb, where large variations in the relative 
abundances of the isotopes 206Pb, 207Pb and 208Pb are produced by decay of the radioactive 
parent isotopes 238U, 235U and 232Th (Bollhofer and Rosman, 2001). Different sources of Pb 
differ in their isotopic composition (e.g., 207Pb/206Pb or 208Pb/206Pb ratios) because they 
evolved in environments with different parent-daughter (i.e., U-Th/Pb) ratios. Such 
radiogenic differences in isotope composition also occur for Ce due to the decay of 
radioactive 138La to 138Ce. There are number of geochemical studies that have documented 
variations in 138Ce/142Ce (or 138Ce/136Ce) isotope ratios, which reflect this process (Tanaka 
and Masuda, 1982, Tazoe et al., 2007, Willbold, 2007). However, it was also shown that 
most geological materials (with the exception of a few rare minerals) do not exhibit 
radiogenic isotope variations that exceed 1‰. Primarily this is due to the long half-life (t1/2 ≈ 
2.97 x 1011 years) and low natural abundance of the parent isotope 138La (0.09%). Whilst the 
small natural variations in 138Ce/142Ce can be resolved reliably (with a precision of ±0.1‰ or 
better), this requires the application of specialist techniques and instrumentation as well as 
very time-consuming measurements (Willbold, 2007). Such methods are, therefore, not 
suitable for routine analyses of larger sample numbers, as would be obtained from biological 
exposure or environmental screening studies with CeO2 NPs. 
Mass dependent differences, or fractionations, in the stable isotope composition of 
elements can be generated by processes of either physical (e.g., diffusion, adsorption), 
chemical (e.g., precipitation, redox change) or biological nature. Recent advances in mass 
spectrometry have allowed the resolution of such isotope effects for numerous metals, 
including Ca, Ba, and U, which resemble Ce due to their refractory, lithophile nature and 
moderate to high atomic mass number. Such studies have shown that stable isotope 
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fractionations are common in nature and recorded in many natural materials. Furthermore, 
industrial processes such as combustion or partial evaporation during smelting have been 
found to create distinct isotopic signatures for some metals, which have been exploited for 
tracing anthropogenic emissions to the environment (Shiel et al., 2010). It has also been 
shown that highly purified forms of some elements feature particularly large differences in 
their stable isotope compositions compared to the normal natural background. This is 
presumably due to isotopic fractionations that were generated during extraction of the 
element from ores and/or industrial purification (Cloquet et al., 2005).  
In contrast to many other elements, stable isotope variations for Ce have received 
only little attention to date, with results presented in just two studies of recent origin. Nakada 
et al. (2013) investigated Ce stable isotope fractionation related to the oxidation of Ce(III) to 
Ce(IV) in a series of laboratory adsorption and precipitation experiments. Their results 
indicate that the degree of fractionation increases as conditions become more oxic and 
soluble Ce(III) is converted to insoluble Ce(IV), with the resulting Ce(IV) being isotopically 
lighter. Ohno and Hirata (2013) measured Ce and Nd stable isotope ratios of two igneous 
and three sedimentary rock reference materials and found a 1:1 correlation in the degree of 
fractionation for the two elements. As redox reactions are expected to produce larger 
isotopic effects for Ce compared to Nd, they concluded that the observed fractionations were 
induced without changing the oxidation state of Ce.  
Whilst the findings of Ohno and Hirata (2013) are only limited to 5 samples, they 
reveal small but clearly resolvable natural variations in stable Ce isotope compositions. It is 
therefore conceivable that industrial processing and purification of Ce and the preparation of 
CeO2 NPs may be associated with isotopic fractionation. If these effects are large enough 
they may result in a sufficiently distinct and traceable isotopic signature. The feasibility of the 
latter approach is tested, through Ce stable isotope analyses of various commercially 
available CeO2 NPs and other samples of purified Ce based materials.  	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2.3.1.2. Precision and accuracy of Ce stable isotope data for CeO2 and purified Ce samples 
The isotope data obtained for the CeO2 powders and purified Ce samples (Table 2.2) 
were acquired over a 9-month period that encompassed 11 separate measurement sessions 
and whereby a single analysis consumed approximately 50 to 100 ng of Ce. The δ142Ce data 
collected for these samples feature 2sd reproducibilities, based on the results of 5 to 15 
individual measurements, of ±0.02‰ to ±0.07‰ (Table 2.2). This performance is similar to 
that achieved in MC-ICP-MS stable isotope analyses for elements of similar mass when 
normalized to a mass difference of 1 amu (comparison of 2sd/amu results). For example, 
typical 2sd/amu uncertainties of ±0.01‰ to ±0.03‰ were reported for MC-ICP-MS analyses 
of Cd and Mo standard solutions by Abouchami et al. (2013) and Goldberg et al. (2013) 
respectively. Our data also compares favorably to the Ce stable isotope results of Nakada et 
al. (2013) and Ohno and Hirata (2013), who reported δ142Ce uncertainties (2sd) of ±0.06‰ 
and ±0.08‰ for multiple analyses of Ce solutions. As in this study, these authors also 
employed MC-ICP-MS but the samples were doped with Sm, and 149Sm/147Sm was used for 
external normalization of the instrumental mass bias  
As the analyzed samples were purified Ce materials, it is unlikely that the accuracy of 
the data is compromised by matrix effects and/or spectral interferences. The absence of the 
former is confirmed by the observation that none of the samples displayed any unusual 
mass bias behavior of Ba during the analyses. In addition, it was observed that the use of 
two different sample introduction systems and variations in the Ce, Ba concentrations and 
Ce/Ba ratios between sample and the bracketing standard solutions of up to 460% and 
230% respectively, had no discernible effect on the δ 142Ce data at the quoted level of 
precision. 
The purity of the Ce solutions was, furthermore, assessed throughout the isotopic 
analyses by monitoring the light REEs (LREEs) La, Pr and Nd. These elements are likely to 
be the most prominent contaminants, as they are difficult to separate from Ce. However, 
only trace amounts of the LREEs were present, with typical LREE/Ce ratios of less than 10 x 
10-5 and a maximum Nd/Ce of about 50 x 10-5 for a CeO2 powder and the two metal samples 
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(Table 2.7). Any Nd contamination is, however, of concern due to the isobaric interference of 
142Nd on 142Ce, which was corrected during the analyses based on the monitoring of 145Nd 
(Table 2.6). Table 2.7 summarizes the corrections that were applied to the δ142Ce data of 
samples to account for the 142Nd interference. The corrections are observed to be generally 
less than 0.2‰ but with maximum levels of up to 1.0 to 1.6‰ (Figure 2.2). The conclusion 
that these corrections are accurate, such that the presence of isobaric 142Nd does not 
generate analytical artifacts is underlined by a number of observations. First, a plot of all 
δ142Ce data versus the isobaric correction for the presence of 142Nd shows no obvious 
correlation (Figure 2.2). Second, seven of the nine CeO2 powders are characterized by a 
very narrow range of δ142Ce values, even though they feature variable levels of Nd. It is 
highly unlikely that the isotopic homogeneity of the CeO2 powders is a fortuitous result of an 
inaccurate Nd correction. Third, the two isotopically distinct CeO2 samples are subject to 
only relatively small δ 142Ce corrections of 0.03 and 0.05‰, which implies that the negative 
δ142Ce values are unlikely to be an artifact. In summary, these observations clearly indicate, 
that the applied corrections on δ142Ce for the presence of isobaric 142Nd were accurate even 
at Nd/Ce ratios of about 60 x 10-5.  
Table 2.7 REE/Ce ratios of measured in the Ce standard and sample solutions and the 
corresponding correction to the δ142Ce values. 
 
 
δ142Ce correction 
(‰)a 
Nd/Ce 
(x 10-5) 
La/Ce 
(x 10-5) 
Pr/Ce 
(x 10-5) 
    
Purified Ce materials    
Alfa Aesar Ce Solution 0.2 8.3 3.2 5.7 
     
Other Ce solutions 0.06 – 0.3 2.4 – 12 0.3– 3.5 0.3 – 2.8 
     
CeO2 powders 0.03 - 1.4 1.2 - 62 0.2 - 32 0.2 – 52 
     
Ce metals 1 44 23 1.5 
     
Ce salts 0.03 – 0.05 1.1 – 2.2 <0.01 – 0.8 <0.01 – 4.5 
     
Ce separated from natural samples  
Soil – Lufa 2.2 0.1 - 0.5 4.0 - 22 1.8 – 14 0.4 – 3.8 
     
Earthworm – L. rubellus 0.6 - 1.6 25 - 64 21 – 55 5.4 - 15 
     
Clam – S. plana 0.2 - 0.5 6.2 - 19 3.2 – 6.2 1.2 – 1.6 
     
a Change in δ142Ce after correction for the isobaric 142Nd interference. 
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 To further test the robustness of and verify the correction of 142Nd on 142Ce by 
monitoring 145Nd a series of Alfa Aesar standard solutions were doped with increasing 
amounts of a standard Nd solution. Figure 2.3 demonstrates the results of this assessment 
and shows that the Nd correction was suitable up to a Nd/Ce ratio of 0.01. 
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Figure 2.2 The δ142Ce values of the purified Ce materials in Table 2.2 versus the isobaric 
correction for the presence of 142Nd (Table 2.7) 
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Figure 2.3 The measured δ142Ce values plotted against the Nd/Ce ratio of the analyzed 
samples and a series of Alfa Aesaer Ce standard solutions dosed with Nd. The purple bar 
shows the range of non-dosed Alfa Aesar Ce standard solution measurements. The 
dotted lines represent the 2sd uncertainty of the Alfa Aesar Ce standard solution. Orange 
circles represent the measured samples. The blue squares show the Ce standard 
solutions dosed with varying amounts of Nd, error bars represent the internal uncertainty 
(2sd). 
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Figure 2.4 δ142Ce data for the Ce samples analyzed in this study. Error bars denote the 
2se uncertainties that were calculated based on multiple analyses (n = 5 to 15; Table 2.2). 
The grey bar denotes the range of values found by Ohno and Hirata (2013) for 5 reference 
rock materials. However, the position of this range in relation to our data may not be 
accurate, as Ohno and Hirata (2013) used a different Ce reference material to define 
δ142Ce = 0. 	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2.3.1.3. Isotopic variability 
 The analyzed CeO2 NPs show a total variability in δ142Ce of 0.23‰, with values of 
between -0.16‰ and 0.07‰. However, all but 2 of the 9 samples display a very narrow 
range of δ142Ce values of 0.03‰ to 0.07‰, whilst the two outliers are characterized by 
δ142Ce of –0.08‰ and –0.16‰ (Table 2.2, Figure 2.4). The CeO2 bulk particles are 
essentially indistinct from most of the CeO2 NP powders, with δ142Ce = 0.07 ± 0.01‰ (2se). 
The remaining purified Ce samples also show only very limited variability in δ142Ce. The two 
Ce salts and the Sigma-Aldrich Ce standard solution are hereby isotopically identical, within 
the quoted 2se uncertainties of only 0.01 to 0.02‰, to the CeO2 samples. The two metal 
samples are slightly heavier with δ142Ce values of 0.11‰ and 0.12‰ (Table 2.2, Figure 2.4). 
This limited range in Ce isotope compositions is in accord with the Ce data published by 
Ohno and Hirata (2013). Even though the results of these investigations cannot be 
compared directly, as they are expressed relative to different δ142Ce = 0 reference materials, 
Ohno and Hirata (2013) also found only a limited δ142Ce variability of 0.14‰ for two igneous 
and three sedimentary rock samples (Figure 2.4).  
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In summary, the investigated Ce materials show only a limited range of isotope 
compositions. Even though some samples display resolvable isotopic differences, the overall 
variability in δ142Ce of about 0.3‰ is too small to be exploitable for routine tracing purposes. 
This is demonstrated by a best-case scenario, which assumes that CeO2 NPs have a δ142Ce 
value that differs from a constant natural background by 0.3‰. In this instance, an increase 
in the background Ce concentration of 20%, from the addition of CeO2 NPs, would be 
required to result in a change to the δ142Ce value of 0.05‰. This example demonstrates that 
isotopic tracing methods for CeO2 NPs which are based on inherent differences in δ 142Ce 
are of no practical value because they do not provide detection capabilities that are clearly 
superior to those offered by less costly and time consuming concentration measurements. 
 
2.3.2 Tracing of stable isotope labeled CeO2 nanoparticles 
2.3.2.1. Principles 
 Although commercially available CeO2 NPs are unsuitable for stable isotope tracing, 
the technique may still be applied, but this requires the use of NPs which are specifically 
prepared from and hence labeled with isotopically enriched Ce. The application of such NPs 
provides extremely sensitive and selective tracing capabilities, demonstrated in previous 
investigations with labeled CuO, ZnO and Ag NMs (Khan et al., 2013, Larner et al., 2012, 
Laycock et al., 2014, Misra et al., 2012). The current study presents the first evaluation of 
this approach for tracing CeO2 NPs. Enriched single isotope spikes are currently sold for all 
four stable Ce isotopes with purities ranging from 30 to 40% for the less abundant 136Ce, 
138Ce to more than 99% for the major 140Ce isotope (Table 2.1).  
In the following, modeling is presented that considers both cost and tracing sensitivity 
to evaluate which Ce isotopes are best employed for the preparation of labeled CeO2 NPs. 
The modeling results are validated through analyses of natural samples that were spiked 
with 140Ce-E. In addition, a novel technique was developed for the separation of Ce from 
complex natural samples prior to isotopic analysis. These aspects are discussed in the 
following sections. 
Adam John Laycock, PhD Thesis, 2014
44
2.3.2.2 Chemical separation of cerium from complex natural samples 
 A number of workers have published methods for the separation of Ce from 
geological samples to enable analyses of radiogenic differences in Ce isotope compositions. 
Most of these techniques employ a two-stage separation protocol, whereby the REEs are 
first separated as a group from other elements using either RE spec resin or TRU spec resin. 
Cerium is subsequently separated from the other REEs by extraction chromatography, using 
an inert support coated with HDEHP (di(2-ethylhexyl)orthophosphoric acid). Whilst such 
methods can isolate Ce at high purity, this requires the adoption of “slow” elution protocols 
and careful calibration of the procedure, as the REEs are eluted sequentially from the 
column. Ohno and Hirata (2013) applied such a chromatographic method prior to Ce stable 
isotope measurements and found that Ce yields from the resin needed to be >95% to avoid 
detectable fractionation effects, due to the preferential retention of isotopically light Ce on 
the stationary phase. Given these complications, such chromatographic procedures are not 
deemed to be well suited for routine application in isotopic tracing studies, as such work will 
typically involve the processing of 50 to more than 100 samples. 
 Alternative methods for the isolation of Ce make use of the observation that aqueous 
Ce3+ can be oxidized to Ce4+, whilst the other REEs remain in the trivalent state. The stark 
differences in chemical properties between Ce4+ and the trivalent REEs can then be 
exploited for the isolation of Ce. This has been achieved using HDEHP, which will complex 
and etxract Ce4+ even from strongly acidic media but the trivalent REEs. Rehkämper et al. 
(1996) and Tazoe et al. (2007) applied this principle for the separation of Ce by liquid-liquid 
extraction and using extraction chromatography, respectively. In the current study, we have 
developed a new procedure for Ce separation, which is adapted from the above methods 
and summarized in Table 2.4. 
 The performance of the new Ce separation protocol (Table 2.4) was tested by 
application to three different natural materials – soil, clam and earthworm samples. 
Following chemical separation, the Ce fractions featured purities, as characterized by Nd/Ce, 
Pr/Ce and La/Ce ratios which were similar to or only marginally higher (in the case of the 
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Table 2.8 Recovery and δ142Ce values determined for Ce (from 
Alfa Aesar standard solution with δ142Ce= 0) processed through 
the column chemistry. 
Aliquot Yield (%) δ142Ce ± 2sd (‰) 
   
1 61 0.38 ± 0.07 
2 74 0.34 ± 0.06 
3 43 0.29 ± 0.03 
4 86 0.31 ± 0.05 
5 93 0.07 ± 0.08 
6 79 0.21 ± 0.06 
7 58 0.00 ± 0.12 
8 58 -0.02 ± 0.09 
9 89 -0.02 ± 0.09 
10 66 -0.06 ± 0.06 
   
Mean 71 0.15 
2sd 32 0.35 
   	  
earthworm samples) than those determined for commercially available pure Ce samples 
(Table 2.7). This demonstrates that the new method produces Ce of sufficient purity to 
enable precise and accurate Ce isotope measurements. Furthermore, ten individual aliquots 
of our in house Ce standard solution, which defines δ142Ce = 0, were processed through the 
separation procedure. Following column chemistry, the recovery of Ce was found to vary 
between 43% and 93%, with a mean of 71% (Table 2.8, Figure 2.5). This result is in accord 
with the Ce recovery from the spiked and non-spiked natural samples, which varied between 
20 and 91% (Table 2.3). The reason for the variability observed in these recoveries is not 
clear, however the recovery of Ce from the samples was typically less than the aliquots of 
the Alfa Aesar Ce, this may be due to the presence of the other matrix elements. The 
isotope composition of the purified Ce was found to display small but resolvable variations, 
with δ 142Ce data of -0.06‰ to 0.38‰. The results show a dominance of positive δ 142Ce 
values as demonstrated by a mean +0.15 ± 0.32 (2sd; Table 2.8).  
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 The observed variable Ce yields and small but significant variations in δ142Ce stand 
in contrast to the observations of Tazoe et al. (2007). These authors reported Ce recoveries 
of >98% and no isotopic fractionation for a similar separation procedure, the origin of this 
discrepancy is unclear. Whilst our data show no correlation between δ142Ce values and yield 
(Figure 2.5), the observations are most readily explained by incomplete Ce recovery from 
the LN resin that was used for the separation procedure. The loss of Ce is hereby most likely 
due to the incomplete reduction of Ce4+, which is strongly retained on the resin, and/or to the 
precipitation of insoluble CeO2 within the resin itself. This interpretation is supported by the 
observation that aliquots collected immediately prior to and after the Ce elution peak 
exhibited only very low Ce contents. In this context, the observed isotopic effects are most 
likely due to isotopic fractionation between Ce4+ retained on the resin and aqueous Ce3+, 
which is readily eluted. This conclusion is in accord with the finding of Nakada et al. (2013), 
who found that reduced Ce3+ is preferentially enriched in the heavier Ce isotopes relative to 
Ce4+, resulting in positive δ 142Ce values, as were observed here for the Ce standard 
solutions (Table 2.8, Figure 2.5). 
Figure 2.5 The recovery of the Alfa Aesaer Ce standard solutions after being processed 
through the separations procedure Vs the measured δ142Ce values  
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2.3.2.3 Constraints on choice of spike isotope 
 Key considerations when selecting an enriched Ce isotope for the preparation of 
isotopically labeled CeO2 NPs are the tracing sensitivity that is required for a particular 
application and the cost of the spike material. In general, the best sensitivities can be 
achieved by employing highly enriched spike materials for isotopes that feature low natural 
abundances (e.g., 136Ce, 138Ce; Table 2.1). In such instances, even very minor additions of 
the enriched material to the natural Ce present in a given reservoir will produce analytically 
resolvable changes in Ce isotope composition. However, such isotope spikes are typically 
particularly expensive (e.g., 136Ce, 138Ce; Table 2.1). Other important factors that will 
determine the detection sensitivity are the precision of the isotopic data collected, which is a 
function of the type of mass spectrometer and data acquisition procedure used, and the 
elemental concentration and sample size available for analysis. 
 A quantitative evaluation of the impact that these factors have on the tracing 
sensitivity for labeled CeO2 NPs is presented in the following. The evaluation extends to the 
following Ce isotope ratios: 136Ce/140Ce, 138Ce/140Ce and 142Ce/140Ce (Table 2.9, Figure 2.6). 
Results are not shown for other possible ratios, as these would only offer inferior tracing 
sensitivities because they require either avoidable measurements of small Ce ion beams 
(e.g., 140Ce/136Ce or 140Ce/138Ce compared to 142Ce/140Ce) or analyses of unfavorable (very 
large or small) Ce isotope ratios (e.g., 136Ce/140Ce instead of 136Ce/142Ce).  
 Three hypothetical, but illustrative end-member scenarios are employed in the 
evaluation. The use of 140Ce and 142Ce for labeling (with enrichments of 99.5% and 93%; 
Table 2.1) is considered in all three scenarios, whilst the application of enriched 136Ce and 
138Ce (with purities of 30.6% and 41.6%; Table 2.1) is considered only for Case 1 (Table 2.9). 
All evaluations are based on the simple inference that the addition of isotopically distinct 
CeO2 NMs to a natural background, can be resolved and quantified if they induce changes in 
the isotope composition that exceed the uncertainty of the measurement and/or any 
variability in the isotope composition of the background. This threshold is designated as the 
detection sensitivity in the following. Based on this, we determined for each case, the 
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Figure 2.6 The detection sensitivities offered by the different enriched Ce isotope spikes 
under the three analytical scenarios presented in Case 1, 2 and 3. Where the red, green 
and blue lines denote the use of 136Ce or 138Ce, 142Ce and 140Ce enriched isotopes 
respectively. 	  
proportional increase in the total Ce concentration that is associated with exceeding the 
detection sensitivity for a given isotope label. 
 
  
 
 
 
 
 
 
 
 
 
 
 
Table 2.9 Summary of modeled data for the three hypothetical scenarios evaluating the 
detection sensitivities and quantification uncertainties for isotopically labeled CeO2 NPs.	  
Diagnostic 
isotope ratio 
(Label) 
Analytical 
uncertainty 
(‰) 
Minimum increase in total 
[Ce] from isotope label 
required for detectiona 
Uncertainty in quantification of 
label at:  
10 x minimum 
concentration  
± 2sd (µg kg-1) 
100 x minimum 
concentration  
± 2sd (µg kg-1) (‰) (µg kg
-1) 
      
Case 1 – High precision instrumentation & chemical separation  
136Ce/142Ce & 
138Ce/142Ce 2.5 0.02 0.8 7.6 ± 0.8 76.2 ± 0.8 
142Ce/140Ce 0.8 0.7 37 369 ± 38 3691 ± 44 
142Ce/140Ce 0.8 0.1 5 48 ± 5 489 ± 6 
      
Case 2 – High precision instrumentation, chemical separation & small sample size 
142Ce/140Ce 2.5 2.3 115 1154 ± 47 11543 ± 58 
142Ce/140Ce 2.5 0.3 15 153 ± 63 1532 ± 77 
      
Case 3 – Low precision instrumentation & no chemical separation  
142Ce/140Ce 20 19 940 9401 ± 56 94013 ± 154 
142Ce/140Ce 20 2.4 124 1248 ± 7 12482 ± 19 
      
a Assumes that the natural Ce background has a concentration of 50 mg kg-1 	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 Case 1 assumes that the methods described in this study are applied for the 
chemical separation and isotopic analysis of Ce and that sufficient Ce is available for optimal 
analysis by high precision MC-ICP-MS measurements. With these conditions, it was 
demonstrated that the 142Ce/140Ce isotope ratio can be determined with a precision of about 
±0.5‰ or better. This takes into consideration the mass spectrometric uncertainties and 
possible Ce isotope fractionation during the column chemistry. In addition, an uncertainty of 
about ±0.3‰ is assumed to account for any potential isotopic variability of natural 
background Ce. Given these constraints, the addition of enriched 140CeO2 or 142CeO2 NPs to 
a sample can be detected if an isotopic effect of greater than 0.8‰ is created. This threshold 
corresponds to detection sensitivities of 0.7‰ and 0.1‰ when enriched 140Ce and 142Ce are 
applied as isotope label, respectively. This is equivalent to an increase in the Ce 
concentration of only 37 µg kg-1 and 5 µg kg-1, respectively, from the addition of the 
isotopically labeled NPs, for a sample with a natural Ce background of 50 mg kg-1, as would 
be appropriate for soils (Table 2.9, Figure 2.1 and 2.4).  
 A larger limiting uncertainty of 2.5‰ is assumed for Case 1, when enriched 136Ce and 
138Ce are applied as tracer isotopes and the 136Ce/142Ce and 138Ce/142Ce ratios are measured 
for tracing. This accounts for the larger analytical uncertainties introduced by (i) 
measurements of isotopes with extremely low natural abundances, even if the sample size 
per analysis is increased to about 1 µg Ce; (ii) larger variability in the natural 136Ce/142Ce and 
138Ce/142Ce ratios from isotopic fractionations generated during the column chemistry, due to 
the larger mass differences of the isotope ratios; and (iii) potential radiogenic variations in 
the 138Ce/142Ce ratio (Willbold, 2007, Tazoe et al., 2007). At these levels of uncertainty 136Ce 
and 138Ce enrichments offer detection sensitivities of 0.02‰ (Table 2.9, Figure 2.6). This 
corresponds to the addition of 0.8 µg kg-1 of 136Ce or 138Ce label to a natural background 
concentration of 50 mg kg-1 (Table 2.9, Figure 2.6). 
 The same analytical methods that are outlined for Case 1 are also assumed for Case 
2. However, Case 2 specifically considers the larger uncertainties, which arise when only 
very small Ce quantities of about 1 ng are available for analysis. Based on this, it is 
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assumed that the Case 2 tracing sensitivities are limited by analytical uncertainties of about 
±2.5‰ for the determination of 142Ce/140Ce. In this scenario, detection sensitivities of 2.3‰ 
and 0.3‰ are achieved when 140Ce or 142Ce are used for labeling, respectively. Contribution 
of 115 µg kg-1 and 15 µg kg-1 from the enriched 140Ce and 142Ce isotope labels to a natural 
background with Ce at 50 mg kg-1 are, therefore, required to exceed the detection 
sensitivities (Table 2.9, Figure 2.6). The application of NPs labeled with 136Ce or 138Ce 
(coupled with analyses of 136Ce/142Ce and 138Ce/142Ce ratios) is not considered for Case 2. 
This is due to the low natural abundances of the tracer isotopes, which would render the 
isotopic analysis susceptible to inaccuracies, as very low signal intensities need to be 
monitored (Table 2.1). 
 In Case 3, it is assumed that the isotopic analyses are carried out using the less 
precise methods of quadrupole (Jarvis et al., 1992) or high resolution magnetic sector ICP-
MS (Becker and Dietze, 1997), and without prior chemical separation of Ce. A number of 
published studies describe the acquisition of 140Ce/142Ce isotope data with such methods 
and report reproducibilities of about ±2% (2sd; (Jarvis et al., 1992, Li et al., 1999). This 
uncertainty will be the main factor that limits the tracing sensitivity of the method. Based on 
this threshold, detection sensitivities of 19‰ and 2.4‰ are achieved when enriched 140Ce 
and 142Ce are used as tracer isotopes. Therefore, for a typical natural soil with a Ce 
concentration of 50 mg kg-1, the addition of 940 µg kg-1 and 124 µg kg-1 of the enriched 140Ce 
and 142Ce label would be required, to exceed the detection sensitivities (Table 2.9, Figure 
2.6). The application of enriched 136Ce and 138Ce isotopes are not considered to be relevant 
for Case 3. This follows from the low natural abundances of these two isotopes (Table 2.1) 
and the spectral interferences that can be expected from the ubiquitous element Ba, which 
will render accurate and precise analyses of 136Ce/142Ce and 138Ce/142Ce ratios essentially 
unfeasible without chemical separation of Ce.  
 Overall, the best detection sensitivities are offered when enriched 136Ce and 138Ce 
are applied for labeling. These two isotopes have very low natural abundances and the 
enriched forms offer tracing sensitivities that exceed those that are provided by enriched 
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142Ce and 140Ce by one and two orders of magnitude, respectively (Table 2.1 and 2.9, Figure 
2.6). Despite of this, their use for labeling is not likely to be practical for the majority of 
applications due to the very high cost of the material (Table 2.1) and the added drawback 
that analysis without chemical separation is not feasible. In comparison, the more abundant 
isotopes 140Ce and 142Ce provide much more cost effective options, with 142Ce offering 
detection sensitivities an order of magnitude better compared to 140Ce, but with a similar 
increase in cost (Table 2.1). 
 The summary of modeled data presented in Table 2.9 shows that the use of an 
enriched isotope with a low natural abundance and with more precise isotope ratio analysis 
the uncertainty in the quantification of the amount of label present is smaller. This is 
demonstrated with the two right hand columns of Table 2.9 where the uncertainty in the 
quantification of the isotope label is shown when 10x and 100x the minimum detection limit 
is added to a sample. In addition this demonstrates that with an increasing amount of label in 
a sample the uncertainty decreases. 
 The choice of which isotope label to use should be made on a case by case basis, 
taking into account the amount of enriched material and the detection sensitivity required, as 
well as the type of instrumentation that is available for the analyses. It is likely, however, that 
for most applications 140Ce will be a very suitable choice, as it is inexpensive whilst still 
offering attractive tracing sensitivities, which by far surpass the performance of concentration 
measurements. Furthermore, application of a 140Ce tracer is possible and advantageous with 
or without chemical separation of Ce and using a range of instrumentation. 
 
3.2.4 Results for natural samples spiked with an enriched 140Ce spike 
 The motivation for dosing natural samples with 140Ce-E was to demonstrate that (i) 
the chemical separation and mass spectrometric methods described here are suitable for 
the tracing of a Ce isotope label and (ii) that the tracing sensitivities that were estimated in 
the previous chapter can indeed be achieved in an actual application. 
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 The analyses of the non-spiked natural samples revealed slightly negative δ142Ce 
values throughout, even though the samples were processed through the chromatographic 
separation procedure, which can potentially induce positive anomalies (Table 2.8). These 
results are not surprising, however, as a number of studies have found that biological 
processes tend to favor the incorporation of lighter isotopes (Beard et al., 1999, von 
Blanckenburg et al., 2009). These negative values are therefore most likely of biological 
origin and not a result of sample processing. 
 For the biological samples that received a high dose of 140Ce-E, and where the total 
Ce concentrations were increased by 0.3 to 4.1%, the isotopic differences were readily 
resolvable, with δ142Ce values of between -3.70‰ and -42.54‰ (Table 2.3). The measured 
and predicted values show very good agreement, with deviations of less than 0.19‰. This 
demonstrates excellent the accuracy of the methods, even though limited isotope 
fractionation may occur during the chemical separation of Ce.  
 The low dosed natural samples display increases in the total Ce concentration from 
the addition of 140Ce-E, which are only marginally larger than the detection sensitivities 
(Table 2.3 and 2.9). Nonetheless, the measured δ142Ce of the samples, of between -0.96‰ 
and -1.17‰, differed from the predicted values by less than 0.49‰ (Table 2.3). Notably, the 
measured δ142Ce values are less negative than the predicted results, and this may reflect, at 
least in part, minor isotopic fractionation during the chromatography step. 
 In summary, these results demonstrate that the methods that were developed, here 
are well suited for employment in a stable isotope tracer study with isotopically labeled CeO2 
NPs. In particular, the chemical separation of Ce is straightforward enough to enable the 
high sample throughput required for environmental screening studies. Whilst limited isotope 
fraction can be expected during separation of Ce by column chromatography, this is not a 
major hindrance. In fact, our data demonstrate that the detection of 140Ce-E is even possible 
in samples where the isotopic spike increases the natural Ce concentration by only about 
0.1%. The methods presented here will thus clearly enable environmental tracer studies with 
CeO2 NPs to be conducted at the PECs.  
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2.4 Conclusions 
 Our analyses have shown that commercially available CeO2 NPs do not possess a 
distinct isotope signature and are therefore not suitable for the technique of stable isotope 
tracing. However, this approach may still be successfully applied if an enriched Ce isotope is 
used to produce isotopically labeled CeO2 NPs. To synthesize such modified NPs, optimized 
preparation techniques are required, and these must be reliable, enable small-scale 
synthesis and offer high yields. Such considerations are essential when an expensive 
isotopically enriched pre-cursor material is used. Published synthesis methods for CeO2 NPs 
are available (Goharshadi et al., 2011, Perez et al., 2008) but do not prioritize these qualities, 
which often go unreported in publications. Instead, published protocols typically focus on the 
size and shape of the NPs produced. However, synthesis methods that are optimized for the 
preparation of isotopically labeled NMs have already been published for ZnO, CuO and Ag 
NPs (Dybowska et al., 2011, Misra et al., 2012, Laycock et al., 2014), but are not yet 
available for CeO2. The next step for advancing stable isotope tracing of CeO2 NPs is, 
therefore, the development of a suitable synthesis protocol.   
Despite the shortcomings of the Ce separation method regarding the recovery and 
isotope fractionation, the data and modeling presented in this work demonstrates that the 
sample preparation and mass spectrometric techniques that were developed during the 
course of this investigation are suitable for environmental screening studies, which require 
reliable methods and high sample throughput. In particular, the separation procedure is 
based on column chromatography and it applies only relatively simple and robust elution 
protocols, which do not require careful calibration. This means that high sample throughput 
can be achieved, because the straightforward methodology enables large sample numbers 
to be processed simultaneously. With use of a Ce double spike, which can correct for the 
fractionation effects that are imparted during laboratory processing, the procedure is also 
suitable for high precision measurements of Ce stable isotope compositions in natural 
samples. With further development the separation procedure may be improved to increase 
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the recovery and prevent isotopic fractionation by either adopting a sequential elution 
protocol or using an alternative to the LN resin. 
 The use of stable isotope labeling for CeO2 NPs is expected to provide detection 
sensitivities of at least 19‰ and up to 0.02‰, depending on the isotope enrichment and 
analytical procedure used. In most cases, 140Ce will be the most favorable isotope label as it 
is relatively inexpensive, whilst still offering detection sensitivities that more than sufficient to 
enable exposures to be performed at environmentally relevant levels. To confirm this 
prediction an experiment was carried out where small quantities of 140Ce-E were added to 
natural samples, which were subsequently analyzed. These analyses confirmed that 
detection of 140Ce-E is even possible in samples where the isotopic spike increases the 
natural Ce concentration by only about 0.1%.  	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Abstract 
 Silver nanoparticles (AgNPs) more being used increasingly in industrial processes 
and consumer products, resulting in heightened emissions to the natural environment. To 
understand the behavior and environmental fate of AgNPs, it is paramount that they can be 
traced in complex natural samples from exposures at high sensitivity. The technique of 
stable isotope labeling is ideally suited for this purpose. To support such applications, a 
detailed evaluation of techniques for the preparation of stable isotope labeled AgNPs is 
presented, and demonstrates that isotopically modified particles are only distinguishable 
from particles with a natural isotope composition by their strong isotopic signature. 
Monodisperse suspensions of citrate-stabilized AgNPs with target sizes of 17, 20 and 30 nm 
were synthesized by reduction of silver nitrate solutions with sodium borohydride. The AgNP 
suspensions were produced using both natural Ag, which is comprised of the two stable 
isotopes 107Ag (52%) and 109Ag (48%), and Ag enriched to 99.2% in 107Ag (107Ag-E). 
Synthesis was reliably reproduced on three separate occasions in two laboratories. The 
AgNPs were characterized using dynamic light scattering (DLS) shortly after synthesis and 
after up to 12 months storage. Some of the batches were also characterized using 
transmission electron microscopy (TEM) and asymmetric flow field-flow fractionation (FlFFF). 
The particle size distributions showed good reproducibility between the laboratories and 
stability over the 12 months of storage. Importantly, the 107Ag-E particles were 
indistinguishable in size and shape from particles with a natural isotope composition. The 
reliability, control on particle size, and high yield of about 80%, demonstrate that the 
synthesis technique is well suited for small-scale production of isotopically labeled AgNPs. 
Furthermore, isotope mass balance calculations show that the application of labeling 
enables tracing sensitivities for AgNPs that are at least 40 times, and possibly up to 4000 
times, higher than those achievable with bulk Ag concentration measurements. This means 
that experiments with exposure concentrations at predicted environmental levels are 
possible, if the most precise isotopic measurement techniques are employed.  
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3.1 Introduction 
As a consequence of the ubiquitous use of Ag in the photographic and imaging 
industries, anthropogenic emissions of Ag and their environmental fate have been monitored 
for many decades (Purcell and Peters, 1998). Whilst the rise of digital photography has 
significantly reduced such emissions, new concerns have arisen as engineered Ag 
nanoparticles (AgNPs) are increasingly employed in a broad range of industrial processes 
and consumer products, which are subsequently emitted into the environment (Purcell and 
Peters, 1998, Wijnhoven et al., 2009). Whilst not comprehensive, there are currently 437 
products (September 2014) listed on ‘The Project for Emerging Nanotechnologies’ consumer 
product inventory database (Woodrow Wilson Centre, 2014) that incorporate nano-silver, 
illustrating the diverse range of products in which this nanomaterial (NM) is used. A focus of 
current research and debate is whether there are (nano-) specific effects, which increase the 
bioavailability and toxicity of Ag when present in nanoparticulate form (Wijnhoven et al., 
2009). This concern has prompted numerous studies to investigate the environmental 
transport, behavior, fate and ecotoxicology of engineered AgNPs.  
Ideally, such studies are carried out in ‘realistic’ environmental conditions, whereby 
exposures employ NM concentrations that are similar to, or not far removed from, present or 
predicted values. Recently, Gottschalk et al. (2013) compiled and reviewed measured and 
modeled environmental concentrations of engineered NMs. Based on the reviewed data, 
predicted environmental levels of engineered nano-Ag are in the range of 0.1 to 100 ng L-1 
for surface waters, 0.001 to 0.1 µg L-1 for effluents of waste water treatment plants, 0.001 to 
1 mg kg-1 for biosolids, 1 to 10 µg kg-1 for sediments, and 0.1 to 1000 µg kg-1 for soils. 
Significantly, these levels are less than or roughly similar to, the natural Ag background 
concentrations of these materials. Eisler (1996) provided a summary of typical natural Ag 
concentrations in non-biological materials of 300 to 5000 ng L-1 for surface waters, 0.05 to 
45 µg L-1 for effluents of waste water treatment plants, 225 to 960 mg kg-1 for sewage sludge, 
1500 to 3500 µg kg-1 for sediments, and about 100 µg kg-1 for soils. 
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Studies that interrogate the environmental fate of AgNPs typically employ 
concentration measurements by ICP-MS to quantify the presence of Ag (from NPs) in 
exposure systems. Such analyses are straightforward but require that exposures employ 
AgNP concentrations that exceed ‘realistic’ environmental levels by several orders of 
magnitude. This requirement stems from (i) the comparatively high natural Ag background 
(see above), and (ii) the condition that unequivocal tracing of AgNPs relies on the detection 
of anomalies in Ag concentration that clearly exceed these background levels. For example, 
Shoults-Wilson et al. (2011) used AgNP concentrations of 10 to 1000 mg kg-1 in soil 
exposures of the earthworm Eisenia fetida, whilst Zhao and Wang (2011) applied AgNPs at 
20 to 500 µg L-1 in a waterborne exposure of Daphnia magna. It is conceivable that 
ecotoxicity studies carried out at such high (and unrealistic) AgNP concentrations, may 
induce and thus identify distinct patterns of particle behavior and biological interactions that 
are only relevant for the high particle concentrations employed. The challenge is, therefore, 
to investigate whether the same effects are also observed at low but environmentally 
relevant NP levels.  
To circumvent the limited sensitivity of concentration tracing, alternative methods for 
tracing NMs have been explored, particularly fluorescent coatings (Maretti et al., 2009, Xia et 
al., 2008) and radiolabelling (Chrastina and Schnitzer, 2010, Coutris et al., 2012, Zuykov et 
al., 2011), but both techniques have associated drawbacks. The application of fluorescent 
coatings can affect the surface chemistry of the materials and influence their behavior, such 
as changes to and suppression of dissolution (Lewinski et al., 2008). The coatings may 
furthermore dissociate from the NPs (Tenuta et al., 2011) and free ions from NP dissolution 
cannot be traced with this method. Radiolabelled NMs are produced by activation in a 
nuclear reactor (Gibson et al., 2011, Oughton et al., 2008) and the technique is therefore 
hindered, as specialist equipment, dedicated laboratories and licenses are required for the 
handling of radioactive materials. A further disadvantage is the often short half-lives of the 
radiolabels. 
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Figure 3.1 Demonstrates how the contribution from isotopically 107Ag-E to a natural Ag 
background will result in a deviation in the 107Ag/109Ag that can be directly related to the 
degree of accumulation. 
An attractive alternative method of labeling, which does not suffer from the above 
drawbacks, involves the application of enriched stable isotopes. The basic approach of 
stable isotope labeling relies on the detection of changes in a diagnostic isotope ratio, which 
are produced in an experimental system by the introduction of a ‘contaminant’ that is 
prepared from a highly enriched single isotope of the target element. In the case of Ag, the 
natural form of the element consists of nearly equal amounts of the isotopes 107Ag and 109Ag 
but highly enriched (to >99%) 107Ag (107Ag-E) can be purchased from a number of sources. 
The introduction of essentially pure 107Ag into an exposure will not only increase the total Ag 
concentration of the system but also change the 107Ag/109Ag isotope ratio, such that this 
exceeds the natural value of ~1. The magnitude of the isotopic perturbation hereby depends 
on the relative contributions of 107Ag-E to natural Ag (Figure 3.1). As (i) natural variations in 
isotope compositions are typically small for most elements and (ii) isotope ratios can be 
measured much more precisely than absolute concentrations, the use of enriched stable 
isotopes provides an extremely selective and sensitive means of elemental tracing, even in 
the presence of high natural background levels (Khan et al., 2013, Larner et al., 2012). 
Consequently, the stable isotope approach has been used successfully for several decades 
in the fields of medical, life and environmental sciences, when highly sensitive and precise 
tracing methods were required (Matwiyoff and Ott, 1973, Sridar et al., 2013). 
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More recently, it has been shown that stable isotope tracing can also be applied to 
NMs, with pioneering studies of ZnO and CuO NPs (Misra et al., 2012, Khan et al., 2013, 
Larner et al., 2012, Croteau et al., 2011, Gulson et al., 2010). A unique requirement of such 
investigations is that the labeled NPs must be specifically prepared, from a single, highly 
enriched stable isotope form of the element. Particular advantages of this approach are (i) 
high versatility, as it can, in principle, be applied to any NP with a multi-isotopic element as 
main constituent; (ii) the label cannot be lost by dissociation or degradation; and (iii) the 
unique isotopic signature of the element remains traceable even if the speciation of the 
original material changes, for example by dissolution. The methodology, however, also 
requires that a suitable protocol for the preparation of labeled NPs is available. Whilst 
recipes for the synthesis of various NMs with defined sizes and properties are abundant in 
the literature, most of these methods are either unsuitable for the synthesis of stable isotope 
labeled NPs or they provide insufficient documentation for this purpose. This conclusion 
follows from the relatively high price of commercially available enriched stable isotopes, 
which typically cost about $2 to $20 per mg of metal or metal oxide. Given this non-
negligible cost, methods for the preparation of isotopically labeled NMs must be optimized 
with a focus on small-scale synthesis, reliability and high yields. These factors, however, are 
generally not considered in conventional synthesis protocols, where particle size and shape 
are typically of higher priority. 
In this study existing protocols have been examined to develop techniques for the 
optimized preparation of isotopically labeled AgNPs with distinct sizes. Rigorous evaluations 
demonstrate that the methods are suitable for routine and reliable small-scale synthesis of 
stable isotope labeled AgNPs at yields of ~80%. The characterization of both labeled AgNPs 
and control samples produced from natural Ag furthermore establishes that the labeling 
process does not generate distinct or unusual physico-chemical particle properties. This is 
essential in order to demonstrate that isotopically modified AgNPs are equivalent to AgNPs 
with a natural isotope composition and to validate the findings of any studies carried out 
using isotopically modified AgNPs, such as the recent investigation of Gigault and Hackley 
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(2013). These workers used asymmetric-flow field flow fractionation system coupled with on-
line ICP-MS detection to show how a stable isotope label may be used to confirm the 
presence of Ag from an isotopically enriched source within a natural sample. While this 
technique offers rapid and definitive results it does not allow accurate quantification of the 
enriched material in a sample. This work assesses the utility of the isotope tracing approach 
beyond the level of simply detecting the isotope label in a sample. To this end, the results of 
simple model calculations are presented, which reveal the lowest levels at which isotopically 
labeled AgNPs can be detected and accurately quantified in relevant natural samples by 
stable isotope tracing, when different common mass spectrometric methods are employed 
for analysis. 
 
3.2 Experimental  
The AgNPs were synthesized by appropriately modified standard reduction methods 
(Cumberland and Lead, 2009, Römer et al., 2011). In particular, batches of particles with 3 
target sizes were produced from both natural Ag and 107Ag-E. Two operators carried out the 
AgNP synthesis on three occasions in two laboratories and the reproducibility of the 
methods was assessed by comprehensive characterization of the NP batches produced.  
 
3.2.1 Choice of isotope label 
When selecting an enriched stable isotope for labeling there are several key 
considerations, including degree of isotopic enrichment, cost of the material and the 
diagnostic isotope ratio that will be monitored for the purpose of tracing. A detailed 
discussion of these factors is provided by Larner and Rehkämper (2012). Silver has two 
naturally occurring stable isotopes, 107Ag and 109Ag, that have near equal natural 
abundances of 51.8% and 48.2%, respectively, and both are available at an enrichment of 
about 99% (Isoflex U.S.A., February 2012). As both isotopes are equally suitable for tracing, 
107Ag was chosen here for labeling because it was marginally cheaper than 109Ag (Isoflex 
U.S.A., February 2012). 
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3.2.2 Chemicals and reagents 
Powdered Ag metal enriched to 99.2% in 107Ag (Isoflex U.S.A.) was converted to 
107AgNO3 by dissolution in 15.4 M HNO3 and subsequent evaporation to dryness. Natural 
AgNO3 (>99% purity), trisodium citrate dihydrate (>99% purity) and sodium borohydride 
(99.99% trace metals basis) were purchased from Sigma-Aldrich. Water of >18.2 MΩ cm 
quality (Millipore, UK) and quartz-distilled mineral acids were used throughout. Dilute 
artificial seawater (dilute-ASW) with a salinity of about 16 ‰ was produced by dissolution of 
32 g of Tropic Marine Salt in 2 L purified water and used as medium for a dialysis study to 
assess dissolution. 
 
3.2.3 Synthesis 
The synthesis protocols used here were adapted from the methods outlined by 
Römer et al. (2011). Three protocols, denoted AgNP1, AgNP2, and AgNP3 (Table 3.1), were 
applied to produce particles with target sizes of 30, 20 and 17 nm, both with 107Ag-E (denoted 
as 107-AgNP1, 107-AgNP2 and 107-AgNP3, respectively) and natural Ag (denoted as Nat-
AgNP1, Nat-AgNP2 and Nat-AgNP3). The NP batches are further designated to indicate (i) 
the date of synthesis, either May or October 2012 (May12 or Oct12), and (ii) the laboratory in 
which synthesis was conducted, either at the Facility for Environmental Nanoscience 
Analysis and Characterization (FENAC) at the University of Birmingham or the MAGIC (Mass 
Spectrometry and Isotope Geochemistry at Imperial College) Laboratories at Imperial 
College London, (F and IC respectively). For example, the non-labeled  AgNPs with a 20 nm 
target size prepared at FENAC in October 2012 are identified as Nat-AgNP2-Oct12-F (Table 
3.1). 
For synthesis, 100 mL aqueous solutions of 0.25 mM sodium citrate and 0.30 mM 
silver nitrate were cooled to 4°C, combined in a conical flask and vigorously stirred. To the 
AgNP1 and AgNP2 batches, 6 mL aqueous NaBH4 was added at a concentration of 10 and 
1 mM, respectively, whilst nothing was added to the AgNP3 batch at this stage. For all
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protocols, the mixtures were then boiled for 90 minutes, after which the AgNP1 and 
AgNP2 mixtures were removed from the heat. For the AgNP3 batches, 6 mL of 10 mM 
aqueous NaBH4 solution were added to the mixture after 90 minutes of boiling, followed 
by boiling for a further 10 minutes. All solutions were thereafter allowed to cool overnight 
in the dark at room temperature. A summary of the synthesis protocols is given in Table 
3.2. 
The particle suspensions were filtered through 0.1 µm pore-size cellulose acetate 
filters to remove any larger (non-nano) particulates. Non-reacted reagents were thereafter 
removed by either diafiltration or dialysis. In the diafiltration method, the volume of the 
suspensions was reduced to ~20 mL without drying, by forcing through a 1 kDa (~1 nm) 
molecular weight cut-off (MWCO) regenerated cellulose ultrafiltration membrane (Amicon, 
Millipore) using a nitrogen gas pressurized and stirred filtration cell. The suspension volume 
was then re-adjusted back to ~200 mL using 0.15 mM sodium citrate solution and this 
process was repeated three times. For the dialysis method, the suspensions were 
transferred to 1 kDa MWCO dialysis bags (Spectra/Por) followed by dialysis against 5 L of 
0.15 mM sodium citrate solution for 72 hours. The AgNP suspensions in aqueous Na-citrate 
from all protocols and filtration methods were thereafter stored in the dark at 4°C. 
 
 
 
Table 3.2 Summary of AgNP synthesis protocols 
Step Synthesis protocol AgNP1 AgNP2 AgNP3 
    
Mix Na-citrate1 & Ag-nitrate2 solutions then stir 
for 10 min 10 min 10 min 
Add 6 mL NaBH43 solution 10 mM 1 mM - 
Boil mixture 90 min 90 min 90 min 
Add 6 mL NaBH43 solution - - 10 mM 
Continue to boil - - 10 min 
Allow to cool in the dark RT4 RT4 RT4 
	   	   	   	  
1 100 mL of 0.30 mM Na-citrate solution in >18.2 MΩ cm water. 2 100mL of 0.25 mM Ag-
nitrate solution in >18.2 MΩ cm water. 3 Aliquot, with appropriate dilution, of 100mL of 
10mM NaBH4 stock solution in >18.2 MΩ cm water.  4 RT = Room temperature. 	  
Adam John Laycock, PhD Thesis, 2014
65
	  	  
3.2.4 Characterization of particles 
3.2.4.1 Dynamic light scattering (DLS) 
The hydrodynamic diameter (average size) and polydispersity index (PDI) of the 
AgNPs were determined at 25°C using a Zetasizer Nano ZS ZEN3600 (Malvern Instruments 
Ltd. Malvern, UK) operating with a He-Ne laser at a wavelength of 633 nm and measuring 
back-scattered light at 173° relative to the incident beam. Each sample was analyzed at 
least 5 consecutive times within 24 hours of filtering. Some samples were analyzed after up 
to 12 months storage to give an indication of particle stability. 
 
3.2.4.2 Transmission electron microscopy (TEM) 
For TEM analyses, the AgNPs from 10 mL of the stock suspensions were deposited 
onto 300 mesh Formvar/carbon coated Cu-grids by ultracentrifugation (Beckman L-75) at 
30,000 rpm for 60 minutes. Grids were then rinsed by immersing in 18 MΩ water for a few 
seconds and dried overnight. The TEM micrographs were obtained from 3 to 5 different 
areas on each grid, at a magnification of 30,000x, 100,000x and 300,000x. The diameters of 
at least 200 particles in each sample were then determined on the micrographs with 
300,000x magnification using the computer software Digital Micrograph (Gatan Inc.).  
 
3.2.4.3 Asymmetric flow field-flow fractionation (FlFFF) 
The hydrodynamic diameter distributions of selected AgNP batches (Table 3.1), were 
determined within one week of preparation by FlFFF, using an AF2000 instrument (Postnova 
Analytics) following the method of Römer et al. (2011) and Baalousha and Lead (2012). The 
FlFFF channel featured a 1 kDa regenerated cellulose ultrafiltration membrane (Postnova 
Analytics) with a 0.01 M NaNO3 carrier solution. The AgNPs were fractionated with cross-
flow and detector flow both set to 1 mL min-1, and their elution from the FlFFF channel was 
monitored by UV-absorbance measurements at 254 nm (Postnova Analytics). The FlFFF 
channel thickness was calibrated by analyzing polystyrene latex standards with known 
diffusion coefficients under the same flow conditions as the AgNPs, and the diffusion 
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coefficient distributions of the AgNPs were thereafter calculated using FlFFF theory (Litzen, 
1993). The hydrodynamic diameter distributions were calculated from diffusion coefficients 
with the Stokes-Einstein equation.  
 
3.2.4.4 Yield determination 
To assess synthesis yields, 10 µl aliquots of 24 particle suspensions were dissolved 
in concentrated HNO3 and refluxed on a hotplate at 80°C for 48 hours to ensure complete 
dissolution. The resulting solutions were evaporated to dryness and re-dissolved in 0.1 M 
HNO3. Aliquots of these stock solutions were then used to prepared more dilute 0.1 M HNO3 
‘measuring’ solutions that featured Ag concentrations of about 20 ng mL-1 and that were 
doped with Pd as an internal standard, also at 20 ng mL-1. The technique of internal 
standardization, as opposed to an isotope dilution protocol, was applied for quantification 
because the former produces sufficiently accurate and precise data (about ± 1 to 2%) and its 
application is very straightforward for analyses of both labeled and unlabeled materials. 
For quantification, the samples were analyzed relative to a standard solution with Ag 
and Pd abundances of 20 ng mL-1 in the same acid matrix, using a Nu Plasma multiple 
collector ICP-MS (MC-ICP-MS) instrument at the Imperial College MAGIC Laboratories. In 
these analyses the total Ag (107Ag + 109Ag) signal intensities obtained for samples were 
compared to the standard solution and 105Pd was monitored to correct for any drifts in 
instrumental sensitivity. The measurements provided the total Ag concentrations of the 
solutions and the yields of the synthesis methods were then calculated based on (i) the 
dilutions factors used for the preparation of the measuring solutions and (ii) the total mass of 
Ag used for particle preparation.  
 
3.2.4.5 Dissolution behavior 
The dissolution of the AgNPs was assessed by equilibrium dialysis. To this end, a 
PE container was filled with 500 mL of a suspension of 107-AgNP2-Oct-F in dilute-ASW, at 
a concentration of 0.9 mg L-1 Ag and 3.9 mg L-1 sodium citrate. Dilute-ASW was chosen as 
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used for the dissolution experiments as it is a common media used in aquatic exposure 
studies. Two dialysis bags (1kDa MWCO) were filled with 25 mL of dilute-ASW and 
immersed in the container. The container was thereafter kept in the dark to avoid Ag 
photodecomposition and stirred continuously. Sample aliquots of 0.5 mL were taken from 
both the inside and outside of the dialysis bags on 14 occasions over a period of 27 days. A 
control experiment to assess how dissolved Ag behaves during dialysis was carried out 
under the same conditions with 1 mg L-1 Ag from an aqueous solution of AgNO3. The 
background Ag concentrations for both experiments were assessed from representative 
samples of dilute-ASW. Following completion of the experiments, the Ag concentrations of 
sample aliquots were determined at FENAC by graphite furnace atomic absorption 
spectrometry (GFAAS, Perkin Elmer AAS600).  
 
3.3 Results and discussion 
 All information gathered from the characterization of the 18 batches of AgNPs that 
were prepared during the study is summarized in Table 3.1 and discussed in the following. 
 
3.3.1 Size characterization of particles  
3.3.1.1 DLS analyses 
The average hydrodynamic diameter measured by DLS on the freshly made particles 
deviates by less than ± 20% from the target size, with the exception of three batches (Nat-
AgNP1-May12-F, 107-AgNP3-May12-F, and 107-AgNP3-Oct12-F), where the average 
diameter was 40 to 70% larger than the target size (Table 3.1). 
In the following, we present and discuss the results of a statistical evaluation that 
interrogates whether isotopic labeling or other factors (e.g., date or laboratory of synthesis) 
had a significant impact on the size of the prepared AgNPs. In order to incorporate all 
particle suspensions in this evaluation, including batches with different target sizes, we 
adopted the following procedure: 
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(i)  All particle suspensions were split into one of three groups depending on their target 
particle size (17, 20 and 30nm). For each individual batch, the proportional difference 
from the mean size (PDMS) of the group was calculated. This was achieved by finding 
the mean particle size (MS), as determined by DLS, for each group. The particle size 
determined for an individual suspension (SamS) was then subtracted from the mean 
value, to calculate the absolute difference between the individual and mean particle 
sizes. The proportional difference was then determined by dividing the absolute 
difference by the mean particle size (Equation 3.1, Table 3.1, Appendices).  
 
PDMS = (MS – SamS) / MS (3.1) 
 
 This normalization procedure was validated by t-tests that, where possible, were 
carried out using both measured absolute size data and the calculated relative size 
differences. Specifically, this was possible when the DLS sizes of Nat-AgNPs were 
compared with 107-AgNPs for each of the three target sizes (30 nm, 20 nm, 17 nm; 
Table 3.1) Notably, these three t-tests yielded exactly identical results when they were 
conducted with both the absolute and the normalized size data (appendices). This result 
validates the application of the normalized particles size data (obtained as detailed 
above) in further t-tests. 
(ii) The PDMSs calculated for each individual particle suspension were pooled in different 
manners to produce populations that were evaluated using a Student’s t-test. These 
tests evaluated whether there are significant and systematic differences in size that can 
be assigned to a specific factor (appendices).  
 
 Based on two-tailed t-tests for populations of unequal variance, there was no 
significant difference at the 95% confidence level (p = 0.05) when the PDMSs were grouped 
into the following populations; (i) Nat-AgNPs and labeled 107-AgNPs (p = 0.57), (ii) 
synthesis at the FENAC and Imperial College laboratories (p = 0.18), (iii) synthesis date (e.g., 
May12-F, May12-IC and Oct12-F; p = 0.27 to 0.73), (iv) NP preparation by operators AL and 
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BS (particle synthesis in May and October 2012 respectively; p = 0.45), and (v) freshly 
prepared and aged particles after 6-12 months storage (p = 0.98). These results were 
obtained with the omission of batches 107-AgNP1-May12-F and 107-AgNP3-Oct12-F, which 
have particularly anomalous sizes of 41.6 nm (target size 30 nm) and 28.1 nm (target size 
17 nm), respectively. These unusually large deviations from the target size may reflect 
experimental problems during synthesis. However, very similar results are produced when 
these data are included in the above t-test evaluations. A detailed summary of the t-test data 
and calculated p-values is presented in the appendices. 
 Notably, the average particle diameters of the suspensions after storage deviated by 
less than 3.5 nm from the average diameters that were measured directly after preparation. 
The only exception is sample Nat-AgNP3-Oct-F, where the average diameter increased by 
about 90% (15.3 nm; Table 3.1). The PDIs determined by DLS were less than 0.45 for all 
AgNP suspensions and less than 0.3 for 16 of the 18 batches, indicating that the particle 
size distributions were fairly monodisperse (Table 3.1). A t-test demonstrated that there was 
no significant difference between the PDIs of (i) Nat-AgNPs and 107-AgNPs (p = 0.59) and 
(ii) pristine particles and particles after storage (p = 0.65) (appendices). 
 Whilst the t-tests discussed above indicate that there are no statistically significant 
differences in particles size and PDI that can be assigned to a single factor. The data of 
Table 3.1 nonetheless demonstrate small but resolvable differences in particle size for NP 
batches prepared with the same protocol. Given the results of the t-tests, these disparities 
most likely reflect ‘normal’ batch-to-batch variations that occur, if syntheses are carried out 
on different days, in different laboratories and by different operators. These results hence 
provide an indication of the particle size variability that can be expected if different scientists 
apply the protocols of Table 3.2 in their own laboratories. In contrast, Römer et al. (2011) 
previously demonstrated that, using similar protocols for the preparation of AgNPs, repeated 
synthesis by the same operator, in the same laboratory with the same equipment and 
reagents, can routinely provide particle batches with highly reproducible sizes. In summary, 
these results thus demonstrate that despite small batch-to-batch variations in particles size 
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that reflect slight differences in experimental conditions, the protocols summarized in Table 
3.2 are suitable for the robust and reliable synthesis of AgNPs in different laboratories. 
 
3.3.1.2 TEM analyses 
The freshly prepared AgNP batches synthesized in October 2012 (Table 3.1) were 
imaged by TEM and evaluated by measuring the longest axis of discrete particles rather 
than their aggregates (Table 3.1, Figure 3.2). The TEM micrographs show that the particles 
were spherical in shape and had a consistent size distribution, with the standard deviation of 
all batches being 40 to 45% of the average particle diameter, equivalent to coefficients of 
variance (standard deviation/average diameter) of 0.29-0.31 (Baalousha and Lead, 2013) 
(Table 3.1). It is likely that the aggregation of particles seen in the micrographs occurred 
during drying of the samples on the TEM grids and is not due to the fusion of particles during 
synthesis. This conclusion is supported by the predominance of discrete particles in 
suspension, as indicated by the DLS results. 
The average diameters determined from the TEM micrographs were typically 10 to 
15% (about 3 - 4 nm) smaller than the average hydrodynamic diameters determined by DLS. 
This is a well-known phenomenon, which reflects that larger particles scatter proportionally 
more light, such that the average DLS particle diameters are biased towards larger values 
(Baalousha and Lead, 2012). The exceptions to this are samples Nat-AgNP3-Oct12-F and 
107-AgNP3-Oct12-F. The Nat-AgNP3-Oct12-F particle batch shows an average TEM 
particle size that is very close to that determined by DLS, whereas there is a large 
discrepancy between the DLS (28.1 nm) and TEM (16.3 nm) size data for 107-AgNP3-
Oct12-F. These observations are likely a consequence of the polydispersity of the respective 
samples. In particular, the particle size distribution histogram of Nat-AgNP3-Oct12-F shows 
a narrow size distribution (Figure 3.2), suggesting it is highly monodisperse and therefore 
the DLS analysis shows very little size bias. In contrast, 107-AgNP3-Oct12-F is the most 
polydisperse sample (PDI = 0.44), and this may reflect a small number of larger particles in 
the suspension that heavily bias the DLS measurement.  
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3.3.1.3 FIFFF analyses 
The FlFFF analysis (Baalousha and Lead, 2007, Baalousha et al., 2008) of selected 
AgNP samples provided full width at half maximum (FWHM) data for particle batches Nat-
AgNP1-May12-F (24 nm), 107-AgNP1-May12-F (26 nm), Nat-AgNP2-May12-F (18 nm), 
107AgNP2-May12-F (17 nm) and Nat-AgNP3-May12-F (11nm) (Figure 3.3, Table 3.1). In 
addition, the FlFFF data were used to determine the number average hydrodynamic 
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Figure 3.2 TEM images and measured particle size distributions for particles batches 
synthesized in October 2012. all images are at a magnification of 300 000x; scale bars are 
0.1 µm. (a) Nat-AgNP1-Oct12-F average particle size = 22.3 ± 6.7 nm (1sd) n = 290; (b) 
107-AgNP1-Oct12-F average particle size = 28.2 ± 8.3 nm (1sd) n = 236; (c) Nat-AgNP2-
Oct12-F average particle size = 19.5 ± 5.7 nm (1sd) n = 234; (d) 107-AgNP2-Oct12-F 
average particle size = 20.1 ± 6.3 nm (1sd) n = 283; (e) Nat-AgNP3-Oct12-F average 
particle size = 18.0 ± 5.3 nm (1sd) n = 337; (f) 107-AgNP3-Oct12-F average particle size 
= 16.3 ± 4.8 nm (1sd) n = 333. 
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diameters (dn), mass average hydrodynamic diameters (dw) and polydispersity (PD) using 
Equations 3.2, 3.3 and 3.4, respectively, with results given in Table 3.1. 
dn = ΣiCiXi / ΣiCi  (3.2) 
dw = ΣiCiXi2 / ΣiCiXi  (3.3) 
PD = dw / dn  (3.4) 
Here, Ci is the UV-absorbance signal at a given hydrodynamic diameter, Xi. The dn 
values were typically slightly smaller (up to 13%) whilst dw was slightly larger (up to 32%) 
compared to the particle size determined by DLS. The dn values for 107-AgNP2-May12-F 
(17 nm) and Nat-AgNP2-May12-F (18 nm) was only slightly larger than for Nat-AgNP3-
May12-F (16 nm). The two former samples also showed a higher PD value than Nat-AgNP3-
May12-F, with size distributions tailing towards larger diameters (Figure 3.3). As a 
consequence, there is a slightly lager difference in dw values between 107-AgNP2-May12-F 
(22 nm) and Nat-AgNP2-May12-F (21 nm) versus Nat-AgNP3-May12-F (18 nm). 
 
 
 
 
 
 
 
 
 
 
 
 
Figure 3.3 Hydrodynamic diameter distributions determined by FIFFF for selected AgNP 
batches. (a): 107-AgNP1-May12-F and Nat-AgNP1-May12-F, (b) 107-AgNP2-May12-F, 
Nat-AgNP2-May12-F and (c) Nat-AgNP3-May12-F. 
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3.3.2 Synthesis yields 
Reliable small-scale synthesis techniques with high yields are required for the 
production of isotopically labeled NPs, due to the expense of using enriched stable isotopes 
(e.g., about $3.50 per mg for 107Ag purchased from Isoflex USA in February 2012). The total 
Ag concentrations of 24 different particle suspensions, encompassing 16 batches of labeled 
107AgNPs and 8 batches of non-labeled AgNPs, were determined to assess the yield of the 
synthesis protocols (Table 3.1). Typically the yields were between 60% and 98%, with an 
average of 78% ± 23% (1sd). Considering that only small amounts of 107Ag are required for a 
single synthesis (~2.7 mg) and due to the excellent yields achieved here, the preparation of 
107AgNPs is quite affordable, with a cost of approximately $4 to $5 per mg. 
 
3.3.3 Dissolution behavior 
The results of the dialysis experiments are shown in Figure 3.4. The particle stock 
suspension was added directly to the dilute-ASW without prior treatment or washing to 
remove excess sodium citrate. Although this effect was not investigated, the presence of 
sodium citrate at the expected concentration of ~4 mg L-1 is not anticipated to have a 
significant influence on the dissolution behavior. The Ag contents measured on the outside 
of the dialysis bags represent the total Ag concentration of the dilute-ASW, encompassing 
both particulate and dissolved forms of Ag. In contrast, the Ag measured inside the bags has 
crossed a 1kDa MWCO dialysis membrane and therefore reflects the dissolved component 
only. The experimental setup therefore ensures that identical Ag concentrations for the 
dialysis bags and the container are only achieved, when all Ag in the latter reservoir is in 
dissolved form. 
The dialysis control experiment, where 1.00 mg L-1 of aqueous Ag was introduced 
into the containers, can be used to assess the behavior of dissolved Ag in the absence of 
AgNPs. At the beginning of the control experiment, the Ag concentrations inside the dialysis 
bags increased rapidly and reached the same level (of about 0.8-1.1 mg L-1) as on the 
outside after 8 hours, demonstrating the time required for equilibrium to establish over the 
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dialysis membrane (Figure 3.4a). During the remaining 27 days of the experiment, the Ag 
concentrations inside and outside the dialysis bags were always essentially identical, and 
this shows that the setup functioned well to provide a reliable monitor of dissolved Ag 
contents on the outside of the dialysis bags. However, the Ag concentration outside the bags 
decreased during most of the experiment to a value of about 0.4 mg L-1 after 22 days. This 
indicates that dissolved Ag was lost, presumably as a result of adsorption onto the container 
walls and the dialysis membrane. The small final increase in dissolved Ag concentration that 
is seen at day 27, is likely due to desorption of the Ag from the surfaces of the container and 
dialysis bags 
In the dialysis experiment of sample 107-AgNP2-Oct12-F, the Ag concentration 
outside the bags immediately after NP addition was 0.5 mg L-1, a recovery of only 56% 
(Figure 3.4b). The container was furthermore black in color after the addition of the 107AgNPs, 
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Figure 3.4 Results for AgNP dissolution behavior in dilute-ASW, assessed by dialysis. (a) 
Control experiment, whereby aqueous AgNO3 solution is added to the dilute-ASW outside 
of the dialysis bags to a concentration of 1 mg L−1. (b) Experiment where 107AgNPs, from 
particle batch 107-AgNP2-Oct12-F, were added to the dilute-ASW outside of the dialysis 
bags to a concentration of 0.9 mg L−1. 
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which indicates that AgNP adsorption to container surfaces was responsible for the loss of 
Ag. During the experiment, the Ag concentration outside of the bags generally decreased 
until day 22. For the same time period, the Ag contents inside both dialysis bags initially 
showed an increase over the first 28 hours, followed by a decrease until day 8, with 
increasing concentrations observed thereafter (Figure 3.4b). On day 22, the Ag 
concentrations outside and within both dialysis bags were identical and all three 
concentrations rose continuously during the final time period to day 27. This final increase in 
concentration is similar to that seen in the control experiment, which suggests that it is also 
most likely caused by desorption of Ag from surfaces that are in contact with the dilute-ASW. 
Due to the adsorptive losses of both dissolved and nanoparticulate Ag during dialysis, 
it is difficult to quantify the dissolution behavior of the AgNPs. It may be assumed, however, 
that the dissolution of AgNPs will be similar, regardless of whether they are in suspension or 
adsorbed to container walls. With this assumption, this data can be applied to derive some 
general conclusions about the dissolution behavior of AgNPs. In particular, after an initial 8-
hour equilibration time, the control experiment with dissolved Ag exhibited nearly identical 
Ag concentrations inside and outside of the dialysis bags (Figure 3.4a). During the same 
time period, the dialysis experiment with NP sample 107-AgNP2-Oct12-F showed low Ag 
concentrations inside the dialysis bags (0.02-0.04 mg L-1), which correspond to only 2-5% of 
the 107AgNP concentration that was initially added to the container (Figure 3.4b). These 
observations indicate that the 107AgNP suspension in dilute-ASW produced only a very small 
fraction of dissolved Ag during the first few hours of the experiment. Over the following 27 
days of the 107AgNP dialysis experiment, the Ag concentrations inside the dialysis bags 
displayed an overall increase, demonstrating extensive 107AgNP dissolution (Figure 3.4b). 
This conclusion is supported by the observation that very similar Ag concentrations were 
observed for the inside and outside of the dialysis bags on day 27, with a final Ag 
concentrations of 0.32 mg L-1 for both bags (Figure 3.4b). As some dissolved Ag was 
probably lost to adsorption onto the container walls, the value of 0.32 mg L-1 can be taken to 
represent a tentative minimum estimate for the solubility of the 107AgNPs in dilute-ASW. 
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Given the adsorption problems encountered here with the dialysis technique, future AgNP 
dissolution studies should consider using alternative methods, such as ultrafiltration or single 
particle ICP-MS, to obtain improved constraints on the dissolution behavior of AgNPs. 
 
3.3.4 Reproducibility and reliability of synthesis method  
The three synthesis protocols produced fairly monodisperse AgNP suspensions 
throughout, but suspensions prepared with the same protocol display small but significant 
batch-to-batch variations in size, regardless of the isotopic composition of the AgNPs (Table 
3.1). A detailed evaluation of the results (Table 3.1) demonstrates, however, that the 
protocols for particle target sizes of 30 nm (AgNP1), 20 nm (AgNP2) and 17 nm (AgNP3) still 
offer acceptable control on particle size. Protocol AgNP1 produced the largest particles (26.5 
– 31.2 nm, average = 30.7 ± 2.9 nm; 1sd, n = 5), whilst the particles from protocols AgNP2 
(16.3 – 23.9 nm, average = 19.6 nm ± 3.0 nm; 1sd, n = 6) and AgNP3 (17.1 – 24.3 nm, 
average = 19.5 ± 2.7 nm; 1sd, n = 5) were smaller but similar. These quoted averages were 
calculated from all DLS data obtained for freshly prepared particles (Table 3.1), excluding 
the two most obvious outliers (Nat-AgNP1-May12-F and 107-AgNP3-Oct12-F), but very 
similar results are obtained when the complete dataset is considered (appendices). 
These findings demonstrate that the methods provide a robust means of obtaining 
small batches of isotopically labeled AgNPs with diameters that closely match desired target 
sizes. However, due to the observed batch-to-batch variations in size, particle 
characterization will need to be carried out for applications, which require that particles 
diameters are known to a high degree of accuracy. Although only three synthesis protocols 
were utilized here, it is likely that the experimental conditions can be adjusted to target larger 
and smaller particle sizes. For example, slightly modified versions of the synthesis methods 
applied here were used in previous studies to produce AgNPs with diameters as small as 
11.5 nm (Tejamaya et al., 2012) and 7.2 nm (Römer et al., 2011) when measured by TEM. 
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3.3.5 Stability of particles 
The particle suspensions in aqueous Na-citrate solutions were stored in the dark at 
4°C to help prevent ageing. To assess the stability of the particle suspensions under these 
conditions, a selection of particle batches were characterized by DLS periodically during 12 
months of storage (Table 3.1). Batch Nat-AgNP3-Oct12-F showed the most significant signs 
of ageing, as after 6 months storage the average particle size and PDI increased from 17.2 
to 32.5 nm and 0.25 to 0.52, respectively. Whilst this is the type of change that would be 
expected as a result of particle aggregation, it was shown by Römer et al. (2011) that small 
citrate-capped Ag NPs generally have a greater stability and exhibit less agglomeration than 
larger particles. This indicates that the aggregation determined for sample Nat-AgNP3-
Oct12-F may be an atypical result. All other particle batches exhibited no significant signs of 
ageing with all samples less than a 15% change in the average DLS particle size (Table 3.1). 
In addition, the PDI data also display only minor changes, indicating that the particle 
suspensions remained fairly monodisperse. The size and PDI results, furthermore, reveal no 
difference in aging behavior between natural and isotopically labeled AgNPs (Table 3.1). 
Any changes that might occur to the stock suspensions, such as agglomeration, may 
influence the particle behavior, but would have no effect on the isotope label or tracing 
capabilities.  
 
3.3.6 Isotope label and detection capabilities 
The motivation for synthesizing AgNPs from 107Ag-E is to produce a material with a 
distinct non-natural isotope signature, which can be used in experiments and exposures, so 
that changes induced in the 107Ag/109Ag isotope ratio of relevant samples (e.g. biological 
materials, soil or water) can be used to trace and quantify the presence of the labeled 
material (Croteau et al., 2011, Gulson et al., 2010, Khan et al., 2013, Larner et al., 2012, 
Larner and Rehkämper, 2012) (Figure 3.1). The contribution of 107Ag-E to a sample is only 
detectable when the deviation induced in the 107Ag/109Ag ratio of the sample clearly exceeds 
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(i) the precision of the isotopic measurement or (ii) any natural variations in the isotope 
composition of Ag. These factors are discussed below. 
Isotopic analyses of Ag are generally carried out using ICP-MS instrumentation, as 
measurements by thermal ionization mass spectrometry (TIMS) are significantly more 
cumbersome (Chen and Wasserburg, 1990). Using standard quadrupole ICP-MS (Q-ICP-
MS) instruments, 107Ag/109Ag ratios can typically be measured with a precision of about 1 to 
5% (2sd). Improved data with a precision of ±0.2 to 1% (2sd) can be obtained with Q-ICP-
MS at optimal analytical conditions (including separation of Ag from matrix elements) or by 
the application of single collector sector field ICP-MS (SF-ICP-MS) (Heumann et al., 1998). 
Even more precise isotopic measurements are possible by multiple collector ICP-MS (MC-
ICP-MS), which can achieve uncertainties of better than ±0.02% (2sd) for 107Ag/109Ag on 
purified solutions of Ag (Schönbächler et al., 2007, Woodland et al., 2005). 
Studies to investigate natural stable isotope fractionation of Ag are extremely limited 
in number and scope, with a primary focus on Ag ores (which are straightforward to analyze) 
and a few igneous rocks (Chugaev and Chernyshev, 2012, Hauri et al., 2000, Woodland et 
al., 2002). Data are also available from an archeological study on the provenance of coins 
(Desaulty et al., 2011) and an investigation into natural isotope fractionation based on a 
limited number of environmental samples (Luo et al., 2010). These analyses revealed only 
minor differences of about ±0.05% in the 107Ag/109Ag ratios of the samples, relative to the 
NIST SRM 978a Ag isotope standard. Such small variations are only resolvable using MC-
ICP-MS and hence have no impact on the sensitivity that can be achieved for the detection 
of isotopically labeled AgNPs by Q-ICP-MS and SF-ICP-MS. Given the published results, it 
is furthermore unlikely that samples, such as soils or sediments, from a single location will 
exhibit geological Ag isotope fractionations that exceed ±0.02% and hence impact the AgNP 
detection sensitivity of MC-ICP-MS. However, there are currently no studies that investigate 
whether changes in Ag isotope composition are generated by biological uptake and 
processing of this element. Based on data acquired for other elements, such Zn (Arnold et 
al., 2010) and Cd (Ripperger et al., 2007), it is conceivable that biotic reactions may induce 
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Ag isotope effects in the range of 0.02% to 0.05% and such fractionations may be preserved 
in biological tissue and fluids, water samples or soils and sediments. It is unlikely, however, 
that biological isotope effects will normally exceed 0.1% to 0.2% and hence no serious 
impact on the detection sensitivity of MC-ICP-MS for isotopically labeled AgNPs is expected. 
Nonetheless, it will be important for future work to carefully characterize possible biological 
Ag isotope fractionations. If natural Ag isotope variations of ≥0.05% are found to be common 
and deemed to be obstructive, this problem can be readily circumvented by analyses of 
appropriate control samples. Such measurements can characterize the natural Ag isotope 
composition and variability of the background, and this permits appropriate corrections 
and/or uncertainties to be applied to the isotopic data collected for exposed samples. 
Ecotoxicology studies typically generate and require analyses for a large number of 
samples (more than 100), making it important to consider the balance between optimal data 
quality and high sample throughput. Whilst MC-ICP-MS can provide unrivalled precision for 
the determination of 107Ag/109Ag, such analyses are also particularly laborious, because Ag 
must be separated from any sample matrix prior to analysis. In contrast, quadrupole and 
sector field ICP-MS can be employed for direct 107Ag/109Ag measurements without chemical 
separation. As sample preparation is much more straightforward, the latter instruments can 
achieve significantly higher sample throughput but at the cost of somewhat poorer precision 
for the data, which ultimately limits the tracing capabilities. 
In the following the tracing sensitivities that can be achieved using 107Ag-E (and thus 
107AgNPs) are discussed for two hypothetical cases with relevance to ecotoxicology, and 
where the end member methods of Q-ICP-MS and MC-ICP-MS are evaluated for detection 
(Table 3.3). Case 1 involves analyses of 5 mg dry weight samples of biological tissue, as 
might be obtained from invertebrates following exposures, with a realistic Ag background of 
100 ng g-1 (Eisler, 1996). Case 2 is for a 5 mL water sample (a realistic volume for removal 
and analysis from a laboratory exposure) that features a Ag background concentration of 
200 ng L-1, as would be appropriate for river, lake and estuarine waters (Eisler, 1996). Based 
on the concentrations quoted above, the Case 1 and 2 samples would contain only 0.5 ng 
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and 1 ng of Ag, respectively (Table 3.3), and these small amounts will limit the precision of 
the isotopic analyses by ICP-MS. Based on literature data and test measurements 
conducted at Imperial College (for MC-ICP-MS), it is estimated that the diagnostic 
107Ag/109Ag isotope ratio can be determined in these samples with a precision of about ±5% 
for Q-ICP-MS and ± 0.05% for MC-ICP-MS (an intermediate precision is expected for SF-
ICP-MS).  
The precision of mass spectrometric measurements is defined here as the 2sd 
calculated from replicate isotope analyses of samples or a standard reference material. The 
analytical precision is a key factor because it determines the smallest change in the 
107Ag/109Ag isotope ratio (ΔRres), as induced by addition of the 107Ag tracer, which is 
analytically resolvable as a deviation from the natural 107Ag/109Ag (Rnat) ratio, such that ΔRres 
= 2sd. 
The addition of an 107Ag-E tracer to a natural sample will increase the 107Ag/109Ag 
ratio of the system. In the following the Rres is defined as the 107Ag/109Ag isotope ratio, which 
Table 3.3 Summary of data for the hypothetical cases that evaluate the detection sensitivities 
and quantification uncertainties achievable for tracing of 107Ag-E in environmental samples 
 Case 1 Case 2 
   
Sample 5 mg biological tissue 5 mL water 
Background Ag concentration 100 ng g-1 200 ng L-1 
Total natural Ag content of sample 0.5 ng 1 ng 
   
Analysis by Q-ICP-MS, precision ±5% (2sd)  
Minimum concentration change detectable 
by 107Ag/109Ag analysis* 
2.6 ng g-1 5.2 ng L-1 
Uncertainty in quantification of 107Ag-E at:   
10x minimum concentration 126 ± 3.12 ng g-1 252 ± 6.24 ng L-1 
100x minimum concentration 360 ± 4.37 ng g-1 720 ± 8.76 ng L-1 
   
Analysis by MC-ICP-MS, precision ±0.05% (2sd)  
Minimum concentration change detectable 
by 107Ag/109Ag analysis* 
0.026 ng g-1 0.052 ng L-1 
Uncertainty in quantification of 107Ag-E at:   
10x minimum concentration 100.26 ± 0.026 ng g-1 200.52 ± 0.053 ng L-1 
100x minimum concentration 102.6 ± 0.027 ng g-1 205.2 ± 0.055 ng L-1 
   
* smallest increase in the Ag concentration from the addition of 107Ag-E, which is resolvable 
by measurement of the 107Ag/109Ag isotope ratio using a given technique. 	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is associated with the smallest addition of 107Ag-E tracer that is resolvable by measurement. 
Rres is therefore given by: 
 
Rres  =  Rnat + ΔRres (3.5) 
 
Isotope mass balance can then be used to calculate the minimum molar amount of 107Ag-E 
(Nres-Agen), from labeled 107AgNPs, that must be added to a given molar amount of natural 
Ag (N-Agnat) in a system, to increase the 107Ag/109Ag ratio from Rnat to Rres: 
 
Nres-Agen  =  N-Agnat x ((Rres x109Abnat) – 107Abnat) / (107Aben – (Rres x 109Aben)) (3.6) 
 
Where the fractional (molar) isotope abundances of 107Ag and 109Ag in the 107Ag-E (107Aben 
and 109Aben) and natural Ag (107Abnat and 109Abnat) are 99.2%, 0.8% and 51.8%, 48.2%, 
respectively. Equation 3.6 can be readily revised to determine the minimum molar 
concentration [Nres-Agen] of 107Ag-E that must be added to obtain Rres – this requires only that 
N-Agnat is substituted with the molar concentration of natural Ag, [N-Agnat]. Given that the 
atomic weights of natural Ag and 107Ag-E differ by less than 1%, Equation 3.6 also provides 
a sufficiently accurate approximation for calculation of the minimum masses and mass 
concentrations of 107Ag-E, which must be added to the system, to achieve a detectable 
change in the final 107Ag/109Ag ratio.  
The molar fraction of 107Ag-E to total Ag (fren) present in the sample is given by: 
 
fren  = N-Agen / (N-Agnat + N-Agen)   (3.7) 
 
Where N-Agen is the molar amount of 107Ag-E. Equation 3.7 can be recast such that the final 
107Ag/109Ag isotope ratio of an exposed sample (Rsam) is used to quantify the molar fraction of 
107Ag-E: 
 
fren  =  [(107Aben - (Rsam x 109Aben)) / ((Rsam x109Abnat) – 107Abnat) + 1 ]-1 (3.8) 
 
The fractional molar abundance of 109Ag in the exposed sample (109Absam) is then: 
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109Absam  =  (fren x 109Aben) + ((1 - fren) x 109Abnat) (3.9) 
 
The molar abundance of total Ag (N-Ag) and 107Ag-E in the sample can be determined by 
first quantifying the molar amount of 109Ag (N-109Ag) in the sample. This can be readily 
achieved using standard ICP-MS techniques, where a solution prepared from a known 
aliquot of the sample is analyzed, such that N-109Ag can be determined relative to a suitable 
calibration curve. Following this, N-Ag and N-Agen can be calculated from: 
 
N-Ag    =  (N-109Ag / 109Absam) (3.10) 
 
N-Agen  =  (N-109Ag / 109Absam) x fren (3.11) 
 
The mass and mass concentration of 107Ag-E (M-Agen and [M-Agen] respectively) in the 
sample can then be obtained as: 
 
M-Agen    =  N-Agen x AtWen  (3.12) 
 
[M-Agen]  =  (N-Agen x AtWen) / M (3.13) 
 
Where M is the sample mass. The atomic weight of the 107Ag-E, AtWen, can be determined 
from: 
 
AtWen  =  (107Aben x 107AtW) + (109Aben x 109AtW) (3.14) 
 
Where 107AtW and 109AtW are the known atomic weights of 107Ag and 109Ag. Calculations 
analogous to those performed in Equations 3.12 to 3.14 can be used to derive the total mass 
of Ag (M-Ag) and the Ag mass concentration [M-Ag] in the sample. 
The results of these calculations for Cases 1 and 2 are given in Table 3.3. In detail, 
they indicate that isotopic tracing with Q-ICP-MS requires that the addition of 107Ag-E raises 
the total Ag concentration by at least 2.6%, to 102.6 ng g-1 for the tissue (Case 1) and 205 
ng L-1 for the water sample (Case 2; Table 3.3). With MC-ICP-MS, measurements of the 
107Ag/109Ag ratio are about 100-fold more precise and consequently the tracing sensitivity is 
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also improved by two orders of magnitude. In this scenario the Ag sample concentration only 
needs to increase by 0.026%, from the addition of 107Ag-E, to generate analytically 
resolvable differences in the 107Ag/109Ag isotope ratio. For the tissue and water samples, this 
means that increases in the Ag concentration to 100.026 ng g-1 (from 100 ng g-1) and 200.05 
g L-1 (from 200 g L-1), respectively, are already traceable by isotopic analyses. Evaluation of 
the detection sensitivity for a given isotope label, analytical approach and natural 
background concentration in this manner, enables appropriate experimental plans and 
dosing levels to be prepared.  
The uncertainties of the isotope ratio analyses can be propagated through the above 
equations to assess the impact that this will have on the calculated mass of enriched tracer 
material present in a sample or its mass concentration. Importantly, the uncertainties do not 
scale in a linear manner and depend on the isotopic enrichment of the tracer and the 
proportion of 107Ag-E to natural Ag in the sample. To demonstrate this, the uncertainties for 
[M-Agen] in Cases 1 and 2 (Table 3.3) were calculated for the addition of 107Ag-E tracer at 
levels, which exceed the smallest detectable molar concentration Nres-Agen by a factor of 10x 
and 100x.  
The results of these calculations are promising because they indicate that despite the 
unfavorable natural isotope composition of Ag, stable isotope labeling of Ag can provide 
detection sensitivities and uncertainties of quantification that are far better than those 
achievable by concentration tracing. Considering that the latter methodology can only 
provide unequivocal results if the concentration anomalies generated by elemental uptake 
exceed the natural background levels by at least a factor of 2 (but preferably more), the 
application of stable isotope labeling enhances the tracing sensitivity by at least a factor of 
40 (using Q-ICP-MS for detection) and possibly by up to a factor of ~4000 (with use of MC-
ICP-MS). Furthermore, with the superior precision of MC-ICP-MS for isotopic analyses, the 
tracing sensitivities are likely to be sufficiently high, to enable experiments to be carried out 
at low and environmentally relevant exposure concentrations. 
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3.4 Conclusions  
In this study, published methods were assessed for the small-scale synthesis of 
citrate-capped AgNPs from both natural Ag and 107Ag-E. Three different synthesis protocols 
were used on three occasions and in two laboratories to obtain AgNPs with target sizes of 
17, 20 and 30 nm. All particles batches produced were thoroughly characterized and the 
results demonstrate that the new procedures provide reproducible, monodisperse particle 
suspensions at high yields of ~80% and with a long-term stability of up to 12 months. Whilst 
the measurements revealed small but significant batch-to-batch variations in size, the 
particles were generally found to have diameters that closely matched the desired target 
sizes. Detailed statistical tests furthermore argue against systematic differences in size 
between AgNPs prepared from 107Ag-E versus natural Ag. In summary, these results show 
that the new methods are ideally suited for the small-scale preparation of isotopically labeled 
AgNPs. Simple isotope mass balance calculations furthermore demonstrate that application 
of stable isotope labeling can increase the detection sensitivity of AgNPs in environmental 
samples by at least a factor of 40 and possibly by up to 4000x, in comparison to commonly 
employed bulk Ag concentration measurements. Use of the most precise isotopic 
measurement techniques should therefore, permit environmentally realistic exposure 
scenarios. 
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 Chapter 4:  
A stable isotope tracer to  
determine uptake and efflux  
dynamics of ZnO nano- and bulk 
particles and dissolved Zn to an 
estuarine snail  
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Abstract  
 Zinc oxide nanoparticles (ZnO NPs) are amongst the most commercialized 
engineered nanomaterials. Their biological impact in aquatic organisms has been associated 
to dissolution, but there is also evidence of nano-specific effects. In this study the 
waterborne uptake and efflux kinetics of isotopically labeled 68ZnO NPs (7.8 ± 1.2 nm), in 
comparison to aqueous 68Zn and 68ZnO bulk particles (up to 2 µm), were determined for the 
estuarine snail Peringia ulvae following a 7 d exposure (nominal enriched 68Zn concentration 
of 20 µg L-1) and 28 d depuration. Detection of the 68Zn label was achieved by high precision 
multiple-collector ICP-MS (MC-ICP-MS). Previous characterization in artificial estuarine 
water revealed that the NPs underwent initial aggregation, and solubilized up to 60% within 
1-2 days. Bulk and aqueous forms were significantly more bioavailable than 68ZnO NPs 
(p<0.05), but after correcting for dissolution, aqueous (0.074 L-1 g-1 d-1) and NP (0.070 L-1 g-1 
d-1) uptake rate constants were highly comparable. The rate constant of loss for 68Zn 
aqueous (0.012 ± 0.005 d-1) and 68ZnO NPs (0.012 ± 0.007 d-1) were identical. These results 
strongly suggest that in this exposure scenario the bioaccumulation of Zn from ZnO NPs is 
primarily dependent upon solubility. 
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4.1 Introduction 
Zinc oxide nanoparticles (ZnO NPs) are used in a number of commercial 
applications, including sunscreens, coatings and paint (Osmond and Mccall, 2010). Some 
are therefore expected to be released into the environment, particularly the aquatic 
environment. The biological impact of ZnO NPs is often attributed to their solubility and the 
release of labile Zn. ZnO NPs were shown to exhibit rapid dissolution kinetics in freshwater, 
resulting in a ZnO NP exposure being equally as toxic to algae (Pseudokirchneriella 
subcapitata) as dissolved ZnCl2 (Franklin et al., 2007). However, complete dissolution is not 
always the case and rarely is uptake by the organism and quantification of dissolution in the 
medium considered in the same study. This is perhaps why the presence of soluble Zn2+ 
within a ZnO NP exposure did not fully account for the adverse toxic effects induced in 
zebrafish embryos (Zhu et al., 2009) or growth and survivorship inhibition in the amphipod 
Corophium volutator (Fabrega et al., 2011). This would indicate that the particles themselves 
exert a nano-specific effect that is distinct from the aqueous Zn.  
The aim of the present study was to determine if dissolution alone accounts for the 
bioavailability of Zn when ZnO NPs are dispersed in estuarine water and presented to the 
snail Peringia ulvae (Gastropoda; Hydrobiidae), a key estuarine species (Shipp and Grant, 
2006). The bioavailability and in vivo fate of Zn from ZnO NPs were assessed using the 
principles of biodynamic modeling (Luoma and Rainbow, 2005). Specifically by quantifying 
the rates of influx (uptake) and efflux of Zn into and from the organism to provide a better 
understanding of the accumulation of Zn from ZnO NPs. This is important as accumulation 
of a contaminant is generally regarded as a prerequisite to adverse biological effects 
(Tessier and Turner, 1995). For comparison uptake and efflux rates were also determined 
following exposures to aqueous Zn and ZnO bulk particles. If the bioavailability of Zn from 
the ZnO NP is dependent on solubility, then the uptake rate of Zn in a ZnO NP versus an 
aqueous Zn exposure should be comparable if only the dissolved concentrations are 
considered. Moreover, loss dynamics would be identical regardless of the original form of Zn 
(i.e. aqueous vs. nano).   
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Dissolution and aggregation were quantified in stock solution freshwater and the 
artificial estuarine water, which were also used as the exposure media.  The behavior of NPs 
in artificial waters may not necessarily reflect their behavior in natural waters, this is largely 
owing to the absence of organic matter (Keller et al., 2010). In addition a number of other 
factors have also been shown to influence the solubility of ZnO in aqueous systems. Miao et 
al. (2010) found that ZnO NP dissolution increased with decreases in pH and particle 
surface area, and that dissolution was accelerated in seawater, which is relevant to the 
present study conducted in water with 17 practical salinity units (psu). As dissolution is a 
function of concentration, solubility is particularly relevant when working at environmentally 
realistic Zn concentrations (Franklin et al., 2007). Total Zn concentrations within aquatic 
environments vary with anthropogenic activity and natural geology. Dissolved Zn 
concentrations in the natural estuarine environments can be as high as 5 µg L-1 (Luoma and 
Rainbow, 2008) and may reach 50 µg L-1 in contaminated hotspots (Wood et al., 2011). In 
comparison, predicted environmental releases of ZnO NPs in European and U.S. surface 
water ranged from 1-10 ng L-1, and up to 430 ng L-1 in treated wastewater (Gottschalk et al., 
2009). In biological samples, a soft tissue concentration of 34.5 µg g-1 was estimated to fulfill 
metabolic Zn requirements (White and Rainbow, 1985), whilst the measured Zn tissue 
burden of the field collected P. ulvae used in this study was 148 ± 31 µg g-1 (mean value ± 
S.D., n = 30). Thus to differentiate Zn accumulated by organisms above their natural 
background it becomes necessary to use a label if exposures conducted at environmentally 
relevant levels are desired (Dybowska et al., 2011). Enriched stable isotopes have been 
suggested as one such label that may be used to trace engineered NPs containing multi-
isotopic elements (Croteau et al., 2011, Gulson and Wong, 2006). 
The three forms of Zn (aqueous, nano and bulk) investigated in this study were 
prepared using Zn composed of, and hence labeled with, >99% of the stable isotope 68Zn. In 
comparison natural Zn has a 68Zn isotope abundance of ~19%, and Zn isotope compositions 
display only limited natural variability. For example, the 68Zn/66Zn ratio varies by only ~0.25% 
in natural biological samples (Larner and Rehkämper, 2012). These labeled Zn materials, 
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therefore, possess a distinct and non-natural isotope signature. Once the 68Zn label is 
introduced into the experimental system it is possible to trace it by measuring the diagnostic 
68Zn/66Zn isotope ratio in the various components of the system. Deviations from the natural 
68Zn/66Zn isotope ratio indicate the presence of the isotopically enriched 68Zn-E. The 
magnitude of this perturbation can be used to quantify the relative and absolute amount of 
68Zn-E.  
Whilst distinct isotopes, and compounds made thereof, display very slight differences 
in their physical and chemical properties, these differences are not of consequence in tracer 
studies with enriched isotopes. It is therefore valid to assume that particles synthesized from 
68Zn-E display the same environmental behavior as equivalent particles with a natural Zn 
isotope composition (Dybowska et al., 2011), this makes them ideal for the purpose of 
tracing. Enriched stable isotopes are also advantageous over other forms of labeling, such 
as fluorescent dyes or radioactive isotopes (Misra et al., 2012), as they are not beset with 
problems where the label may be lost as a result of dissociation or radioactive decay. In the 
present study, stable isotope labeling is used in conjunction with multiple collector 
inductively coupled plasma mass spectrometry (MC-ICP-MS). Very small changes in isotope 
ratio are analytically resolvable using this approach and therefore it offers very low levels of 
detection for isotopically labeled materials. Isotopically enriched particles are just recently 
being utilized in ecotoxicological studies (Croteau et al., 2011, Larner et al., 2012, Misra et 
al., 2012), but there remains a far greater potential for their use.  
 
4.2 Methods  
4.2.1 Chemicals and reagents 
Isotopically enriched 68Zn was purchased from Isoflex USA (CA, USA) as dry 
powders in the form of 68ZnO bulk particles and 68Zn metal, the latter was used to prepare 
the aqueous and NP forms. For this study, a single 100 L batch of artificial estuarine water 
(17 psu) was prepared from Tropic Marin Sea Salt (Dr Biener GmbH, Germany). 
Concentrated, 14.5 M HNO3 and 6 M HCl were purified prior to use by sub-boiling distillation 
Adam John Laycock, PhD Thesis, 2014
90
in a quartz still, and water of >18 MΩ cm quality (Millipore, UK) and 30% Suprapur H2O2 
(VWR International Ltd, UK) were used throughout. 
 
4.2.2 Experimental organisms 
P. ulvae were collected from the Blackwater Estuary, Essex, UK (51˚46’05”N 
00˚50’13”E) at low tide and maintained in the laboratory in synthetic estuarine water at 10 ± 
1˚C with an approximate 16 h light: 8 h dark. Two days before the start of the exposures, 
adult snails (>2 mm) were randomly assigned into 90 groups of 25 individuals. Food 
(Chlorella vulgaris) was withheld during this period. C. vulgaris was cultured in 3N-BBM+V 
medium (Culture Collection of Algae and Protozoa, Scottish Marine Institute, UK) also under 
16 h light: 8 h dark cycles.  
 
4.2.3 Preparation of isotopically enriched forms of 68Zn 
The 68ZnO NPs were synthesized by forced hydrolysis in diethylene glycol (DEG) as 
outlined by Dybowska et al. (2011). This was achieved by dissolving the 68Zn-E metal in 
acetic acid by refluxing for 72 hours at 90°C, before evaporating to dryness at 80°C to leave 
an 68Zn-E acetate precursor material. The precursor (100 mg) was then added to 50 mL 
DEG which was placed in an oil bath at 60°C for 70 hours, after which the temperature was 
raised to 180°C. When the mixture temperature stabilized, it was stirred (200 rpm) and 100 
µL 18 MΩ water was added to force hydrolysis and precipitate 68ZnO NPs. The 68Zn-E 
concentration of the NP stock suspension was measured as 743 mg L-1 using ICP-OES. 
 Stock suspensions of the 68ZnO bulk particles in DEG and aqueous 68Zn in 18 MΩ 
water were also prepared at 743 mg L-1 68Zn-E. The latter was prepared by dissolving 68Zn-E 
metal powder in 6M HCl. This solution was evaporated to produce 68ZnCl2, which was 
dissolved in 18 MΩ water.  
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4.2.4 Characterization of 68ZnO particles 
To determine particle size, shape and size distribution the 68ZnO NPs and 68ZnO bulk 
particles were imaged using TEM (Hitachi 7100, 100kV) and SEM (Ultra plus FESEM, Carl 
Zeiss), respectively. The crystal structure of both the NP and bulk forms was verified by X-
ray diffraction (XRD, Enraf Nonius) and compared to a ZnO standard (ICDD [36-1451]). A 
Zetasizer Nano ZS (Malvern Instruments Ltd) was used to determine the primary particle 
size, polydispersity and zeta potential of the stock 68ZnO NP and bulk particle DEG 
suspensions. Analysis of 1:10 (v/v) dilutions of the 68ZnO NP stock suspensions with 17 psu 
water was also carried out by DLS over 11 h at 30 min intervals and was performed at 10°C 
to reflect experimental conditions.  
 
4.2.5 Waterborne exposures 
A number of precautions were made to eliminate the risk of background Zn entering 
the exposure system. Plastic laboratory-ware was used in preference to glass as the latter 
has been shown to leach Zn to a greater extent (Kay, 2004). All plastic-ware was soaked in 
1 M HCl and thoroughly rinsed in 18 MΩ water before use. Exposure chambers (50 mL 
plastic beakers) were pre-soaked at 20 µg L-1 68Zn-E, added as aqueous 68Zn, 68ZnO NPs or 
68ZnO bulk particles, for 72 h to saturate surface binding sites. At the start of the exposure 
(i.e. t = 0 d) 3 of the 90 groups of snails were sampled for baseline measurements, C. 
vulgaris (both the stock culture and in 25 mL 17 psu water as presented to the snails for food 
during efflux) and the 17 psu water were taken for background determinations of the 
68Zn/66Zn isotope ratio. The 100 L batch of exposure media was also sampled at the end of 
the experiment. 
 The remaining 87 groups of snails were randomly divided amongst the controls and 
exposures to aqueous 68Zn, 68ZnO NPs or 68ZnO bulk particles. For each form of 68Zn-E, 27 
groups of snails were exposed to 20 µg L-1 68Zn-E and the 6 remaining groups were used as 
controls (no added 68Zn-E). The 743 mg L-1 stocks of each 68Zn-E form were diluted with 18 
MΩ water to produce intermediate stocks with 20 mg L-1 68Zn-E. DEG was added to the 
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aqueous 68Zn intermediate stock to match the DEG concentration in the NP and bulk particle 
intermediate stocks. Each group of snails was placed in a pre-soaked exposure chamber 
with 25 mL 17 psu water and 25 µL of the corresponding intermediate stock solution to 
achieve the 68Zn-E exposure concentration of 20 µg L-1. Samples of the exposure solutions 
were taken to verify the concentration. To minimize potential particle aging and dissolution 
the exposures were renewed each day for 7 days from freshly prepared intermediate stock 
solution. At each renewal, snails were removed from the exposure chamber and both the 
chamber and snails washed thoroughly with 18 MΩ water. Separate plastic-ware was used 
for each treatment and controls to prevent cross-contamination of the isotope label between 
treatments. Snails and exposure water from each treatment were sampled on days 1, 4 and 
7, with control snails also sampled on day 7. Snails were not fed during the exposure phase 
of this study.  
On day 7 of the exposure, the remaining 57 groups of snails (18 for each 68Zn-E 
treatment and 3 controls) were rinsed thoroughly in 17 psu water and transferred to new 
acid-washed plastic beakers containing 25 mL of 17 psu water to investigate the efflux rate 
of the different 68Zn-E forms. During this depuration phase, snails and water were sampled 
on days 1, 2, 4, 7, 14 and 28. The renewal of clean water was made at these time points, 
with an additional water change and sampling of water only on day 21. During efflux snails 
were fed with C. vulgaris, which was added to the water at the time of renewal. Post-
exposure snails sacrificed by freezing and stored at -20°C as groups of 25 individuals.  
 
4.2.6 Sample preparation 
Samples obtained from the exposures were prepared for isotopic analysis within 
Class 10 laminar flowhoods (MAGIC laboratory class 1000 clean room facility, Imperial 
College), and were subsequently analyzed by MC-ICP-MS (MAGIC laboratory) to determine 
the diagnostic 68Zn/66Zn isotope ratio. These analyses require a pure Zn solution, 
necessitating the isolation of Zn from the matrix elements present in samples. The sample 
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matrix was purified by anion exchange chromatography. Full details of all sample treatment 
follow:  
 
4.2.6.1 Water samples 
The 25 mL water samples were collected in acid cleaned 50 mL Falcon tubes and 
stored in a freezer at -20°C. For preparation, the samples were defrosted at room 
temperature and a homogenous 5 mL aliquot was taken. These fractions were transferred to 
acid cleaned pre-weighed 7 mL Teflon vials, which were then re-weighed and the sample 
weight recorded. The water was then acidified with 1 mL 6 M HCl resulting in a 6 mL 1 M 
HCl sample solution. The acidified samples were then refluxed overnight on a hotplate at 
80°C to ensure homogenization and dissolution of any particulate material. 
 
4.2.6.2 Snail samples 
The groups of 25 P. ulvae were defrosted at room temperature before the soft tissue 
was dissected from the shell for analysis, as described by Khan et al. (2012). Each group of 
snails were left overnight in 10 mL 0.06 M HCl at room temperature. This served 2 purposes: 
(i) to leach Zn from the surface of the shells and (ii) to soften the operculum opening and the 
attachment of the collumellar muscles to the shell of the snails. The soft tissue and shell 
leachate solution were then transferred to acid cleaned pre-weighed Teflon vials and placed 
on a hotplate at 60°C and 120°C, respectively, until dry. The dry tissue weight was recorded 
before adding 1 mL 14.5 M HNO3 and returning to a hotplate at 80°C overnight. The tissue 
samples were transferred to microwave digestion vessels where a further 3 mL 14.5 M 
HNO3 and 3 mL H2O2 was added and left overnight at room temperature. The vessels were 
then transferred to a CEM MARS5 microwave unit (1200W) where digestion was achieved 
by increasing the temperature to 200°C over 15 minutes and maintaining the temperature at 
200°C before being allowed to cool to room temperature. The resulting sample solutions 
were transferred to 15 mL Teflon vials and the acid matrix converted to HCl. Finally both the 
soft tissue digestions and shell leachates were dissolved in 6 mL 1 M HCl. 
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4.2.6.3 Anion chromatography 
The sample solutions in 1 M HCl were processed through a one-step anion 
exchange column chemistry, as described in Arnold et al. (2010). This procedure serves to 
efficiently isolate Zn from the sample matrix with an essentially quantitative yield. Pre-
cleaned columns, with resin beds that had internal diameters of 3.5 mm and a volume of 240 
µL, were filled with Bio-Rad AG MP-1 100-200 mesh anion exchange resin. The resin was 
cleaned and conditioned successively with 16 mL 0.1 M HNO3, 0.5 mL 18 MΩ H2O and 4 
aliquots of 0.5 mL 1 M HCl. The sample solutions (6 mL 1 M HCl) were then loaded onto the 
columns and matrix elements were eluted with 8 mL 1 M HCl. Finally, Zn was stripped from 
the resin using 6 mL 0.01 M HCl. 
To verify the recovery of Zn from these biological sample matrices, the above 
procedure was performed with representative unexposed biological samples and the matrix 
elements were collected at the ‘8 mL 1 M HCl’ elution step. Following this, the matrix was 
doped with an equivalent (and known) amount of the in-house ‘London Zn’ standard solution 
of natural Zn (Arnold et al., 2010). The separation chemistry was then performed as 
described above, and the concentration of the recovered Zn was determined by MC-ICP-
MS. These measurements demonstrated a near 100% recovery of Zn from the column (99 ± 
8%, n = 2) thereby precluding that the results are biased by isotope fractionation during the 
column chemistry. 
 
4.2.7 68Zn/66Zn determination 
The purified Zn solutions were dried and subsequently taken up in 0.1 M HNO3 for 
isotopic analysis with a Nu Instruments Nu Plasma HR MC-ICP-MS instrument. A DSN 
desolvator system (Nu Instruments) and glass nebulizers with solution flow rates of ~100-
120 µL min-1 was used for sample introduction. The sample analyses were conducted as 
three blocks of twenty 5s integrations. Ion beams were measured using static multiple 
collection with Faraday cups, equipped with 1011 Ω resistors, on atomic masses 62 (Ni), 63 
(Cu), 64 (Ni, Zn), 65 (Cu), 66 (Zn), 67 (Zn), and 68 (Zn). The electronic baseline was 
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measured for 15s prior to each block by deflecting the ion beam in the electrostatic analyzer. 
Instrumental sensitivities of about 120 V ppm-1 were routinely achieved for Zn and Cu. The 
62Ni ion beam was used to correct for the isobaric interference on 64Zn.  The sample 
measurements were carried out relative to analyses of a solution of pure natural Zn (London 
Zn; in the same acid matrix) which was used as an in-house standard reference value. The 
samples and standard solutions were prepared at Zn concentrations of 50 ng mL-1 and were 
doped with equal amounts of a pure ICP Romil Cu solution to Cu concentrations of 50 ng 
mL-1. The addition of Cu enables accurate correction of the raw measured Zn isotope ratios 
for instrumental mass bias by external normalization relative to the 65Cu/63Cu ratio, which is 
also monitored during the analyses (Rehkämper et al., 2001). The magnitude of any 
deviation in the Zn isotope composition of a sample from natural Zn can then be used to 
quantify the amount of 68Zn-E in the sample. 
 
4.2.8 Isotope mass balance calculations 
The diagnostic 68Zn/66Zn isotope ratio measured for samples is an expression of the 
molar amounts of natural Zn (N-Znnat) and 68Zn-E (N-Znen) and their isotopic compositions. 
The measured 68Zn/66Zn (Rmeas) of a sample can therefore be expressed as: 
 
Rmeas = ((N-Znnat x 68Abnat) + (N-Znen x 68Aben)) /  
(N-Znnat x 66Abnat) + (N-Znen x 66Aben))  (4.1) 
 
Where xxAbnat and xxAben denote the molar abundance of the xxZn isotope in natural Zn and 
68Zn-E respectively. The fractional molar abundances of natural Zn isotopes were 
determined from analyses of the London Zn standard solution measurements that bracketed 
the samples analyses. Whereas the certified fractional molar abundances, provided by 
Isoflex, of 0.9878 (68Zn) and 0.0033 (66Zn) were used for the 68Zn-E. Equation 4.1 may be 
recast to calculate the molar fraction of 68Zn-E (fr68Znen) to natural Zn in the sample: 
 
fr68Znen = [((68Aben – (Rmeas x 66Aben)) / ((Rmeas x 66Abnat) – 68Abnat))+1]-1  (4.2) 
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The molar proportion of 68Zn-E to total Zn was then used to determine the fractional molar 
abundance of each Zn isotope in the sample. For example the molar abundance of 68Zn in a 
sample (68Absam) is found by: 
 
 68Absam = (fr68Znen x 68Aben) + ((1 - fr68Znen) x 68Abnat)    (4.3) 
 
The molar amount of total Zn in a sample (N-Znsam) was calculated by dividing the molar 
amount of a 66Zn (N-66Znsam) by the molar abundance of 66Zn (66Absam) in the sample.  
 
N-Znsam = N-66Znsam / 66Absam       (4.4) 
 
Where the molar amount of 66Zn in the measured sample solution was found by dividing the 
measured 66Zn signal intensity of the sample by the Zn signal sensitivity as determined by 
analysis of the London-Zn standard solution, with a known isotopic composition and 
concentration, immediately prior to the sample analysis. The molar amounts of 68Zn-E and 
natural Zn are then found by multiplying the results from Equations 4.2 and 4.4: 
 
N-Znen = N-Znsam x fr68Znen       (4.5) 
 
N-Znnat = N-Znsam – N-Znen = N-Znsam x (1 – fr68Znen)    (4.6) 
 
The mass amounts of 68Zn-E (M-Znen) and natural Zn (M-Znnat) were then determined by 
multiplying with the atomic weight of the 68Zn-E (AtWten) and natural Zn (AtWtnat) 
respectively: 
 
M-Znen = N-Znen x AtWten        (4.7) 
 
M-Znnat = N-Znnat x AtWtnat       (4.8) 
 
Where the atomic weight can be found from the sum of the stable Zn isotope abundances 
(xxAb) multiplied by their corresponding atomic mass (xxAtWt): 
 
AtWt = Σ xxAb x xxAtWt        (4.9) 
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The mass concentration of 68Zn-E in a sample can then be determined by dividing the mass 
from Equation 4.7 by the original weight or volume of the sample. 
 
4.2.9 Biodynamic modeling 
The biodynamic modeling used here quantifies the singular processes of uptake and 
loss to reconstruct bioaccumulation from the balance of these unidirectional fluxes (Luoma 
and Rainbow, 2005). This study presents uptake and loss rate constants calculated from a 7 
day exposure and subsequent 28 day depuration of P. ulvae exposed to three forms of 
68Zn-E.   
First the efflux rate constants were calculated from the change in 68Zn-E body burden 
during the 28 d depuration period following exposure as follows: 
 
[68Zn-E]snail = [68Zn-E]0snail e-kt       (4.10) 
 
where [68Zn-E]snail is the measured 68Zn-E concentration in the snail tissue (µg g-1 (dry 
weight)) at a given time point during the efflux period, [68Zn-E]0snail is the 68Zn-E concentration 
(µg g-1 (dry weight)) at the start of the efflux period (i.e. t = 0 d of depuration), k is the rate 
constant of loss (d-1), and t is depuration time (d). The slope formed by the points of 
[68Zn-E]snail and [68Zn-E]0snail represents the rate constant for loss (ke in d-1).  
To calculate the unidirectional rate of 68Zn-E influx (or uptake, U, in µg 68Zn-E g-1 dry 
tissue weight d-1) for the exposure of P. ulvae to 20 µg L-1 68Zn-E, the measured 68Zn-E 
concentration in the snail tissue, which reflects the accumulated concentration from 
exposure (i.e. a balance of uptake and loss), was corrected using the ke to account for 
physiological loss during exposure time.  
 
U = [68Zn-E]snail /1-(ke x t)        (4.11) 
 
The uptake rate constant (ku in g-1 L-1 d-1) was calculated from the influx rate divided by the 
measured 68Zn-E exposure concentration ([68Zn-E]) (Wang and Ke, 2002). 
ku = U / [68Zn-E]exp        (4.12) 
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4.2.10 Statistical analysis 
Significant differences (p≤0.05) between uptake and efflux rates of snails exposed to 
different 68Zn forms were determined by analysis of covariance (ANCOVA) with post-hoc 
Tukey’s Test. Analyses were performed using STATISTICA software (StatSoft Ltd, Tulsa, 
OK, USA). 
 
4.3 Results and discussion 
4.3.1 Characterization of 68ZnO particles 
 TEM analysis showed the 68ZnO NPs to be spherical and homogeneous in size and 
shape, with a diameter of 7.8 ± 1.2 nm (n=100, Figure 4.1 A-C). The crystal structure was 
verified as being ZnO by XRD analysis (Figure 4.1D). DLS analysis of the 68ZnO NP stock 
diluted in 18 MΩ water (1:10) revealed a mean hydrodynamic diameter of 38.4 ± 0.7 nm 
(Figure 4.1E). These characteristics are consistent with those reported in other studies using 
NPs synthesized with the same method. For example the 67ZnO NPs utilized by Buffet et al. 
(2012) were determined to be <10 nm by TEM imaging and ~40 nm in deionized water by 
DLS measurements. Similarly synthesized 68ZnO NPs used by Larner et al. (2012) had a 
hydrodynamic diameter of 33.0 ± 0.1 nm when suspended in deionized water and measured 
by DLS and a primary particle size of <10 nm was found from TEM images. The discrepancy 
between particle size and hydrodynamic diameter is likely the result of the hydration sphere 
around the primary particles in solution and in the presence of DEG. The zeta potential of 
the 68ZnO NPs in this study was +20.3 ± 0.8 mV and the PDI (polydispersity index) was 
0.175, which also compares favorably with those previously reported (zeta potential +17.2 ± 
0.5 mV and PDI of 0.375 by Larner et al. (2012)). The consistency of these comparisons 
demonstrates that the forced hydrolysis synthesis protocol (Dybowska et al., 2011) produces 
highly comparable batches of particles. The reproducibility of the synthesis enables 
meaningful comparisons between ecotoxicological studies, and in particular allows the effect 
of specific variables to be tested, such as NP behavior in different environmental conditions 
(e.g. salinity) and amongst different species. 
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 The SEM images shows that the 68ZnO bulk particles are highly heterogeneous, with 
single particles and aggregates varying in shape and size from a few hundred nm to over 2 
µm (Figure 4.2 A and B). The commercially available 68ZnO bulk particles had an identical 
crystal structure to the ZnO standard (Figure 4.2C). DLS analysis of the bulk particle stock, 
diluted in 18 MΩ water (1:10), also indicated heterogeneity with a hydrodynamic diameter of 
556 ± 53 nm, a relatively high PDI of 0.563 and a surface charge of -23.8 ± 0.23 mV. 
Although DLS is recognized as being unsuitable for highly heterogeneous suspensions and 
where particles may sediment, it provides a useful comparison of the polydispersity and 
surface charge of the bulk particles in relation to the NP form.  
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Figure 4.1 Characterization of 68ZnO NPs after synthesis. Particles imaged by TEM (A 
and B) were determined to have an average size of 7.8 ± 1.2 nm (n = 100) with a size 
distribution close to the mean (C). The XRD pattern of the synthesized NPs (solid black 
line, is shown against the peak positions marked of the ZnO standard (ICDD [36-1451], 
dashed blue lines) which confirms the ZnO crystal structure (D). The hydrodynamic 
diameter size distribution of the 68ZnO NPs expressed by intensity (%) in DEG (dotted red 
line), DI water (dashed green line) and after 3 hours in 17 psu water (solid black line) was 
measured by DLS (E). 
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4.3.2 Reactivity of 68ZnO particles in experimental media 
Seven hours after dispersion of the 68ZnO NPs in estuarine water (at 1:10 (v/v) 
dilution) DLS analysis could no longer detect particles in suspension, presumably owing to 
dissolution and/or aggregation and sedimentation (Figure 4.3). In determining the 
bioavailability of 68ZnO NP and bulk particles to the estuarine amphipod Corophium 
volutator, the solubility and aggregation of both forms was assessed in artificial seawater (25 
psu, Tropic Marin Sea Salt) by Larner et al. (2012). The 68ZnO NPs used in that study were 
synthesized with the same protocol and facilities and, as described, the characterization of 
the primary particles was highly comparable. The 68ZnO bulk particles used in both studies 
were from the same commercially sourced batch. Thus the environmental characterizations 
previously performed by Larner et al. (2012) are applicable to the present exposure 
scenario. 
Equilibrium dialysis experiments conducted by these workers with the 68ZnO NPs in 
artificial seawater demonstrated both fast initial aggregation of the NPs and release of 
aqueous 68Zn into the medium. The former is confirmed by the DLS measurements in 17 psu 
water, which show that the 68ZnO NPs typically form aggregates of 2-4 µm in size that are 
not present in dilutions with 18 MΩ water (Figure 4.1E). The dissolution of the 68ZnO NPs 
was found to occur primarily within 24 hours with subsequent dissolution being less 
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Figure 4.2 SEM images (A and B) and XRD (C) for 68ZnO bulk particles purchased from 
Isoflex USA (CA, USA). The primary particles purchased as a powder were suspended in 
18 MΩ water and presented a mean size 556 ± 53 nm, but a relatively high polydispersity 
index (see text). The XRD pattern of the bulk particles (solid black line) is shown with the 
peak positions marked for that of the ZnO standard ICDD [36-1451] (dashed blue line).  
 
Adam John Laycock, PhD Thesis, 2014
101
pronounced and near-equilibrium attained after 48 hours. At equilibrium, 60% of the particles 
had dissolved. This is in agreement with other studies that reported partial to complete 
dissolution of ZnO NPs (Franklin et al., 2007, Li et al., 2011, Miller et al., 2010, Peng et al., 
2011). Of the 48 ecotoxicology studies reviewed (Ma et al., 2013), more than half 
demonstrated that partial dissolution of ZnO NPs contributed to the toxicity of the exposure.  
 The environmental stability of NPs is heavily influenced by pH, particle size and 
surface area, although other factors (e.g. solution concentration and temperature) are also 
important (Borm et al., 2006, Miao et al., 2010). Thus seawater which is slightly alkaline (pH 
range 7.4-8), has high ionic strength, and high concentrations of anions (Cl- and SO42-) that 
can serve as binding ligands, will promote aggregation of NPs to relatively small clusters, 
which readily dissolve (Miao et al., 2010, Peng et al., 2011). 
Dissolution kinetics vary amongst studies, likely resulting from the exact nature of the 
NPs used, concentrations and variations in experimental set-ups, but there is some 
consensus that ZnO NPs do dissolve, at least partially. Peng et al. (2011) predicted that 
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Figure 4.3 DLS measurements of the 68ZnO NPs in 17 psu exposure media, 1:10 (v/v) 
dilution, at 10°C taken every 30 minutes over 11 hours showing the average particle size 
(red dashed line) and particle count rate (green solid line). Once in the exposure media 
the 68ZnO NPs appear to aggregate rapidly with an increase in average aggregate size 
from about 1µm to 3.5µm over the first 4 hours. Conversely there is a decrease in the 
particle count rate most likely due to settling and dissolution resulting in the number of 
particle in suspension declining. After 7 hours the particle number in suspension is 
insufficient for reliable analysis. 
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similarly synthesized ZnO NPs without surfactants (for example this study, Buffet et al. 
(2012) and Larner et al. (2012)) would form similarly sized aggregates in spite of differences 
in concentrations and morphologies. Such aggregates will display a similar external surface, 
which is directly related to the diffusion efficiency of the solute (aqueous Zn), and hence 
comparable dissolution kinetics are expected for particles that have similar characteristics 
(Borm et al., 2006, Peng et al., 2011).       
In comparison, Larner et al. (2012) found that the 68ZnO bulk particles did not reach 
equilibrium during dissolution studies (148 h) and <2% dissolution was observed. Again, 
high ionic strength media promotes aggregation and in the case of the larger bulk 
aggregates, result in rapid sedimentation. Such that the larger bulk aggregates would exhibit 
much lower rate of solubility than the smaller 68ZnO NPs aggregates (Fabrega et al., 2011) 
and the fate of the 68ZnO bulk particles would be to settle out from solution as aggregates 
whilst remaining largely insoluble.  
      
4.3.3 Analytical precision 
The control samples of water, snail tissue and diatoms showed a total (natural) 
variability of ~0.1% for the diagnostic 68Zn/66Zn isotope ratio (~0.663). A recent data 
compilation indicates that the total observed variability for 68Zn/66Zn in natural biological 
samples is ~0.25% (Larner and Rehkämper, 2012). In comparison, samples obtained from 
the exposure to 68Zn-E in the present study were found to deviate from the natural 68Zn/66Zn 
ratio by at least 2% and up to more than 800%, Table 4.1 presents a summary of the 
analyses and calculated 68Zn-E concentrations of the exposed samples. This demonstrates 
that natural isotopic variations have only a negligible impact on the isotopic data obtained for 
the exposed samples.  
 The use of MC-ICP-MS allows the rapid and routine determination of the 68Zn/66Zn 
isotope ratio to a precision of better than 0.05% in a single analysis consuming ~30 ng Zn. 
As the isotopic composition of both natural and 68Zn-E are known Equation 4.2 can be used 
to quantify the amount of 68Zn-E required to alter the natural isotope ratio by 0.15%, thereby  
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 exceeding the natural background variability and precision of the analysis. Such a 
perturbation of the 68Zn/66Zn isotope ratio can already be achieved by an increase of only 
0.03% in the total Zn concentration from the addition of 68Zn-E. The strength of this method 
is demonstrated when considering the contribution of 68Zn-E in the samples was at least 2% 
to >60% of the total Zn, resulting in deviations in the isotope ratio 2-3 orders of magnitude 
above the required 0.15% (Figure 4.4). This demonstrates that the approach of stable 
isotope labeling offers high enough to enable detection even when exposures are conducted 
at low and environmentally realistic exposure concentrations 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
4.3.4 Measured exposure concentrations and the influence of the shell as a binding site 
The waterborne exposure concentrations were verified by measuring the 68Zn-E 
concentration of freshly prepared media prior to exposure (Day 0). These were found to be 
20.1 ± 0.3, 16.2 ± 0.9 and 23.6 ± 6.3 µg L-1 for aqueous 68Zn, 68ZnO NP and 68ZnO bulk 
exposures, respectively (n = 3, Figure 4.5). For each form this compared favorably with the 
nominal 68Zn-E concentration of 20 µg L-1. The 68ZnO NP concentration was lower than 
Figure 4.4 The use of high precision MC-ICP-MS in conjunction with stable isotope 
labelling offers tracing sensitivities orders of magnitude below traditional techniques. The 
plotted regions encompass data spread of the water (W, n = 70), shell leachate (S, n = 
12) and tissue (T, n = 45) samples analyzed. Although the form of 68Zn-E (aqueous, nano 
and bulk) differed between samples, analyses of water, shell leachate and water 
overlapped in terms of proportion of 68Zn-E vs. natural Zn. The shaded region of the graph 
shows the level at which the contribution of Zn from an enriched source does not perturb 
the 68Zn/66Zn isotope ratio sufficiently to be distinguishable by MC-ICP-MS. 
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 expected possibly due to heterogeneity in the prepared media. Waterborne 68Zn-E 
concentrations decreased in all treatments following 24 h exposure, but rose steadily during 
the 7 d exposure period. After moving the snails to clean medium for efflux, 68Zn-E 
concentrations in the water were not immediately reduced, but rather a steady decline was 
observed. Analysis of the shell leachate revealed that 68Zn-E was recovered from the shell 
surface following exposures to each 68Zn-E form (Figure 4.5). Shell leachate concentrations, 
represented as µg of 68Zn-E L-1 of efflux water, remained relatively consistent during the 
analyzed time points of both the exposure and efflux stage; with 68Zn-E concentrations of 
approximately 20-25, 10-15 and 7-20 µ g L-1 for aqueous 68Zn, 68ZnO NP and 68ZnO bulk 
exposures, respectively (n = 4). During the 7 day exposure period, and particularly within the 
first 24 h, it is likely that the shell provided binding sites for Zn and reduced the amount 
bioavailable 68Zn-E concentration within the water. The shells of marine gastropods have 
been shown to accumulate (primarily by sorption) substantial concentrations of Zn during 30 
h waterborne exposures, where up to 77% of the total Zn body burden was found on the 
shell (Wang and Ke, 2002). The low concentrations of 68Zn-E in the water samples analyzed 
from the efflux period likely result from the adsorption of 68Zn-E to the shell’s outer surface, 
rather than any significant elimination of accumulated 68Zn-E by the snail. As discussed in 
the next section, the 68Zn-E accumulated from all forms was eliminated extremely slowly. 
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Figure 4.5 Total 68Zn-E concentrations (µg L-1, error bars where present are the standard 
deviation of duplicate or triplicate samples, else each symbol represents a single 
measure) in water samples (black symbols) and P. ulvae shell leachate (open symbols) 
for aqueous 68Zn (A, circles), 68ZnO NP (B, squares) and 68ZnO bulk (C, triangles) 
treatments over the 35 d of the study, where the first 7 days were the exposure period 
followed by 28 d depuration. The day 0 point is the measured starting 68Zn-E 
concentration in the exposure, nominally 20 µg L-1. 
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 4.3.5 Uptake and efflux dynamics of P. ulvae  
All three forms of 68Zn-E were available for uptake by P. ulvae during waterborne 
exposures at 20 µg L-1. Unidirectional influx rates determined from the efflux-corrected tissue 
burdens revealed that 68Zn-E presented as 68ZnO NPs was the least available form, with an 
influx rate approximately 2-fold lower than that of aqueous 68Zn, whilst 68ZnO bulk particles 
were the most bioavailable (Figure 4.6). Analysis of covariance (ANCOVA) with a post-hoc 
Tukey’s test demonstrated that the uptake rate for 68ZnO NPs was significantly different to 
both aqueous 68Zn and 68ZnO bulk particle forms. The relatively high rate of influx following 
68ZnO bulk particle exposure is likely related to rapid agglomeration and limited dissolution 
within the estuarine water as discussed. The sedimentation of the bulk particle aggregates 
would render them unavailable for waterborne uptake, but highly available for ingestion. P. 
ulvae primarily feeds on particulate organic detritus and inorganic sediments by grazing over 
the sediment surface. Thus rather than a waterborne exposure, the uptake of the 68ZnO bulk 
particles was presumably achieved primarily through diet. A similar finding was reported 
previously, where C. volutator was proposed to have fed on sedimented ZnO bulk particles 
leading to a reduction in growth that was not consistent with aqueous Zn exposures 
(Fabrega et al., 2011). The relative importance of the dietary exposure route, in comparison 
to a waterborne route, has been established in the literature for a number of metals and 
different aquatic species (Casado-Martinez et al., 2009, Griscom et al., 2002, Luoma et al., 
1992). In addition the efficiency of Zn assimilation from ZnO NP aggregates mixed with 
diatom food was 86% in studies with the snail Lymnaea stagnalis and ingestion was likely to 
be the dominant uptake pathway (Croteau et al., 2011). 
The uptake rates shown in Figure 4.6 were divided by the measured 68Zn-E exposure 
concentrations to provide the uptake rate constants (ku, Equation 4.12) for each form. 
Uptake rate constants of 0.042 L-1 g-1 d-1, 0.074 L-1 g-1 d-1 and 0.085 L-1 g-1 d-1 were 
calculated for the 68ZnO NP, aqueous 68Zn and 68ZnO bulk particle forms respectively. This 
would suggest that the bulk particles were more bioavailable than aqueous 68Zn, which is 
more bioavailable than the 68ZnO NPs. Larner et al. (2012) demonstrated that comparable 
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 batches of 68ZnO NPs were shown to undergo 60% dissolution (by weight) in estuarine 
water in 1-2 days. Thus, for the measured 68Zn-E concentration of 16.2 ± 0.9 µg L-1 in the 
68ZnO NP exposure, it may be assumed that approximately 9.7 µg L-1 would be present as 
aqueous Zn. If this concentration is used to determine the uptake rate constant of the 68Zn-E 
from the NP, a value of 0.070 L-1 g-1 d-1 is calculated, which is almost identical to the value 
derived from the aqueous 68Zn exposures of 0.074 L-1 g-1 d-1. This strongly suggests that the 
bioavailability of 68Zn-E in NP from is linked to solubility and ZnO NPs do not deliver Zn to 
the snail until they have undergone, at least partial, dissolution. 
 
 
 
 
The 68Zn-E accumulated from all sources was lost extremely slowly by P. ulvae 
during a 28 d depuration period. For all forms, efflux appeared to fit a one-component loss 
model, and there were no statistical differences between the efflux rate constants of each 
form (Figure 4.7, p<0.05, ANCOVA). However, the efflux rate constants (Equation 4.10) for 
68Zn-E accumulated following exposure to aqueous 68Zn and 68ZnO NPs were identical, with 
values of 0.012 ± 0.005 and 0.012 ± 0.007 d-1, respectively, and are three-fold higher than 
that of 68ZnO bulk particles at 0.004 ± 0.005 d-1. Effectively, 68Zn-E accumulated via aqueous 
and NP exposures were eliminated at a rate of 1.2% d-1, whereas 68Zn-E accumulated via 
the bulk exposure was lost at a slower rate of 0.4% d-1. There are very few studies on the 
Figure 4.6 Unidirectional influx (i.e. uptake corrected for efflux) of aqueous 68Zn (A, closed 
circles), 68ZnO NPs (B, closed squares) and 68ZnO bulk (C, closed triangles) into P. ulvae 
soft tissue during 7 d exposure to 68Zn-E at nominal concentrations of 20 µg L-1. Each 
symbol represents one pooled sample of 25 individual snails. The linear regression (solid 
line) presented with 95% confidence limits (dashed lines). The influx rates are shown for 
each form ± sd. 
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 efflux of Zn from saltwater gastropods and fewer still that involve NPs and bulk particles. 
However, those studies that have reported efflux rate constants show that elimination of 
ingested Zn generally occurs slowly. For Babylonia formasae habei, Nassarius teretiusculus 
and Rapana venosa the Zn efflux rate constants were 0.0057, 0.0138 and 0.0105 d-1, 
respectively (Onat and Topcuoglu, 1999, Wang and Ke, 2002). Although these values were 
determined following dietary exposures, it has been demonstrated that neither exposure 
route (diet or water) nor form (ZnO NP or dissolved Zn) significantly altered the efflux rate 
constant in Lymnaea stagnalis, which remained at approximately 0.08 d-1 (Croteau et al., 
2011). The consistency of the L. stagnalis loss rate constants between NP and dissolved 
forms, particularly following the ingestion of the NP would suggest Zn from the ZnO NP 
undergoes a similar physiological fate as Zn taken up as the dissolved form (Croteau et al., 
2011).  
 
 
 
 
 
 
 
 
 
 
 
The identical uptake (when NP dissolution is accounted for) and loss rates constants 
of 68Zn-E for P. ulvae exposed to aqueous and NP forms provides compelling evidence that 
68Zn-E from the 68ZnO NP is both entering and eliminated from the snail as the aqueous form 
after the NPs have already undergone dissolution in the estuarine environment. Thus, the 
bioavailability of Zn from ZnO NPs when exposed via dispersion in water is primarily 
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Figure 4.7 Proportional loss of 68Zn-E from P. ulvae soft tissue over time following 
waterborne exposure to aqueous 68Zn (A, closed circles), 68ZnO NPs (B, closed squares) 
and 68ZnO bulk (C, closed triangles). Each symbol (pooled sample of 25 individual snails) 
represents the 68Zn-E concentration as a percentage of the of the total tissue 
concentration at day 0. For each form loss is described linearly (solid line) and is 
presented with 95% confidence limits (dashed lines). Efflux rate constants (ke, ± sd) are 
presented for each form. 
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 dependent upon their solubility.  However, when particulate Zn forms are large enough to be 
ingested, uptake is accentuated even beyond that of exposure to aqueous Zn. This study 
adds to the growing body of work which demonstrates that at environmentally realistic 
concentrations the environmental availability and toxicological impact of ZnO NPs is linked 
to their solubility when presented dispersed in estuarine water and that Zn can be delivered 
via larger aggregates with a higher efficiency probably via ingestion.  
 
4.4 Conclusions 
These results strongly suggest that solubility of ZnO NPs in exposure media is a key 
parameter that determines the availability of the Zn constituent. The ability to conduct 
environmentally relevant exposures, especially for a metal as abundant as Zn, was made 
possible by employing stable isotope tracing combined with high-precision mass 
spectrometry. This methodology enabled the highly sensitive detection of newly 
accumulated Zn even in the presence of high and variable backgrounds concentrations. This 
methodology is highly applicable in determining the bioavailability of metal containing NPs 
when the constituent metal is multi-isotopic. 
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 Chapter 5: 
Comparing earthworm uptake 
routes and rates for ionic Zn and 
ZnO nanoparticles at realistic 
environmental concentrations  
using stable isotope labeling  
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Abstract 
 The environmental behavior and toxicity of ZnO nanoparticles (NPs) has received 
much attention in recent years due to their novel properties and incorporation into consumer 
products. Previous studies have found differences in the uptake of Zn from soil by organisms 
when the element is introduced in dissolved and ZnO NP forms. Such work, however, was 
generally conducted at exposure levels that by far exceeded the predicted environmental 
concentrations (PECs) of ZnO NPs. This was necessary to circumvent detection problems, 
which are posed by the high Zn background concentrations of soils and biological tissues. 
To carry out an exposure at environmentally relevant conditions, we here employed Zn that 
was isotopically enriched to 99.5% in 68Zn, to prepare isotopically labeled 68ZnO NPs and a 
dissolved phase of 68Zn. These materials were employed in an exposure to accurately 
assess and compare the uptake and elimination rate constants of the two Zn forms at 
relevant PECs by the earthworm Lumbricus rubellus. The standard test soil LUFA-Speyer 
2.2 was dosed with isotopically enriched 68Zn (68Zn-E) to a concentration of 5 mg kg-1. 
Sealed (dermal only uptake) and unsealed earthworms (dermal and oral uptake) were then 
introduced into the test soils and exposed for up to 72 hours to assess the uptake kinetics. 
Following the exposures, the Zn isotope compositions of the samples were analyzed by 
multiple collector inductively coupled plasma mass spectrometry. This enabled the detection 
of 68Zn-E in earthworm tissue after only 4 hours of dermal exposure, when the uptake of 
68Zn-E had increased the total Zn tissue concentration by only 0.03‰. While unsealed 
worms took up 68Zn-E much faster than sealed worms, the calculated uptake rate constants 
for the soils dosed with the two forms of Zn are identical within error for the two sets of 
worms. Furthermore, the elimination rate constants are identical within error for all worms 
and Zn treatments. This demonstrates that the major Zn uptake route of the earthworms is 
through ingestion. It also indicates that at realistic exposure concentrations there is no 
distinguishable difference between the uptake of Zn introduced as ZnO NPs and dissolved 
Zn by the earthworm L. rubellus.  
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5.1 Introduction 
 The novel properties exhibited by engineered nanoparticles (NPs) have resulted in 
these materials becoming increasingly prevalent in consumer products. Zinc oxide (ZnO) 
NPs, for example, have found use in sunscreens, cosmetics and paints due to their UV 
absorbance properties (Woodrow Wilson Centre, 2014, Auffan et al., 2009). The increased 
manufacture and use of engineered NPs will inevitably lead to a corresponding increase in 
their release into natural environments (Luoma, 2008). Engineered NPs are likely to end up 
in water treatment plants and be removed as part of the water treatment sludge, therefore in 
places where such sludge is applied to agricultural land it is expected that soils will be a 
major sink. Gottschalk et al. (2009) modeled predicted environmental concentrations (PECs) 
for ZnO NPs in European sewage treatment plant sludge of 17.1 mg kg-1, resulting in annual 
fluxes of 3.25 µg kg-1 to sludge treated soils. Furthermore, PECs of 2.2 to 22 mg kg-1 and 3.2 
to 32 mg kg-1 were modeled by Boxall (2007) for sewage treatment sludge and for sludge 
treated soils, respectively, assuming between 10% and 100% market penetration for ZnO 
NPs in sunscreens (Figure 5.1). These PECs are most likely to be over estimates as more 
recent work has demonstrated that once ZnO NPs enter natural systems they will be subject 
to rapid dissolution and changes and are therefore unlikely to persist (Bian et al., 2011). In 
comparison to these PECs natural Zn concentrations a typically much higher, a USGS 
survey determined Zn concentrations of between 10 and 113 mg kg-1 for 38 rural organic 
rich soils, away from sources of pollution and fertilizer use (Smith et al., 2005). A 
comparable UK countryside survey found a similar range of Zn abundances of 36 to 109 mg 
kg-1 (Emmett et al., 2010) (Figure 5.1). Taken together, these data imply that the 
concentrations of ZnO NPs in sewage treated soils are unlikely to exceed the natural Zn 
background levels and are likely to be significantly lower, by a factor of x10 or more (Figure 
5.1). Despite of this, the unknown behavior and interactions of these materials in the 
environment has prompted studies to determine if NPs pose a risk.  
 Traditional methods for tracing and quantifying the presence of metal and metal 
oxide NPs in bulk natural samples commonly rely on elemental concentration 
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measurements. Such methods assume that an increase in the elemental concentration for 
an exposed organism or reservoir relative to a control is due to uptake of the element from 
the introduced material (Hooper et al., 2011, Hu et al., 2010). This approach can be readily 
applied when the natural background concentration of the element is low and constant in 
relevant samples. However, for ubiquitous elements that are found at high and variable 
concentrations, such as Zn, any uncertainties are magnified. For exposures with ZnO NPs, 
this necessitates that high doses are employed, such that uptake generated final Zn 
concentrations, which ideally exceed the natural background values by a factor of about x10 
to x100. In this case, the variability of the Zn background can be neglected and uptake can 
be accurately quantified.  
 
 
 
 Data for published soil exposures with ZnO NPs are summarized in Table 5.1. All of 
these studies, with the exception of Hu et al. (2010), carried out comparable exposures with 
both ZnO NP and dissolved Zn. Three of the five studies (Heggelund et al., 2014, Hooper et 
al., 2011, Kool et al., 2011) concluded that the toxicity of dissolved Zn is greater, even 
though higher Zn body burdens were observed in the ZnO NP exposures (Hooper et al., 
Figure 5.1 The exposure concentrations of Zn used in this study compared to previous 
studies and the ranges of the PECs for ZnO NPs in soils. a (Boxall, 2007) and natural soil 
Zn concentrations b (Emmett et al., 2010, Smith et al., 2005)	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2011). Based on this, it was suggested that the release of Zn ions from the dissolution of 
ZnO NPs was responsible for the observed toxic effects. This is supported by previous work, 
which showed that ZnO NPs are highly soluble in water (Bian et al., 2011). Although the role 
of dissolution is likely to be important, the interactions of ZnO NPs are expected to be more 
complex in soils as opposed to aquatic environments. For example, the fraction of ZnO NPs 
that dissolved in soil porewater was shown to increase slowly from <0.5% to <10% of total 
Zn during 12 months of soil aging (Kool et al., 2011). This slow increase in concentration 
may be a result of the pore water surrounding the NPs becoming saturated and limiting 
further dissolution as a result of the high dosing levels. 
 Other investigations, however, obtained evidence for ‘nano-specific’ effects. For 
example, Manzo et al. (2011) found that ZnO NPs exert a higher toxic effect than dissolved 
Zn for some species. This finding is in agreement with the results of Hu et al. (2010), who 
propose that the production of reactive oxygen species (ROS), induced by the high surface 
area of NPs, can generate NP specific toxicity. Ma et al. (2011) also conclude that ZnO NPs 
induce toxicity via production of ROS as a result of exposure to UV radiation from sunlight. 
This effect is, however, not seen under artificial light and organisms that live in soil may not 
be affected due to the shallow penetration depth of UV radiation into soils (Gong et al., 
2001). 
Table 5.1. Summary of published soil exposure studies 
Author Test organisms 
Exposure 
concentration 
(mg kg-1) 
Length of 
study 
NP 
specific 
toxicity? 
     
Hegguland et al., 
2014 
Eisenia fetida 238 – 2500 28 days Yes 
Hooper et al., 2011 Eisenia veneta 250 & 750 21 days No 
Hu et al., 2010 Eisenia fetida 100 – 5000 7 days Yes 
Kool et al., 2011 Folosomia candida 100 - 6400 28 days No 
Manzo et al., 2011 Lapidum sativum 
Vicia faba 
Heterocyipris 
incongruens 
Folosomia candida 
230 8 days Yes 
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Hooper et al. (2011) suggested that conservative risk assessments for ZnO NPs may 
be conducted if it is assumed that all Zn from the NPs are available in dissolved form. 
However, if nano-specific toxicity exists, as concluded by Hu et al. (2010) and Manzo et al. 
(2011), this may not be appropriate. All studies listed in Table 5.1 used exposure 
concentrations in the range of 100 to 6400 mg kg-1. Clearly, these exposure levels by far 
exceed the PECs and, in most cases, also the natural Zn background contents of soils 
(Figure 5.1). Care must therefore be taken when considering the environmental relevance of 
these studies. In the case of Heggelund et al. (2014) and Kool et al. (2011), the spiking of 
soils with high Zn concentrations was shown to influence the soil chemistry and significantly 
change soil pH. At these conditions, the behavior of the ZnO NPs is unlikely to be 
representative of equivalent scenarios conducted at PECs. 
 Although biological uptake and accumulation of ZnO NPs in earthworms has been 
identified (Hooper et al., 2011, Hu et al., 2010), the kinetics have not been accurately 
assessed. Rather, effect levels are often reported to demonstrate the relative toxicity of ZnO 
NPs compared to dissolved Zn and/or larger ZnO particles (Heggelund et al., 2014, Kool et 
al., 2011, Manzo et al., 2011). The toxicity of metals in soil is not directly correlated to the 
total concentration alone, but also to the bioavailability. The latter is highly dependent on the 
elemental form and soil properties, which will also influence the uptake pathway by an 
organism. It is, therefore, important to investigate the bioavailability and kinetics of ZnO NPs 
at environmentally realistic concentrations and to constrain the route through which they 
enter the body. This information can then be used to evaluate if they pose any novel risks 
when present in soils. While toxicity studies such as those presented in Table 5.1 may be 
best performed and require high dosing concentrations, it is desirable to perform uptake 
studies to assess the biokinetics at environmentally realistic concentrations which may not 
place an organism under stress. 
In this study, we compare the dietary and dermal uptake of Zn from soil by the 
earthworm Lumbricus rubellus. The Zn is hereby introduced to the soil in the form of ZnO 
NPs and dissolved ZnCl2. Zinc is expected to enter earthworms via two main pathways – (i) 
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dermal uptake by direct contact with soil pore water, whereby it was shown that considerable 
exchange of water occurs across the body wall (Laverack, 1963), and (ii) dietary uptake of 
Zn and NPs adsorbed to soil particles, from the earthworm’s burrowing behavior and 
digestion of organic soil constituents. Importantly, this was investigated at an 
environmentally relevant Zn exposure concentration of 5 mg kg-1 (Figure 5.1). By introducing 
the ZnO NPs at these low levels it is expected that they will undergo rapid dissolution that 
will not be restricted by saturated pore waters, as was likely the case of Kool et al., 2011. 
This will result in a similar exposure scenario to the soil dosed with dissolved Zn and 
therefore comparable uptake should be observed.  The tracing and quantification of Zn at 
these low levels was made possible by the use of stable isotope labeling in conjunction with 
high precision isotope ratio analysis by multiple collector inductively coupled plasma mass 
spectrometry (MC-ICP-MS) (Larner and Rehkämper, 2012). This technique was previously 
successfully applied to aquatic exposures, such as in Chapter 4, where it enabled accurate 
quantification, even at low exposure concentrations (Khan et al., 2013, Larner et al., 2012). 
This is the first study to apply this approach to soils and terrestrial organisms.  
   
5.2 Methods 
5.2.1 Materials and reagents 
The well characterized, Loamy sand standard test soil LUFA-Speyer 2.2 (Sp 2121, 
Germany, 2009), with a pHCaCl2 of 5.5, a total organic carbon content of 2.09%, a cation 
exchange capacity of 10.0 meq/100 g and a water-holding capacity (WHC) of 46.5%, was 
used as the exposure medium. The soil was oven-dried at 60°C overnight prior to use, to 
eliminate undesired soil fauna.  
Zinc that is artificially enriched in the 68Zn isotope (68Zn-E) from the natural 
abundance of 18.8% to 99.5% (Table 5.2), was purchased as a metal powder from Isoflex 
USA (USA) and used for the preparation of 68ZnO NPs and 68ZnCl2 salt. AnalaR grade 
concentrated 14.5 M HNO3 and 6 M HCl were purified prior to dilution and/or use by sub-
boiling distillation in a quartz still. Trace element grade Optima 28 M HF was purchased from 
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Fisher Scientific. Miilli-Q water of >18 MΩ cm quality (Millipore, UK) and 30% Suprapur H2O2 
(VWR UK) were used throughout.  	  
 
5.2.2 Synthesis and characterization enriched 68Zn forms 
 A stock solution of dissolved 68Zn-E was prepared by first dissolving a weighed 
amount of the 68Zn-E metal in 6 M HCl. Subsequent evaporation to dryness left 68ZnCl2 salt, 
which was taken up in water to produce a 68Zn2+ stock solution with a Zn concentration of 
743 mg L-1. 
The 68ZnO NPs were synthesized by forced hydrolysis of Zn acetate in diethylene 
glycol (DEG), following the method of Dybowska et al. (2011). The 68ZnO NPs that were 
applied in this study are from the same synthesis batch as those used by Khan et al. (2013) 
(Chapter 4), where full details of the preparation and characterization can be found. Briefly, 
68Zn-E acetate precursor material was first prepared from the 68Zn-E metal. The acetate was 
dissolved in DEG, gently heated before water was added to force hydrolysis and the 
precipitation of 68ZnO NPs. This reaction produced a 68ZnO NP stock suspension with a Zn 
concentration of 743 mg L-1. A vortexer was used to ensure homogenous distribution of the 
68ZnO NP in the DEG stock suspension before this was employed in the soil exposure.  
Table 5.2 Summary of isotope abundances and atomic weights of natural Zn and 68Zn-E  
  Isotope Abundances 
Isotope Atomic Mass
a 
(g mol-1) 
Natural Zna  
(%) 
68Zn-Ea  
(%) 
64Zn 63.9291 49.14 0.31 
66Zn 65.9260 27.78 0.33 
67Zn 66.9271 4.04 0.56 
68Zn 67.9248 18.43 98.78 
70Zn 69.9253 0.61 0.02 
    
Atomic weight (g mol-1)c 65.3783 67.9007 
a Atomic weights and natural Zn isotope abundances from NIST literature values (Audi et 
al., 2003, Bohlke et al., 2005) b Isotope abundances of 68Zn-E provided by Isoflex   
cMultiplying the abundance of each isotope with its atomic mass and summing the results 
will give the atomic weight of a sample.  
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 The 68ZnO NPs were analyzed by X-Ray Diffraction (XRD) to confirm the crystal 
structure by comparison with the ZnO standard ICDD [36-1451]. Based on TEM image 
analysis the particles were characterized as round and homogenous in nature with an 
average primary size of 7.8 ± 1.2 nm (n = 100). Dynamic Lights Scattering (DLS) analyses 
provided an average hydrodynamic diameter of 38.4 ± 0.7 nm. The hydrodynamic diameter 
determined by DLS is significantly larger than the TEM image analysis as the ZnO particles 
typically occurred as small aggregates when in the suspension. These results are consistent 
with previous studies, which also found that ZnO NPs can have primary particle sizes of 
<10nm when imaged by TEM and hydrodynamic diameters of ~40 nm when analyzed by 
DLS, following dilution in water (Buffet et al., 2012, Larner et al., 2012).  
 
5.2.3 Preparation of the exposure medium   
 Eight replicate soil samples with 600 g dry weight each were prepared, three for 
treatment with 68ZnO NPs and dissolved 68Zn, respectively, and two control samples. The 
replicate 68ZnO and dissolved 68Zn soils were dosed individually by spreading out on a tray 
and adding 4.04 mL of the corresponding 68Zn-E stock suspension/solution, such that 68Zn-E 
was added at a concentration of 5 mg kg-1. This is equivalent to the PEC, modeled by Boxall 
(2007), for sewage treated soils, assuming a 16% market penetration for ZnO NPs in 
sunscreens. To match the DEG concentration of the 68ZnO NP spiked soils, 4.04 mL of DEG 
was added to the soils spiked with dissolved 68Zn and one of the control samples. All but one 
of the soils hence had a final DEG concentration of 7.5 g kg-1. A homogenous distribution of 
68Zn-E and DEG was achieved by thorough mixing with a spatula followed by the addition of 
water to achieve a moisture content of 27% (w/w), corresponding to 50% of the maximum 
WHC. The soils were then left to equilibrate for two days prior to the introduction of the 
earthworms. 
The levels of DEG in the spiked soils are not expected to induce adverse effects in 
the exposed earthworms, however there is a lack of published data to confirm this. A report 
on the effects of ethylene glycol, which has a very similar molecular structure to DEG, was 
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shown to result in 25% mortality of the earthworm Eisenia fetida when exposed at a 
concentration of 20 mg kg-1 (Canadian environmental quality guidelines report, 1999). To 
investigate whether the presence of DEG at 7.5 g kg-1 had an observable effect on the 
behavior and mortality of L. rubellus, a separate one-week trial experiment was carried out 
prior to the main set of exposures.  
 
5.2.4 Test organisms  
 The test organism used in this study was the earthworm Lumbricus rubellus and all 
specimens were reared in a laboratory culture at the Centre for Ecology and Hydrology 
(Wallingford, UK). Worms were kept in moist soil and fed with horse manure free of any 
pharmaceuticals. Two days prior to exposure, adult worms with developed clitellum and wet 
weights ranging from 1.08 to 2.25 g were transferred to clean Lufa 2.2 soil for acclimatization 
and kept in the dark at 50% of WHC, and a temperature of 12-14°C.  
 After 2 days acclimatization, 90 earthworms were rinsed with distilled water and 
blotted dry on filter paper, placed in petri dishes lined with moist filter paper and allowed to 
void their guts for a further 2 days. Six control earthworms were selected at this stage, which 
were used to confirm the natural Zn isotope composition of unexposed acclimatized 
earthworms. The remaining 84 acclimatized earthworms were split into 2 groups of 42. One 
of the groups was prevented from oral ingestion so that only dermal uptake through the body 
wall was possible. This was achieved by sealing the mouth parts with medical hystacryl glue 
(Braun aesculap, Germany) using the method described by Vijver et al. (2003). This involved 
removing mucus from the mouth region of the earthworms, before dipping into the glue. 
Earthworms were kept separate until the glue had dried, and then introduced into the test 
soil.  
 
5.2.5 Experimental procedure and sampling 
 All soils were sampled once they had acclimatized prior to introduction of the 
earthworms.  Samples of ~2 g were collected, whereby smaller aliquots were removed and 
Adam John Laycock, PhD Thesis, 2014
120
then combined to ensure representative sampling. The samples were oven dried at 60°C 
prior to preparation for Zn isotope analysis. Soil pore water was collected both prior to and 
following completion of the exposure period. To this end, ~30 g soil from each treatment 
were placed in 50 mL Falcon tubes. The tubes were centrifuged for 90 minutes at 4000 g 
before pipetting the pore water from the top of the tube. The pore water samples were then 
frozen for storage. 
 The uptake experiments were conducted in two stages over a period of six days, 
whereby earthworms were sampled after 4, 8, 24, 36, 48 and 72 hours. For the first 
exposure set, three sealed and unsealed earthworms, with a mean wet weight of 1.62 ± 0.21 
g (1sd; range = 1.15 to 2.02 g), were added to each of the eight soil replicates described 
above. One sealed and unsealed earthworm were removed from the test soils dosed with 
68Zn-E after 4, 8 and 24 hours of exposure. Once the first exposure set had been completed, 
a second batch of three sealed and three unsealed earthworms, with a mean wet weight of 
1.40 ± 0.25 g (1sd; range = 1.11 to 2.21 g) were added back into each test soils. For the 
second exposure set, one sealed and one unsealed earthworm were removed from each 
container at 36, 48 and 72 hours. The earthworms exposed to the control soils were 
removed after 72 hours. 
 The exposure soils were reused in this manner to most effectively use the amount of 
68ZnO NPs available, and the chosen procedure enabled a doubling of sampling time points. 
The 24 hour delay prior to the second exposure set is unlikely to have affected the 
properties of the soil, the test organisms or the 68Zn-E compounds. No impact on the final 
results is, therefore, expected. Throughout the 6 day exposure, the behavior and 
appearance of the earthworms was recorded. After sampling, the earthworms were rinsed 
with water, blotted dry on filter paper and weighed. Subsequently, the unsealed earthworms 
were placed in petri dishes lined with a piece of moist filter paper and allowed to void their 
gut for 48 hours, with the filter paper being changed after 24 hours. For L. rubellus, egestion 
for 48 hours has been shown to be sufficient for depuration (Arnold and Hodson, 2007). The 
earthworms were then snap frozen, freeze-dried for 2 days and the dried tissue weighed. 
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5.2.6 Sample preparation 
 Sample preparation and chemical separation of Zn was carried out at the Imperial 
College MAGIC Laboratories in an ISO 6 clean room equipped with ISO 3 laminar 
flowhoods. The samples of earthworm, soil and pore water were prepared for microwave 
digestion in the following manner. Soil aliquots of 250 mg were weighed into 15 mL Teflon 
vials, 4 mL 14.5 M HNO3 and 1 mL 28 M HF were added before placing on a hot plate at 
90°C. The temperature was then raised to 190°C and the samples were left to reflux 
overnight, before evaporation to dryness. Water samples were thawed and centrifuged in 50 
mL Falcon tubes at 10,000 rpm for 10 minutes to ensure removal of any remaining soil 
detritus. A 5 mL aliquot was then transferred to a clean 15 mL Teflon vial and evaporated to 
dryness. The dry soil and water samples were then taken up in 3 mL 14.5 M HNO3, which 
were then transferred to individual TFM microwave digestion vessels. The whole dried and 
weighed earthworm samples were transferred directly to microwave digestion vessels 
without any pre-treatment. To these vessels 14.5 M HNO3 was added to result in a final 
volume of 9 mL, to this 1 mL H2O2 was added, before leaving to stand at room temperature 
overnight.  
The microwave vessels were transferred to an Ethos EZ microwave system (Analytix 
Ltd) (1200 W) where digestion was achieved by heating the samples to 200°C over 15 
minutes and maintaining at this temperature for a further 15 minutes. Following digestion, 
the solutions were transferred to 15 mL Teflon vials, evaporated to dryness and re-dissolved 
in 1 mL 1 M HNO3. All samples were then inspected to ensure that no digestion residues 
were present. For a few earthworm samples, small silica grains were observed in the 
solution, presumably because a small amount of soil had remained within the earthworms 
gut even after 48 hours of depuration. These samples were centrifuged at 13,000 rpm for 10 
minutes in 1.5 mL centrifuge tubes and the clear solutions then decanted into clean Teflon 
vials. 
Once clear solutions in 1 mL 1 M HNO3 had been established for all samples, 
aliquots of 10 µl (1%), 200 µl (20%) and 1 mL (100%) were taken from the earthworm, soil 
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and pore water samples, respectively. The aliquots were transferred to clean Teflon vials, 
dried down with HCl to convert to chloride form and then taken up in 6 mL 1 M HCl, for 
chemical separation of Zn from matrix elements.  
 
5.2.7 Chemical separation 
 Precise isotope ratio determination by MC-ICP-MS requires pure Zn sample solutions 
in order to avoid matrix effects and isobaric interferences (Rehkämper et al., 2004). To 
achieve this, the 1 M HCl sample solutions were processed through a one step anion 
exchange column chemistry procedure, as outlined by Arnold et al. (2010), in Chapter 4, and 
summarized in Table 5.3. The separation procedure was assessed by processing aliquots of 
the in-house ‘London Zn’ isotope reference solution (Arnold et al., 2010, Larner and 
Rehkämper, 2012). These experiments confirmed that near 100% recovery was achieved 
and analyses yielded Zn isotope compositions that were identical, within uncertainty, to 
analyses of unprocessed and untreated ‘London Zn’. 
 
5.2.8 Isotopic analysis and data reduction 
 Once pure Zn samples were obtained, measuring solutions of samples and the 
London Zn reference material (Arnold et al., 2010) were prepared to a Zn concentration of 
50 ng mL-1 in 0.1 M HNO3. Care was taken to ensure that working solutions analyzed in the 
same measurement session were prepared using the same batch of acid and doped with 
equal amounts of a Romil Cu solution to 50 ng mL-1.  
Table 5.3 Zn chemical separation protocol 
MP1 Resin Column 
Length – 25 mm, Internal Ø – 3.5 mm, Volume – 240 µl   
Clean Resin 16 mL 0.1 M HNO3 
 0.5 mL 18 MΩ water 
Condition 4 x 0.5 mL 1 M HCl 
Load Sample 6 mL 1 M HCl 
Wash Matrix 3 x 1 mL + 5 mL 1 M HCl 
Elute Zn 6 mL 0.01 M HCl 
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The isotopic analyses were conducted at the Imperial College MAGIC Laboratories 
with a Nu Plasma HR MC-ICP-MS using methods outlined by (Larner and Rehkämper, 
2012) and in Chapter 4. The measured 68Zn/66Zn ratios were hereby corrected for 
instrumental mass bias by external normalization relative to the admixed Cu (Larner and 
Rehkämper, 2012, Rehkämper et al., 2001). Each analysis consumed <1 mL of solution, 
equating to <50 ng Zn.  
 In an exposed sample, the diagnostic 68Zn/66Zn ratio (Rmeas) is a function of the 
proportion of 68Zn-E that is present relative to the natural Zn background, and the degree of 
isotopic enrichment (for the 68Zn-E). If the isotope compositions of the enriched and the 
natural endmember are known (Table 5.2), the proportion of 68Zn-E to total Zn (fren) in a 
sample can be calculated as: 
 
fren = ((68Aben – (Rmeas x 66Aben)) / ((Rmeas x 66Abnat) – 68Abnat) +1)-1  (5.1) 
 
Here, ‘Ab’ with a prefix of ‘68’ or ‘66’ refers to the relative (molar) abundance of the 
corresponding isotope in 68Zn-E or natural Zn, as identified by the suffix ‘en’ or ‘nat’, 
respectively. From the proportion of 68Zn-E to total Zn, the abundance of each isotope of Zn 
In a sample can be calculated. For example, the isotopic abundance of 66Zn in a sample 
(66Absam) can be determined by: 
 
66Absam = (fren x 66Aben) + ((1 - fren) x 66Abnat)     (5.2) 
 
 In this study, the molar amount of 66Zn for each sample (N-66Znsam) was determined 
by comparing the measured 66Zn ion beam intensity to a suitable calibration curve, whereby 
admixed Cu was used as internal standard. The total molar amount of Zn in the sample (N-
Znsam) was then calculated by dividing the molar amount of 66Zn in the sample by the isotopic 
abundance of 66Zn (as determined with Equation 5.2): 
 
N-Znsam = N-66Znsam / 66Absam       (5.3) 
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The molar amounts of 68Zn-E (N-Znen) and natural Zn (N-Znnat) were derived from fren, the 
proportion of 68Zn-E in the sample (Equation 5.1). 
 
N-Znen = N-Znsam x  fren        (5.4) 
N-Znnat = N-Znsam - (N-Znsam x  fren) = N-Znsam - N-Znen    (5.5) 
 
The mass amounts of 68Zn-E (M-Znen) and natural Zn (M-Znnat) in the sample were be 
determined by multiplying the molar amount by the corresponding atomic weight of enriched 
68Zn (AtWten) or natural Zn (AtWtnat) (Table 5.2). 
 
M-Znen = N-Znen x AtWten        (5.6) 
M-Znnat = N-Znnat x AtWtnat       (5.7) 
 
 In order to detect and quantify the presence of 68Zn-E in a sample, the isotopic 
analysis must identify an analytically resolvable deviation from the natural 68Zn/66Zn ratio. 
The smallest clearly resolvable isotopic deviation in 68Zn/66Zn is thereby determined by both 
the precision of the analytical technique and the level of natural isotopic variability. The 
former is best defined by the between-run (external) precision of standard solution analyses, 
which typically featured a repeatability of better than ±0.10‰ (2sd). The latter is constrained 
by the data obtained for the control earthworm specimens, which provided a mean value 
with an uncertainty of ±0.13‰ (2sd, n = 8). Based on error propagation, a deviation in 
68Zn/66Zn (between sample and natural value) of only 0.16‰ is therefore analytically 
resolvable at the 2sd level. This is equivalent to an increase in the total Zn concentration of a 
sample, from the addition of 68Zn-E, of only 0.03‰. For example, the control samples had 
natural Zn concentrations of between 400 and 800 mg kg-1 for the earthworms, 15 mg kg-1 
for soil and 10 µg L-1 for soil pore water. To create an analytically resolvable deviation in 
these samples, the addition of 0.01 to 0.02 mg kg-1, 0.5 µg kg-1 and 0.3 ng L-1 of 68Zn-E is 
therefore required, respectively. 
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5.2.9 Kinetic Modeling 
 The rate constants for Zn uptake (k1, gsoil gworm-1 h-1) and elimination (k2, h-1) were 
estimated by applying a one-compartment first order kinetic model to the data for the 72 
hour uptake phase (Janssen et al., 1991): 
 
[68Zn-E]worm = (k1/k2)* [68Zn-E]soil *(1- e-k2*t)      (5.8) 
 
Here [68Zn-E]worm is the concentrations of 68Zn-E in the earthworm tissue at a given time t (in 
hours), and [68Zn-E]soil is the measured 68Zn-E concentration of the dry soil. At the start of the 
exposure (t = 0 hr) Cworm = 0, as the earthworms contain only natural Zn. Significant 
differences between uptake and elimination rates for sealed and unsealed earthworms were 
compared using a generalized likelihood ratio test (Sokal and Rohlf, 1995). All analyses 
were run in the software package SPSS. 
 
5.3 Results 
5.3.1 Soil and pore water 
 The soill samples dosed with 68ZnO NP and dissolved 68Zn had measured dry weight 
68Zn-E concentrations of 3.38 ± 0.84 mg kg-1 (1sd, n = 4) and 3.44 ± 0.94 mg kg-1 (1sd, n = 
4), respectively (Table 5.4). These concentrations are identical, within uncertainty, and show 
a recovery of >70% with respect to the 68Zn-E exposure concentration of 5 mg kg-1. The pore 
water samples that were collected after 2 days of acclimatization from soils spiked with 
68ZnO NPs and dissolved 68Zn, had 68Zn-E concentrations of 57.8 ± 14.5 µg L-1 (1sd, n = 4) 
and 51.9 ± 7.6 µg L-1 (1sd, n = 4), respectively. At the end of the 6 day experiment, the 
concentrations had increased to 96.5 ± 6.3 µg L-1 (1sd, n = 5) and 120 ± 6 µg L-1 (1sd, n = 4) 
for the 68ZnO NP and the dissolved 68Zn exposure, respectively (Table 5.4, Figure 5.2). The 
control samples, as would be expected, all show 68Zn/66Zn isotope ratios that are within the 
expected natural variability and natural Zn concentrations that are comparable to the 
exposed samples (Table 5.5)  
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5.3.2 Earthworms 
 There was no mortality of earthworms over the exposure period. Furthermore, the 
behavior and appearance of earthworms in the 68Zn-E and DEG dosed soils did not differ 
from those observed in the non-dosed control samples, both for the 7 day pre-trial and the 
main exposure.  
 Detection of 68Zn-E in the earthworm tissues was achieved for all exposed 
organisms, and, accurate quantification of 68Zn-E was possible even after only 4 hours of 
dermal exposure, when the contribution of 68Zn-E to total Zn was as little as 0.03‰. Figure 
5.2 demonstrates that the majority of exposed earthworms had 68Zn-E concentrations that 
were orders of magnitude above the minimum detection levels discussed in section 5.2.8. In 
general, the samples exposed for longer periods of time displayed higher levels of 68Zn-E 
(Table 5.4, Figure 5.4). 
Table 5.5 experimental results from analyzed control samples. 
Sample type n 68Zn/66Zn ratio (±1sd) Total [Zn] (±1sd) 
    
Earthworm 8 0.6631 ± 0.0001 708 ± 306 mg kg-1 
Soil 2 0.6632 ± 0.0000 13.6 ± 2.9 mg kg-1 
Pore water 1 0.6635 10 µg L-1 
    
n = number of individual whole earthworms analyzed	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Figure 5.2 Enriched 68Zn concentrations in soil pore waters of the soils dosed with 68ZnO 
NPs (red squares) and dissolved 68Zn (blue circles).	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Figure 5.3 The concentration of natural Zn and 68Zn-E in the samples analyzed. Where 
blue circles and red squares represent exposed unsealed and sealed earthworms, 
respectively. The black line represents the smallest amount of 68Zn-E that is analytically 
resolvable by change in the 68Zn/66Zn isotope ratio, when measured by MC-ICP-MS	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Figure 5.4 68Zn-E concentrations in earthworms exposed to 68ZnO NPs (red squares and 
dashed line) and dissolved 68Zn (blue circles and solid line). a) Unsealed earthworms 
(dermal and oral uptake). b) Sealed earthworms (dermal uptake only). The best fit lines 
were calculated using the modeled results and the uptake and elimination rate constants 
given in Table 5.7	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The uptake and elimination rate constants were calculated from the isotopic data 
(Table 5.4), using a one-compartment model (Equation 5.8). For the unsealed earthworms 
(oral and dermal uptake) exposed to 68ZnO NPs, uptake (k1) and elimination (k2) rate 
constants of 0.032 ± 0.005 gsoil gworm-1 h-1 and 0.009 ± 0.006 h-1 were calculated (all 
uncertainties are ± 1sd). Comparable rate constants were found for the unsealed 
earthworms exposed to dissolved 68Zn, with results of k1 = 0.031 ± 0.006 gsoil gworm-1 h-1 and 
k2 = 0.006 ± 0.007 h-1. Much lower uptake but similar elimination rate constants were 
determined for the exposures with sealed earthworms (dermal uptake only). These provided 
results of k1 = 0.0016 ± 0.0004 gsoil gworm-1 h-1 and k2 = 0.016 ± 0.011 h-1 for the 68ZnO NP 
exposures and of k1 = 0.0025 ± 0.0009 gsoil gworm-1 h-1 and k2 = 0.026 ± 0.017 h-1 for the 
dissolved 68Zn exposures (Table 5.6). The generalized likelihood ratio test demonstrated that 
there was no significant difference between the uptake and elimination rate constants 
calculated for the two forms of 68Zn-E and for exposures with both the unsealed and sealed 
worm specimens.  
 
 
 
 
 
 
 The 68Zn-E concentrations of earthworm tissue were modeled for an exposure period 
of 30 days for both 68Zn-E forms using the calculated rate constants (Table 5.6, Figure 5.5). 
The results for dermal only uptake indicate that steady state 68Zn tissue concentrations of 
~0.3 mg kg-1 are reached after approximately 1 week in exposures to both ZnO NP and 
dissolved Zn. A longer period of 2 to 3 weeks is required until a dynamic equilibrium is 
achieved for the exposures with dermal and dietary accumulation. In this case, the modeling 
suggests steady state 68Zn tissue concentrations of ~11.5 mg kg-1 and ~16.5 mg kg-1 for the 
68ZnO NP and dissolved 68Zn exposures, respectively (Figure 5.5). 
Table 5.6 Calculated uptake (k1) and elimination (k2) rate constants 
68ZnO NP exposure  Dissolved 68Zn exposure 
k1, (gsoil gworm-1 h-1)a k2, (h-1)a R2  k1, (gsoil gworm-1 h-1)a k2, (h-1)a R2 
       
Unsealed Earthworm      
0.032 ± 0.005 0.009 ± 0.006 0.946  0.031 ± 0.006 0.006 ± 0.007 0.919 
 
Sealed Earthworm      
0.0016 ± 0.0004 0.016 ± 0.011 0.917  0.0025 ± 0.0009 0.026 ± 0.017 0.843 
        
a Uptake and elimination rates errors are ± 1sd.	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 The modeled tissue concentrations were subsequently applied to calculate 
bioaccumulation factors (BAFs) and bioconcentration factors (BCFs). To this end, the 
inferred 68Zn-E tissue burden from the modeling was divided by the concentration of 68Zn-E 
in the soil and the pore water (as measured after 72 hr of exposure), respectively (Table 
5.7). These calculations provided BAFs of 0.10 for sealed earthworms exposed to either 
form of Zn, and 3.40 and 4.86 for unsealed earthworms when exposed to ZnO NPs and 
dissolved Zn, respectively. Furthermore, BCFs of 3.5 and 2.8 were calculated for the sealed 
earthworms, and of 119.1 and 139.4 for the unsealed earthworms, following exposure to 
ZnO NPs and dissolved Zn respectively (Table 5.7). 
Figure 5.5 Modeled 68Zn concentrations from uptake of 68Zn introduced as 68ZnO NPs 
(red dashed line) and dissolved 68Zn (solid blue line) over a period of 30 days using the 
uptake and elimination rate constants calculated from the 72 hour exposure in a) 
Unsealed earthworms (dermal and oral uptake) b) Sealed earthworms (dermal uptake 
only)	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Table 5.7 Bioaccumulation factors (BAFs) and bioconcentration factors (BCFs) 
calculated from the modeled 68Zn concentration data of Fig. 5.4 (see text for details). 
 
 ZnO NPs  Dissolved Zn 
 BAF BCF  BAF BCF 
      
Dermal uptake 0.10 3.5  0.10 2.8 
Dermal & oral uptake 3.40 119.1  4.86 139.4 
      
Hegguelund et al., 2014 a 0.48 77.7  0.39 31.2 
      
a Average BAFs and BCFs from ‘medium pH soil’	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5.4 Discussion 
5.4.1 Zn Behavior in Soil 
 After the 2 day acclimatization period, the 68Zn-E concentrations in the two exposure 
systems (dissolved 68Zn and 68ZnO NP dosing) were identical within error in the case of both 
soils and pore waters (Table 5.4, Figure 5.2). This suggests a comparable partitioning 
behavior for the two forms of Zn, with similar amounts binding to the available soil surfaces 
and entering the pore water phase. After the 6-day exposure period, the 68Zn-E 
concentration of the pore water had increased for both treatments, whereby the endpoint 
concentration was ~24% higher when dissolved 68Zn was added (Table 5.4). This supports 
the suggestion that the NPs underwent rapid dissolution during the acclimatization period 
and that the two forms of Zn display similar behavior and partitioning within the soils when 
present at environmentally relevant concentrations. 
These results can be compared to the study of Heggelund et al. (2014), where soils 
were dosed with ZnO NPs and ZnCl2 at much higher Zn concentrations of 238 mg kg-1 to 
2500 mg kg-1. After acclimatization for 10 days, these workers found that soils treated with 
ZnCl2 had pore water Zn concentrations that were 20-50 fold higher compared to equivalent 
soils dosed with ZnO NPs. The largest differences were hereby seen at high levels of Zn 
addition. This suggests that the difference in Zn partitioning observed by Heggelund et al. 
(2014) is (i) a consequence of the high Zn dosing levels that were employed, and (ii) not 
characteristic of the Zn behavior observed at the lower, environmentally relevant, 
concentrations used here.  
 It was, furthermore, observed in previous studies, that the treatment of soils with high 
concentrations of ZnO NPs or dissolved Zn can both increase or decrease the soil pH 
(Heggelund et al., 2014, Kool et al., 2011). Such changes in pH will have an impact on soil 
properties, hence making it difficult to assess the relevance of any effects and toxicity, which 
are induced by the ZnO NPs. In contrast, the low Zn dosing levels employed in this study, 
are not expected to have any impact on the soil chemistry. 
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5.4.2 Zn Uptake and accumulation 
 In this study, the uptake of the two 68Zn-E forms by the earthworm L. rubellus yielded 
essentially indistinguishable results. However, accumulation of 68Zn-E in the unsealed 
worms leads to 68Zn-E tissue concentrations that are about a factor of x20 higher than in 
sealed specimens (Figure 5.4, Table 5.4). This demonstrates that 68Zn-E from ZnO NPs is 
bioavailable and that oral ingestion constitutes the major uptake pathway, whilst uptake 
through the body plays a minor but significant role (~5% of total uptake). Further 
investigation of the kinetics revealed that the uptake rate constants for 68Zn-E by L. rubellus 
are also an order of magnitude higher for the unsealed than sealed worms, but are identical 
within error for the two forms of 68Zn-E. In contrast, the elimination rate constants are 
indistinguishable regardless of 68Zn-E form and uptake pathway (Table 5.6).  
 The similarity observed in the tissue accumulation and uptake kinetics for the two 
68Zn-E forms is presumably related to the low dosing concentrations that were employed. In 
particular, the dissolution of 68ZnO NPs over the 2 day acclimatization period is likely to have 
produced exposure conditions similar to those established in soils treated with dissolved 
68Zn, this is supported by the similarity of the 68Zn-E concentrations in the soil pore waters 
(Figure 5.2). In contrast dissolution may be limited when higher concentrations of ZnO NPs 
are employed, due to the pore water surrounding the NPs approaching or achieving 
saturation. The findings of Heggelund et al. (2014) and Hooper et al. (2011) are relevant in 
this context, as they reported higher Zn tissue concentrations for earthworms exposed to 
ZnO NPs as opposed to dissolved Zn, when high dosing levels were employed. This 
observation was attributed to direct internalization of ZnO NPs by the organisms, which may 
deliver nano-specific toxicity. However, in this study exposures to the two 68Zn-E forms 
yielded identical internal 68Zn-E concentrations. This suggests that there is a fundamental 
difference in the Zn uptake pathways that are relevant when ZnO NPs are present at high 
and low levels in soils. In particular, this may reflect more rapid and/or complete dissolution 
of the NPs within the soil at low concentrations, such that discrete particles are not available 
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for uptake by organisms, whereas in the high concentration exposures NPs were observed 
to be taken up directly.  
 Vijver et al. (2003) also assessed the dermal uptake pathway of metals by the 
earthworm L. rubellus. These workers found that dermal uptake accounted for 21% and 30% 
of total Zn uptake in exposures with two contaminated field soils that had Zn concentrations 
of 732 mg kg-1 and 2092 mg kg-1, respectively. Further understanding of the dermal uptake 
route can be gained by combining the data of Vijver et al. (2003) with the results of the 
current study. In particular, this combined dataset reveals a positive correlation between the 
proportion of Zn uptake via the dermal route and the Zn concentration of the pore water 
relative to the soil (Figure 5.6). This correlation may indicate that it is Zn associated with the 
pore water, which is primarily available for dermal uptake. Furthermore, the BCFs of 3.5 and 
2.8 that were determined here for the sealed earthworms are similar to the BAFs for the 
unsealed specimens (Table 5.7). This also supports the conclusion that it is primarily Zn 
associated with pore water, which is available for dermal uptake by the earthworms. 
 
 
 
 
 
 
 
 
 
 
 
 
 
Figure 5.6 The proportion of dermal to total uptake of Zn vs the Zn concentration of 
porewater relative to soil. The red squares and blue diamonds represent data from this 
study and Vijver et al. (2003) respectively. 
0
10
20
30
0 0.02 0.04 0.06 0.08 0.10
Pore water [Zn]/Soil [Zn]
U
pt
ak
e 
of
 Z
n 
vi
a 
de
rm
al
 p
at
hw
ay
 (%
)
Adam John Laycock, PhD Thesis, 2014
134
 Heggelund et al. (2014) also reported BAFs and BCFs based on exposures that were 
conducted at the EC50 concentrations of ZnO NPs and ZnCl2, using the total Zn 
concentrations determined for earthworm tissue, soils and pore water. These results cannot 
be directly compared to the data reported here, as our study focuses solely on the mass 
balance of the added 68Zn-E, whilst the natural Zn background is ignored. The values 
calculated as part of this study are arguably more relevant as only the added 68Zn-E is 
considered and this was dosed at low, environmentally relevant concentrations. The BAFs of 
0.48 and 0.39 that were reported by Heggelund et al. (2014) for exposures with ZnO NP and 
dissolved Zn, respectively, are much lower than our results of 3.40 and 4.86 for equivalent 
experiments (Table 5.7). Heggelund et al. (2014) interpret BAFs of <1 as the earthworms 
being under stress at the high Zn concentrations and attempting to regulate metal uptake. 
This would suggest that the values of >1 observed here indicate that the earthworms were 
scavenging and retaining metals from the environment and not in a state of regulating 
excess Zn. However this difference is likely to be at least partly due to BAFs being 
calculated using added Zn only as opposed to total Zn, and the low concentrations used in 
this study. 
 The indistinguishable bioavailability and accumulation of Zn from ZnO NPs and 
dissolved Zn found in this study reinforces the study of Hooper et al. (2011), who suggested 
that risk assessments can assume that the Zn introduced by ZnO NPs is available in ionic 
form. However, our data does not unequivocally demonstrate in which form the 68Zn-E 
enters earthworm tissue when 68ZnO NPs are present. If 68ZnO NPs, or specific forms of 
68Zn which are derived from the NPs, are internalized, this could possibly lead to nano-
specific effects, which may only be evident in chronic or repeated exposures. Further work is 
hence necessary, which investigates (i) the chemical transformation experienced by different 
forms of Zn in relevant natural environments and (ii) in which forms Zn is available to and 
taken up by. 
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5.5 Conclusions 
 The results of this study clearly demonstrate the advantages of using an enriched 
stable isotope label for tracing purposes. Here, it has enabled a detailed characterization of 
the uptake of Zn from ZnO NPs and dissolved ZnCl2 by earthworms, when these were 
employed at an environmentally relevant exposure concentration of 5 mg kg-1 in soil. The 
level of sensitivity provided by the methods was sufficient to allow quantification of even very 
small fluxes, such as the dermal Zn uptake by earthworms after only four hours of exposure. 
The major pathway for uptake of Zn into earthworm tissue was by oral ingestion, with 
dermal uptake accounting for ~5% of the total accumulation. In addition, it is primarily Zn 
associated with pore water, which is available for dermal uptake. Importantly, the results of 
this study demonstrate that the behavior and bioavailability of ZnO NPs, when introduced at 
an environmentally relevant concentration, are indistinguishable from dissolved Zn, 
regardless of the uptake pathway. Some of the results presented in this study do not 
correlate well with similar exposure studies where higher exposure concentrations were 
used. This is an important finding, which indicates that concentration dependent effects must 
be taken into consideration in such investigations. 
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 Chapter 6: 
Summary  
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6.1 Thesis summary and conclusions 
 The aim of this thesis was to develop the technique of stable isotope tracing for 
engineered nanoparticles (NPs). The primary motivation was to achieve detection 
capabilities that are sufficiently sensitive, such that these materials can be quantified in 
complex natural samples, even when exposures are conducted at predicted environmental 
concentrations. Prior to performing such exposures, it is important to (i) carefully evaluate 
the detection capabilities that are achievable for a specific isotope, isotope enrichment and 
analytical procedure, and (ii) identify an appropriate technique to produce the desired 
isotopically labeled NPs. These considerations were examined in Chapters 2 and 3 for CeO2 
and Ag NPs, respectively. 
 In Chapter 2, commercially available CeO2 NPs were found to display only a limited 
variability of less than 0.25‰ in the 142Ce/140Ce isotope ratio and were also isotopically 
indistinct from other commercial sources of Ce. Thus, these materials do not possess a 
sufficiently unique and hence traceable isotopic signature. However, the use of stable 
isotopes offers a powerful tool for the detection and tracing of engineered CeO2 NPs, if the 
particles are synthesized from material that is artificially enriched in a single stable Ce 
isotope. The best results, in terms of detection and quantification, are offered when enriched 
isotopes with low natural abundances are used, and when sample analysis is conducted 
with high precision instrumentation. Under such conditions, it was found that an increase of 
0.02‰ in the total Ce concentration from the addition of an enriched 136Ce or 138Ce isotope 
label, would be sufficient for their detection. However, the high cost associated with enriched 
isotopes that have a low natural abundance means that the more affordable 140Ce isotope 
label is likely to be favorable for most applications. The detection of an enriched 140Ce 
isotope label is still already possible when the Ce concentration is increased by only 0.7‰, 
with the cost being approximately x100 lower than the enriched 136Ce or 138Ce isotopes. 
Also presented in Chapter 2 are optimized methods for the preparation and analysis 
by multiple collector ICP-MS of samples generated from environmental screening studies. 
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These methods are validated through the controlled dosing of natural samples with an 
enriched 140Ce isotope spike. 
 To apply stable isotope labeling to NPs it is first necessary to have specifically 
optimized synthesis protocols. Such protocols will ideally be small-scale and reliable, whilst 
providing high yields. These factors will influence the final cost of the isotopically labeled 
NPs and therefore may determine whether a study is financially feasible. Methods for the 
synthesis of isotopically labeled Ag NPs are presented in Chapter 3. The labeled NPs are 
shown to be indistinguishable from equivalent NPs, prepared using natural Ag. The Ag 
isotope system is relatively simple, with only two naturally occurring stable isotopes of near 
equal abundance. As such, either of the enriched Ag stable isotopes can be detected when 
they increase the total Ag concentration of a sample by as little as 0.3‰. 
 The two exposures conducted with isotopically labeled 68ZnO NPs, described in 
Chapters 4 and 5, were informed by an evaluation of the detection capabilities offered by an 
enriched 68Zn isotope label (Larner and Rehkämper, 2012). Chapter 4 explores the uptake 
and efflux of enriched 68Zn by the estuarine snail Peringia ulvae, when introduced as either 
68ZnO NPs, dissolved 68Zn or 68ZnO bulk-particles. It was concluded that the 68ZnO NPs 
most likely underwent rapid dissolution in the artificial seawater exposure media resulting in 
behavior that was comparable to the dissolved 68Zn and differed from the 68ZnO bulk-particle 
exposures. 
 Chapter 5 presents the results for an exposure of the earthworm Lumbricus rubellus 
to 68ZnO NPs and dissolved 68Zn in soils. The sealing of the mouthparts of selected 
earthworms, to prevent ingestion, allowed dermal and dietary uptake routes to be assessed 
separately. This study found that the partitioning behavior of the two Zn forms were 
indistinguishable in the soil. Both sealed and unsealed earthworms furthermore yielded 
uptake and elimination rate constants for the 68Zn isotope label that were identical, within 
error, for both 68Zn forms. In addition the observations suggest that is enriched 68Zn 
associated with the pore water that was available for uptake via the dermal route. 
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Importantly, this study was conducted at environmentally relevant levels and highlighted how 
studies performed using high and excessive dosing may be subject to concentration effects. 
 
6.2 Future work 
 The approach of stable isotope labeling provides immense potential for studying the 
behavior and environmental fate of engineered NPs at low and environmentally relevant 
concentrations. The methodology, therefore, offers the opportunity to test or validate the 
findings of studies that have been performed at higher dosing levels. By comparing the 
observations made in the high dosing studies with work conducted at low and 
environmentally relevant levels it should be possible to determine if the high concentrations 
mask or induce nano-specific effects. 
 There are currently published protocols for the synthesis of isotopically labeled ZnO, 
CuO and Ag NPs (Dybowska et al., 2011, Laycock et al., 2014, Misra et al., 2012). However, 
the approach of stable isotope labeling may be applied to any engineered NP which features 
a multi-isotopic element as the major constituent. It is therefore expected that methods for 
the preparation of other isotopically labeled NPs will become available in the future. 
 An exciting possibility offered by stable isotopes is that multiple enriched isotopes 
can be employed in a single experiment or exposure. This would allow a single exposure 
system to be treated with several enriched isotopes simultaneously. This could be 
approached in one of two ways. First, exposures could be performed using several types of 
isotopically labeled NPs, for example 107Ag and 68ZnO NPs. Second, for elements with three 
or more isotopes, multiple forms of the same element can be labeled with different enriched 
isotopes, for example aqueous 66Zn and 68ZnO NPs. Experiments that employ multiple 
enriched isotopes offer important benefits. In particular, the approach can dramatically 
reduce the number of samples produced, and therefore increase sample throughput whilst 
decreasing the cost of sample analysis. Furthermore, dosing of the same exposure system 
with different forms of the same element with distinct labels of two (or more) different NPs 
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would allow direct comparisons to be made and reduce uncertainties that may arise from 
natural variability or individual behavior.   
 A limitation of the current work is that the form of an isotopically enriched label in a 
sample cannot be unequivocally determined. It would be beneficial to be able to monitor the 
changes that NPs undergo once introduced to an exposure system and identify the form in 
which an isotope label is available to an organism. One way in which this may be achievable 
would be to conduct isotopic mapping of an exposed sample using an ion microprobe. For 
example, if an exposed tissue is analyzed and the enriched isotope label is found in discrete 
locations as opposed to being homogeneously dispersed, then this would be indicative of 
the direct uptake of NPs, which could then deliver nano-specific effects (Figure 6.1).  
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
Figure 6.1 Two samples exposed to isotopically labeled 68ZnO NPs. Black regions contain 
only enriched 68Zn, white areas are natural Zn only, and grey fields are a mixture of these. 
A) A sample containing discrete 68ZnO NPs. B) A sample where the 68Zn from the 68ZnO 
NPs has become evenly distributed throughout and NPs are no longer evident. 
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 Such analyses may be achievable using a NanoSIMS instrument, which can offer a 
resolution of up to ~50nm and detection limits in the ppb range. However, this approach 
would also offer distinct disadvantages. For example such analysis would focus on small 
samples, such as a cross section of an individual organism, this raises two issues i) If the 
analyzed sample is representative of not just the individual but also of the exposed 
organisms ii) In order to locate and identify a single NP within an organism the individual 
must contain a high number of particles and therefore high dosing is likely to be required, 
which would raise the question of environmental relevance and representative behavior. 
  
6.3 Closing remarks 
 This thesis has covered all aspects of stable isotope labeling and tracing for 
engineered NPs, from the evaluation and modeling of the detection sensitivities of 
isotopically labeled CeO2 NPs, the development of an appropriate synthesis protocol for 
isotopically labeled Ag NPs, and the application of 68ZnO NPs in environmental tracer 
studies. The most important advantage of stable isotope labeling is the unparalleled 
detection capabilities that the approach offers. The ability to detect and quantify these 
materials at environmentally relevant levels is essential in order to understand the behavior, 
transport and fate of engineered NPs. The technique of stable isotope labeling and tracing 
therefore has much more to offer, and it is likely that studies that employ these methods and 
materials will make important contributions to this field of research. 
 The nature of this work has necessitated the collaboration of workers from the fields 
of isotopic analysis, ecotoxicity, and material science. Only through a combined effort will the 
required facilities and knowledge be brought together to accomplish such research. 
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Particles sizes and Proportional difference from the mean (PDMS) determined by DLS
* Best data = the two largest outliers were removed prior to statistical evaluation
PDMS = (MS - SamS) / MS
MS = Mean particle size for all particles with the same target size
SamS = Measured particle size of sample
Pristine Particles:
Particle Batch All Data Best Data
Diameter PDMS PDI Diameter PDMS
(nm) (nm)
AgNP1 - 30nm
Nat-AgNP1-May12-F 41.6 0.28 0.25
107-AgNP1-May12-F 29.3 -0.10 0.22 29.3 -0.05
Nat-AgNP1-May12-IC 35.5 0.09 0.26 35.5 0.15
107-AgNP1-May12-IC 31.2 -0.04 0.16 31.2 0.01
Nat-AgNP1-Oct12-F 26.5 -0.19 0.13 26.5 -0.14
107-AgNP1-Oct12-F 31.2 -0.04 0.18 31.2 0.01
Average 32.6 30.7
SD 4.9 2.9
AgNP2 - 20nm
Nat-AgNP2-May12-F 20.7 0.06 0.33 20.7 0.02
107-AgNP2-May12-F 16.7 -0.15 0.25 16.7 -0.17
Nat-AgNP2-May12-IC 17.2 -0.12 0.28 17.2 -0.15
107-AgNP2-May12-IC 16.3 -0.17 0.27
Nat-AgNP2-Oct12-F 22.6 0.16 0.15 22.6 0.12
107-AgNP2-Oct12-F 23.9 0.22 0.20 23.9 0.18
Average 19.6 20.2
SD 3.0 2.9
AgNP3 - 17nm
Nat-AgNP3-May12-F 17.1 -0.18 0.20 17.1 -0.12
107-AgNP3-May12-F 24.3 0.16 0.24 24.3 0.25
Nat-AgNP3-May12-IC 18.2 -0.13 0.23 18.2 -0.07
107-AgNP3-May12-IC 20.6 -0.02 0.29 20.6 0.06
Nat-AgNP3-Oct12-F 17.2 -0.18 0.25 17.2 -0.12
107-AgNP3-Oct12-F 28.1 0.34 0.44
Average 20.9 19.5
SD 4.1 2.7
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Aged Particles
Storage Diameter PDMS PDI Diameter PDMS
(months) (nm) (nm)
AgNP1 - 30nm
Nat-AgNP1-May12-F 12 41.5 0.24 0.25
107-AgNP1-May12-F 12 29.7 -0.11 0.20 29.7 -0.05
Nat-AgNP1-May12-IC 12 35.3 0.06 0.23 35.3 0.13
107-AgNP1-May12-IC
Nat-AgNP1-Oct12-F 6 26.8 -0.20 0.11 26.8 -0.15
107-AgNP1-Oct12-F 6 33.7 0.01 0.22 33.7 0.07
Average 33.4 31.4
SD 5.6 3.3
AgNP2 - 20nm
Nat-AgNP2-May12-F 12 19.7 0.02 0.25 19.7 0.02
107-AgNP2-May12-F 12 14.6 -0.24 0.34 14.6 -0.24
Nat-AgNP2-May12-IC 8 16.8 -0.13 0.35 16.8 -0.13
107-AgNP2-May12-IC 12 17.5 -0.09 0.18 17.5 -0.09
Nat-AgNP2-Oct12-F 6 22.9 0.19 0.10 22.9 0.19
107-AgNP2-Oct12-F 6 24.1 0.25 0.18 24.1 0.25
Average 19.3 19.3
SD 3.4 3.4
AgNP3 - 17nm
Nat-AgNP3-May12-F
107-AgNP3-May12-F
Nat-AgNP3-May12-IC 12 16.8 -0.32 0.31 16.8 -0.14
107-AgNP3-May12-IC 12 24.1 -0.03 0.21 24.1 0.24
Nat-AgNP3-Oct12-F 6 32.5 0.31 0.52 32.5 0.67
107-AgNP3-Oct12-F 6 26.1 0.05 0.39
Average 24.9 24.5
SD 5.6 6.4
Particle Batch
All Data Best Data
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Nat AgNPs vs. 107AgNPs for AgNP1, 2 & 3 Nat AgNPs vs. 107AgNPs for AgNP1, 2 & 3
Using particle size Using proportional difference from the mean
All Data Best Data All Data Best Data
AgNP1 AgNP1
Nat-May12-F 41.6 Nat-May12-F 0.28
Nat-May12-IC 35.5 35.5 Nat-May12-IC 0.09 0.15
Nat-Oct12-F 26.5 26.5 Nat-Oct12-F -0.19 -0.14
Average 34.5 31.0 Average 0.06 0.01
SD 6.2 4.5 SD 0.19 0.15
107-May12-F 29.3 29.3 107-May12-F -0.10 -0.05
107-May12-IC 31.2 31.2 107-May12-IC -0.04 0.01
107-Oct12-F 31.2 31.2 107-Oct12-F -0.04 0.01
Average 30.6 30.6 Average -0.06 -0.01
SD 0.9 0.9 SD 0.03 0.03
t-test p-value 0.46 0.94 t-test p-value 0.46 0.94
All Data All Data
AgNP2 AgNP2
Nat-May12-F 20.7 Nat-May12-F 0.06
Nat-May12-IC 17.2 Nat-May12-IC -0.12
Nat-Oct12-F 22.6 Nat-Oct12-F 0.16
Average 20.2 Average 0.03
SD 2.2 SD 0.11
107-May12-F 16.7 107-May12-F -0.15
107-May12-IC 16.3 107-May12-IC -0.17
107-Oct12-F 23.9 107-Oct12-F 0.22
Average 19.0 Average -0.03
SD 3.5 SD 0.18
t-test p-value 0.71 t-test p-value 0.71
All Data Best Data All Data Best Data
AgNP3 AgNP3
Nat-May12-F 17.1 17.1 Nat-May12-F -0.18 -0.12
Nat-May12-IC 18.2 18.2 Nat-May12-IC -0.13 -0.07
Nat-Oct12-F 17.2 17.2 Nat-Oct12-F -0.18 -0.12
Average 17.5 17.5 Average -0.16 -0.10
SD 0.5 0.5 SD 0.02 0.03
107-May12-F 24.3 24.3 107-May12-F 0.16 0.25
107-May12-IC 20.6 20.6 107-May12-IC -0.02 0.06
107-Oct12-F 28.1 107-Oct12-F 0.34
Average 24.3 22.5 Average 0.16 0.15
SD 3.1 1.9 SD 0.15 0.09
t-test p-value 0.08 0.22 t-test p-value 0.08 0.22
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Nat Ag vs. 107AgNPs for each synthesis ocassion
Using proportional difference from the mean
All Data Best Data Nat AgNPs vs. 107AgNPs for all factors
May12-F Using proportional difference from the mean
AgNP1 0.28
AgNP2 0.06 0.02
AgNP3 -0.18 -0.12
All Data Best Data
Average 0.05 -0.05 Nat Ag
SD 0.19 0.07 NatAgNP1-May12-F 0.28
NatAgNP1-May12-IC 0.09 0.15
107AgNP1 -0.10 -0.05 NatAgNP1-Oct12-F -0.19 -0.14
107AgNP2 -0.15 -0.17 NatAgNP2-May12-F 0.06 0.02
107AgNP3 0.16 0.25 NatAgNP2-May12-IC -0.12 -0.15
NatAgNP2-Oct12-F 0.16 0.12
Average -0.03 0.01 NatAgNP3-May12-F -0.18 -0.12
SD 0.14 0.18 NatAgNP3-May12-IC -0.13 -0.07
NatAgNP3-Oct12-F -0.18 -0.12
t-test p-value 0.66 0.72
Average -0.02 -0.04
All Data Best Data SD 0.16 0.11
May12-IC
AgNP1 0.09 0.15 107 Ag
AgNP2 -0.12 -0.15 107AgNP1-May12-F -0.10 -0.05
AgNP3 -0.13 -0.07 107AgNP1-May12-IC -0.04 0.01
107AgNP1-Oct12-F -0.04 0.01
Average -0.05 -0.02 107AgNP2-May12-F -0.15 -0.17
SD 0.10 0.13 107AgNP2-May12-IC -0.17 0.00
107AgNP2-Oct12-F 0.22 0.18
107AgNP1 -0.04 0.01
107AgNP2 -0.17 0.00 107AgNP3-May12-F 0.16 0.25
107AgNP3 -0.02 0.06 107AgNP3-May12-IC -0.02 0.06
107AgNP3-Oct12-F 0.34
Average -0.07 0.02
SD 0.07 0.02 Average 0.02 0.04
SD 0.17 0.12
t-test p-value 0.82 0.68
t-test p-value 0.57 0.26
All Data Best Data
Oct12-F
AgNP1 -0.19 -0.14
AgNP2 0.16 0.12
AgNP3 -0.18 -0.12
Average -0.07 -0.05
SD 0.16 0.12
107AgNP1 -0.04 0.01
107AgNP2 0.22 0.18
107AgNP3 0.34
Average 0.17 0.10
SD 0.16 0.08
t-test p-value 0.20 0.32
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Synthesis at FENAC vs. Imperial Synthesis by AL vs. BS
Using proportional difference from the mean Using proportional difference from the mean
All Data Best Data All Data Best Data
FENAC AL
NatAgNP1-May12 0.28 NatAgNP1-May12-F 0.28
NatAgNP2-May12 0.06 0.02 NatAgNP2-May12-F 0.06 0.02
NatAgNP3-May12 -0.18 -0.12 NatAgNP3-May12-F -0.18 -0.12
NatAgNP1-Oct12 -0.19 -0.14 107AgNP1-May12-F -0.10 -0.05
NatAgNP2-Oct12 0.16 0.12 107AgNP2-May12-F -0.15 -0.17
NatAgNP3-Oct12 -0.18 -0.12 107AgNP3-May12-F 0.16 0.25
107AgNP1-May12 -0.10 -0.05 NatAgNP1-May12-IC 0.09 0.15
107AgNP2-May12 -0.15 -0.17 NatAgNP2-May12-IC -0.12 -0.15
107AgNP3-May12 0.16 0.25 NatAgNP3-May12-IC -0.13 -0.07
107AgNP1-Oct12 -0.04 0.01 107AgNP1-May12-IC -0.04 0.01
107AgNP2-Oct12 0.22 0.18 107AgNP2-May12-IC -0.17 0.00
107AgNP3-Oct12 0.34 107AgNP3-May12-IC -0.02 0.06
Average 0.03 -0.05 Average -0.03 -0.05
SD 0.19 0.07 SD 0.14 0.07
Imperial BS
NatAgNP1-May12 0.09 0.15 NatAgNP1-Oct12 -0.19 -0.14
NatAgNP2-May12 -0.12 -0.15 NatAgNP2-Oct12 0.16 0.12
NatAgNP3-May12 -0.13 -0.07 NatAgNP3-Oct12 -0.18 -0.12
107AgNP1-May12 -0.04 0.01 107AgNP1-Oct12 -0.04 0.01
107AgNP2-May12 -0.17 0.00 107AgNP2-Oct12 0.22 0.18
107AgNP3-May12 -0.02 0.06 107AgNP3-Oct12 0.34
Average -0.06 0.00 Average 0.05 0.01
SD 0.09 0.09 SD 0.20 0.13
t-test p-value 0.18 0.96 t-test p-value 0.45 0.76
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NatAg Vs 107Ag for all factors Pristine Vs Aged
Using PDIs Using PDIs
All Data All Data
Nat Ag Pristine
NatAgNP1-May12-F 0.25 Nat-AgNP1-May12-F 0.25
NatAgNP1-May12-IC 0.26 107-AgNP1-May12-F 0.22
NatAgNP1-Oct12-F 0.13 Nat-AgNP1-May12-IC 0.26
NatAgNP2-May12-F 0.33 107-AgNP1-May12-IC 0.16
NatAgNP2-May12-IC 0.28 Nat-AgNP1-Oct12-F 0.13
NatAgNP2-Oct12-F 0.15 107-AgNP1-Oct12-F 0.18
NatAgNP3-May12-F 0.20 Nat-AgNP2-May12-F 0.33
NatAgNP3-May12-IC 0.23 107-AgNP2-May12-F 0.25
NatAgNP3-Oct12-F 0.25 Nat-AgNP2-May12-IC 0.28
107-AgNP2-May12-IC 0.27
Average 0.23 Nat-AgNP2-Oct12-F 0.15
SD 0.06 107-AgNP2-Oct12-F 0.20
Nat-AgNP3-May12-F 0.20
107Ag 107-AgNP3-May12-F 0.24
107AgNP1-May12-F 0.22 Nat-AgNP3-May12-IC 0.23
107AgNP1-May12-IC 0.16 107-AgNP3-May12-IC 0.29
107AgNP1-Oct12-F 0.18 Nat-AgNP3-Oct12-F 0.25
107AgNP2-May12-F 0.25 107-AgNP3-Oct12-F 0.44
107AgNP2-May12-IC 0.27
107AgNP2-Oct12-F 0.20 Average 0.24
107AgNP3-May12-F 0.24 SD 0.07
107AgNP3-May12-IC 0.29
107AgNP3-Oct12-F 0.44 Aged
Nat-AgNP1-May12-F 0.25
Average 0.25 107-AgNP1-May12-F 0.20
SD 0.08 Nat-AgNP1-May12-IC 0.23
Nat-AgNP1-Oct12-F 0.11
t-test p-value 0.59 107-AgNP1-Oct12-F 0.22
Nat-AgNP2-May12-F 0.25
107-AgNP2-May12-F 0.34
Nat-AgNP2-May12-IC 0.35
107-AgNP2-May12-IC 0.18
Nat-AgNP2-Oct12-F 0.10
107-AgNP2-Oct12-F 0.18
Nat-AgNP3-May12-IC 0.31
107-AgNP3-May12-IC 0.21
Nat-AgNP3-Oct12-F 0.52
107-AgNP3-Oct12-F 0.39
Average 0.27
SD 0.12
t-test p-value 0.65
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labeled silver nanoparticles for tracing studies†
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Eugenia Valsami-Jones,bc Jamie R. Leadcd and Mark Rehkämperab
Silver nanoparticles (AgNPs) are ever more being used in industrial processes and consumer products,
resulting in increasing emissions to the natural environment. To understand the behavior and
environmental fate of AgNPs, it is paramount that they can be traced in complex natural samples from
exposures at high sensitivity. The technique of stable isotope labeling is ideally suited for this purpose. To
support such applications, we present a detailed evaluation of techniques for the preparation of stable
isotope labeled AgNPs and demonstrate that isotopically modified particles are only distinguishable from
particles with a natural isotope composition by their strong isotopic signature. Monodisperse suspensions
of citrate-stabilized AgNPs with target sizes of 17, 20 and 30 nm were synthesized by reduction of silver
nitrate solutions with sodium borohydride. The AgNP suspensions were produced using both natural Ag,
which is comprised of the two stable isotopes 107Ag (52%) and 109Ag (48%), and Ag enriched to 99.2% in
107Ag. Synthesis was reliably reproduced on three separate occasions in two laboratories. The AgNPs
were characterized using dynamic light scattering (DLS) shortly after synthesis and after up to 12 months
storage. Some of the batches were also characterized using transmission electron microscopy (TEM) and
asymmetric flow field-flow fractionation (FlFFF). The particle size distributions showed good reproducibility
between the laboratories and stability over 12 months of storage. Importantly, the 107Ag-enriched particles
were indistinguishable in size and shape from particles with a natural isotope composition. The reliability,
control on particle size, and high yield of about 80%, demonstrate that the synthesis technique is well suited
for small-scale production of isotopically labeled AgNPs. Isotope mass balance calculations furthermore
show that the application of labeling enables tracing sensitivities for AgNPs that are at least 40 times, and
possibly up to 4000 times, higher than those achievable with bulk Ag concentration measurements and
experiments with exposure concentrations that approach predicted environmental levels are possible, if the
most precise isotopic measurement techniques are employed.Nano impact
The application of isotopically labeled nanoparticles enables the accurate and precise tracing of these materials in exposure experiments, even when
carried out at low and environmentally relevant concentrations. However, isotopically labeled nanoparticles are not commercially available and published
synthesis techniques tend to be unsuitable for use with an isotopically enriched pre-cursor material. This is the first study to provide protocols specifically
optimized for the small-scale, high yield synthesis of isotopically labeled silver nanoparticles with defined sizes. The synthesis techniques are rigorously
assessed and shown to be fit for purpose. Apart from their isotope composition the silver nanoparticles produced using both a ‘natural’ and an isotopically
enriched precursor are shown to be indistinguishable. In addition the nanoparticle suspensions are shown to be stable after 12 months storage. A com-
prehensive evaluation of the nanoparticles produced here demonstrates the detection capabilities possible when these materials are employed in environ-
mental tracer studies. Detailed equations are also presented to show how the quantification of an enriched isotope label can be achieved from the isotope
ratio of a sample.Environ. Sci.: Nano
, Department of Environmental
University of South Carolina,
) available. See DOI: 10.1039/
Fig. 1 Demonstrates how the contribution from isotopically enriched
107Ag to a natural Ag background will result in a deviation in the
107Ag/109Ag that can be directly related to the degree of accumulation.
Environmental Science: NanoPaper
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As a consequence of the ubiquitous use of Ag in the photogra-
phy and imaging industries, anthropogenic emissions of Ag
and their environmental fate have been monitored for many
decades.1 Whilst the rise of digital photography has signifi-
cantly reduced such emissions, new concerns have arisen as
engineered Ag nanoparticles (AgNPs) are increasingly employed
in a broad range of industrial processes and consumer prod-
ucts and emitted into the environment.1,2 Whilst not compre-
hensive, there are currently 390 products (November 2013)
listed on the Woodrow Wilson Database3 that incorporate
nano-silver, demonstrating the diverse range of products in
which this nanomaterial is found. A focus of current research
and debate is whether there are (nano-) specific effects, which
increase the bioavailability and toxicity of Ag when present in
nanoparticulate form.2 This concern has prompted numerous
studies to investigate the environmental transport, behavior,
fate and ecotoxicology of engineered AgNPs.
Ideally, such studies are carried out at ‘realistic’ environmental
conditions, whereby exposures employ NM (nanomaterial) con-
centrations that are similar to or not far removed from present
or predicted values. Recently, Gottschalk, et al.4 compiled and
reviewed measured and modeled environmental concentra-
tions of engineered NMs. Based on the reviewed data, pre-
dicted environmental levels of engineered nano-Ag are in the
range of 0.1 to 100 ng L−1 for surface waters, 1 to 100 ng L−1
for effluents of waste water treatment plants, 1 to 1000 μg kg−1
for biosolids, 1 to 10 μg kg−1 for sediments, and 0.1 to 1000 μg kg−1
for soils. Significantly, these levels are roughly similar to the
natural Ag background concentrations of these materials.5
Studies that interrogate the environmental fate of AgNPs
typically employ concentration measurements by ICP-MS to
quantify the presence of Ag (from NPs) in exposure systems.
Such analyses are straightforward but require that exposures
employ AgNP concentrations that exceed ‘realistic’ environ-
mental levels by several orders of magnitude. This requirement
follows from (i) the comparatively high natural Ag background
(see above), and (ii) the condition that unequivocal tracing of
AgNPs relies on the detection of anomalies in Ag concentra-
tion that clearly exceed these background levels. For example,
Shoults-Wilson, et al.6 used AgNP concentrations of 10 to
1000 mg kg−1 in soil exposures of the earthworm Eisenia fetida,
whilst Zhao and Wang7 applied AgNPs at 20 to 500 μg L−1 in
a waterborne exposure of Daphnia magna. It is conceivable
that ecotoxicity studies, which are carried out at such high
(and unrealistic) AgNP concentrations, may induce and thus
identify distinct patterns of particle behavior and biological
interactions that are only relevant for the high particle con-
centrations that are employed. The challenge is, therefore, to
investigate whether the same effects are also observed at low
but environmentally relevant NP levels.
To circumvent the limited sensitivity of concentration
tracing, alternative NM tracing methods have been explored,
particularly fluorescent coatings8,9 and radiolabeling,10–12 but
both techniques have associated drawbacks. The applicationEnviron. Sci.: Nano 163of fluorescent coatings can affect the surface chemistry of
the materials and influence their behavior, such as changes
to and suppression of dissolution.13 The coatings may fur-
thermore dissociate from the NPs14 and free ions from NP
dissolution cannot be traced with this method. Radiolabeled
nanomaterials are produced by activation in a nuclear reac-
tor15,16 and the technique is therefore hindered, as specialist
equipment, dedicated laboratories and licenses are required
for the handling of radioactive materials. A further disadvan-
tage is the often short half-lives of the radiolabels.
An attractive alternative method of labeling, which does
not suffer from the above drawbacks, involves the application
of enriched stable isotopes. The basic approach of stable iso-
tope labeling relies on the detection of changes in a diagnos-
tic isotope ratio, which are produced in an experimental
system by the introduction of a ‘contaminant’ that is pre-
pared from a highly enriched single isotope of the target ele-
ment. In the case of Ag, the natural form of the element
consists of nearly equal amounts of the isotopes 107Ag and
109Ag but highly enriched (to >99%) 107Ag can be purchased
from a number of sources. The introduction of essentially
pure 107Ag into an exposure will not only increase the total Ag
concentration of the system but also change the 107Ag/109Ag
isotope ratio, such that this exceeds the natural value of ~1.
The magnitude of the isotopic perturbation hereby depends
on the relative contributions of enriched 107Ag to natural Ag
(Fig. 1). As (i) natural variations in isotope compositions are
typically small for most elements and (ii) isotope ratios can be
measured much more precisely than absolute concentrations,
the use of enriched stable isotopes provides an extremely
selective and sensitive means of elemental tracing, even in
the presence of high natural background levels.17,18 Conse-
quently, the stable isotope approach has been used success-
fully for several decades in the fields of medical, life and
environmental sciences, when highly sensitive and precise
tracing methods were required.19,20
More recently, it has been shown that stable isotope trac-
ing can also be applied to nanomaterials, with pioneering
studies of ZnO and CuO NPs.17,18,21–23 A unique requirement
of such investigations is that the labeled NPs must be specifi-
cally prepared, from a single, highly enriched stable isotopeThis journal is © The Royal Society of Chemistry 2014
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Adam John Laycock, PhD Thesis, 2014form of the element. Particular advantages of this approach
are (i) high versatility, as it can, in principle, be applied to
any NP with a multi-isotopic element as the main constitu-
ent; (ii) the label cannot be lost by dissociation or degrada-
tion; and (iii) the unique isotopic signature of the element
remains traceable even if the speciation of the original mate-
rial changes, for example by dissolution. The methodology,
however, also requires that a suitable protocol for the prepa-
ration of labeled NPs is available. Whilst recipes for the syn-
thesis of various NMs with defined sizes and properties are
abundant in the literature, most of these methods are either
unsuitable for the synthesis of stable isotope labeled NPs or
they provide insufficient documentation for this purpose.
This conclusion follows from the relatively high price of com-
mercially available enriched stable isotopes, which typically
cost about $2 to $20 per mg of metal or metal oxide. Given
this non-negligible cost, methods for the preparation of iso-
topically labeled NMs must be optimized with a focus on
small-scale synthesis, reliability and high yields. These fac-
tors, however, are generally not considered in conventional
synthesis protocols, where particle size and shape are typi-
cally of higher priority.
In this study, we have examined existing protocols to
develop techniques for the optimized preparation of isotopi-
cally labeled AgNPs with distinct sizes. Rigorous evaluations
demonstrate that the methods are suitable for routine and
reliable small-scale synthesis of stable isotope labeled AgNPs
at yields of ~80%. The characterization of both labeled AgNPs
and control samples produced from natural Ag furthermore
unequivocally establishes that the labeling process does not
generate distinct or unusual physico-chemical particle prop-
erties. This is essential in order to demonstrate that isotopi-
cally modified AgNPs are equivalent to AgNPs with a natural
isotope composition and to validate the findings of any stud-
ies carried out using isotopically modified AgNPs, such as the
recent investigation of Gigault and Hackley.24 These workers24
used asymmetric-flow field flow fractionation system coupled
with on-line ICP-MS detection to show how a stable isotope
label may be used to confirm the presence of Ag from an iso-
topically enriched source within a natural sample. While this
technique offers rapid and definitive results it does not allow
accurate quantification of the enriched material in a sample.
Our study assesses the utility of the isotope tracing approach
beyond the level of simply detecting the isotope label in a
sample. To this end, we present the results of simple model
calculations, which reveal the lowest levels at which isotopi-
cally labeled AgNPs can be detected and accurately quantified
in relevant natural samples by stable isotope tracing, when
different common mass spectrometric methods are employed
for analysis.
2. Experimental
The AgNPs were synthesized by appropriately modified stan-
dard reduction methods.25,26 In particular, batches of parti-
cles with 3 target sizes were produced from both natural AgThis journal is © The Royal Society of Chemistry 2014 164and enriched 107Ag. Two operators carried out the AgNP syn-
thesis on three occasions in two laboratories and the repro-
ducibility of the methods was assessed by comprehensive
characterization of all NP batches produced.2.1 Choice of isotope label
When selecting an enriched stable isotope for labeling there
are several key considerations, including degree of isotopic
enrichment, cost of the material and the diagnostic isotope
ratio that will be monitored for the purpose of tracing. A
detailed discussion of these factors is provided by Larner and
Rehkämper.27 Silver has two naturally occurring stable isotopes,
107Ag and 109Ag, that have near equal natural abundances of
51.8% and 48.2%, respectively, and both are available at an
enrichment of about 99% (Isoflex U.S.A., February 2012). As
both isotopes are equally suitable for tracing, 107Ag was cho-
sen here for labeling because it was marginally cheaper than
109Ag (Isoflex U.S.A., February 2012).
2.2 Chemicals and reagents
Powdered Ag metal enriched to 99.2% in 107Ag (Isoflex U.S.A.)
was converted to 107AgNO3 by dissolution in 15.4 M HNO3 and
subsequent evaporation to dryness. Natural AgNO3 (>99% purity),
trisodium citrate dihydrate (>99% purity) and sodium boro-
hydride (99.99% trace metals basis) were purchased from
Sigma-Aldrich. Water of >18.2 MΩ cm quality (Millipore, UK)
and quartz-distilled mineral acids were used throughout.
Dilute artificial seawater (dilute-ASW) with a salinity of about
16 PSU was produced by dissolution of 32 g of Tropic Marin
Salt in 2 L purified water and used as medium for a dialysis
study to assess dissolution.
2.3 Synthesis
The synthesis protocols used here were adapted from the
methods outlined by Römer, et al.26 Three protocols, denoted
AgNP1, AgNP2, and AgNP3 (Table 1), were applied to produce par-
ticles with target sizes of 30, 20 and 17 nm, both with enriched
107Ag (denoted as 107-AgNP1, 107-AgNP2 and 107-AgNP3,
respectively) and natural Ag (denoted as Nat-AgNP1, Nat-AgNP2
and Nat-AgNP3). The NP batches are further designated to
indicate (i) the date of synthesis, either May or October 2012
(May12 or Oct12), and (ii) the laboratory in which synthesis
was conducted, either at the Facility for Environmental Nano-
science Analysis and Characterization (FENAC) at the University
of Birmingham or the MAGIC (Mass Spectrometry and Isotope
Geochemistry at Imperial College) Laboratories at Imperial
College London, (F and IC respectively). For example, the
non-labeled AgNPs with a 20 nm target size prepared at
FENAC in October 2012 are identified as Nat-AgNP2-Oct12-F
(Table 1).
For synthesis, 100 mL aqueous solutions of 0.25 mM
sodium citrate and 0.30 mM silver nitrate were cooled to 4 °C,
combined in a conical flask and vigorously stirred. To the
AgNP1 and AgNP2 batches, 6 mL aqueous NaBH4 was addedEnviron. Sci.: Nano
Table 1 Summary of characterization data obtained for batches of 107AgNPs and natural AgNPs prepared on three different occasions using the
three synthesis protocols. Results are shown for both pristine particles and after up to 12 months of storage
Freshly prepared particles Particles after storage
Particle batcha
DLS TEM FIFFF DLS
Yield
(%)
Diameterb
(nm) PDIc
Diameterd
(nm) CVe
dn
f
(nm)
dw
g
(nm) PDh
FWHMi
(nm)
Storagej
(months)
Diameterb
(nm) PDIc
AgNP1 protocol – target particle size 30 nm
Nat-AgNP1-May12-F 91 41.6 0.25 36 49 1.3 24 12 41.5 0.25
107-AgNP1-May12-F 64 29.3 0.22 27 31 1.2 26 12 29.7 0.20
Nat-AgNP1-May12-IC 14 35.5 0.26 12 35.3 0.23
107-AgNP1-May12-IC 31.2 0.16
Nat-AgNP1-Oct12-F 79 26.5 0.13 22.3 ± 6.7 0.30 6 26.8 0.11
107-AgNP1-Oct12-F 98 31.2 0.18 28.2 ± 8.3 0.29 6 33.7 0.22
AgNP2 protocol – target particle size 20 nm
Nat-AgNP2-May12-F 87 20.7 0.33 18 21 1.2 18 12 19.7 0.25
107-AgNP2-May12-F 83 16.7 0.25 17 22 1.3 17 12 14.6 0.34
Nat-AgNP2-May12-IC 61 17.2 0.28 8 16.8 0.35
107-AgNP2-May12-IC 61 16.3 0.27 12 17.5 0.18
Nat-AgNP2-Oct12-F 63 22.6 0.15 19.5 ± 5.7 0.29 6 22.9 0.10
107-AgNP2-Oct12-F 78 23.9 0.20 20.1 ± 6.3 0.31 6 24.1 0.18
AgNP3 protocol – target particle size 17 nm
Nat-AgNP3-May12-F 17.1 0.20 16 18 1.1 11
107-AgNP3-May12-F 24.3 0.24
Nat-AgNP3-May12-IC 77 18.2 0.23 12 16.8 0.31
107-AgNP3-May12-IC 31 20.6 0.29 12 24.1 0.21
Nat-AgNP3-Oct12-F 80 17.2 0.25 18.0 ± 5.2 0.29 6 32.5 0.52
107-AgNP3-Oct12-F 76 28.1 0.44 16.3 ± 4.8 0.29 6 26.1 0.39
DLS – Dynamic light scattering, TEM – Transmission electron microscopy, FIFFF – Asymmetric Flow Field Flow Fractionation.a Each particle
batch was designated depending on (i) whether the batch was labeled or non-labeled (107-AgNP or Nat-AgNP), (ii) which synthesis protocol
was used for the production (1, 2 or 3; see Table 2), (iii) whether the particles were made in May or October 2012 (May12 or Oct12) and (iv) the
laboratory in which the synthesis was carried out, either at FENAC, University of Birmingham (F) or the MAGIC Laboratory, Imperial College
London (IC). b The hydrodynamic diameter was calculated as the average of individual DLS measurements. c Polydispersity index. d The
average TEM diameter ±1sd is calculated from analyses of 234–337 individual particles. e Coefficient of variance = Standard deviation/TEM
diameter. f The number average hydrodynamic diameter. g The weighted average hydrodynamic diameter. h Polydispersity (dn/df).
i Full width
at half maximum. j Particle storage was in the dark at 4 °C.
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Adam John Laycock, PhD Thesis, 2014at a concentration of 10 and 1 mM, respectively, whilst noth-
ing was added to the AgNP3 batch at this stage. For all proto-
cols, the mixtures were then boiled for 90 minutes, after
which the AgNP1 and AgNP2 mixtures were removed from the
heat. For the AgNP3 batches, 6 mL of 10 mM aqueous NaBH4
solution were added to the mixture after 90 minutes of boil-
ing, followed by boiling for a further 10 minutes. All solutions
were thereafter allowed to cool overnight in the dark at roomEnviron. Sci.: Nano
Table 2 Summary of AgNP synthesis protocols
Step
Mix Na-citratea & Ag-nitrateb solutions then stir for
Add 6 mL NaBH4
c solution
Boil mixture
Add 6 mL NaBH4
c solution
Continue to boil
Allow to cool in the dark
a 100 mL of 0.30 mM Na-citrate solution in >18.2 MΩ cm water. b 100 m
with appropriate dilution, of 100 mL of 10 mM NaBH4 stock solution in >
165temperature. A summary of the synthesis protocols is given
in Table 2.
The particle suspensions were filtered through 0.1 μm
pore-size cellulose acetate filters to remove any larger (non-nano)
particulates. Non-reacted reagents were thereafter removed by
either diafiltration or dialysis. In the diafiltration method, the
volume of the suspensions was reduced to ~20 mL without
drying, by forcing through a 1 kDa (~1 nm) molecular weightThis journal is © The Royal Society of Chemistry 2014
Synthesis protocol
AgNP1 AgNP2 AgNP3
10 min 10 min 10 min
10 mM 1 mM —
90 min 90 min 90 min
— — 10 mM
— — 10 min
RTd RTd RTd
L of 0.25 mM Ag-nitrate solution in >18.2 MΩ cm water. c Aliquot,
18.2 MΩ cm water. d RT = room temperature.
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Adam John Laycock, PhD Thesis, 2014cut-off (MWCO) regenerated cellulose ultrafiltration mem-
brane (Amicon, Millipore) using a nitrogen gas pressurized
and stirred filtration cell. The suspension volume was then
re-adjusted back to ~200 mL using 0.15 mM sodium citrate
solution and this process was repeated three times. For the
dialysis method, the suspensions were transferred to 1 kDa
MWCO dialysis bags (Spectra/Por) followed by dialysis against
5 L of 0.15 mM sodium citrate solution for 72 hours. The AgNP
suspensions in aqueous Na-citrate from all protocols and fil-
tration methods were thereafter stored in the dark at 4 °C.2.4 Characterization of particle size
2.4.1 Dynamic light scattering (DLS). The hydrodynamic
diameter (average size) and polydispersity index (PDI) of the
AgNPs were determined at 25 °C using a Zetasizer Nano ZS
ZEN3600 (Malvern Instruments Ltd. Malvern, UK) operating
with a He–Ne laser at a wavelength of 633 nm and measuring
back-scattered light at 173° relative to the incident beam.
Each sample was analyzed at least 5 consecutive times within
24 hours of filtering. Some samples were analyzed after up to
12 months storage to give an indication of particle stability.
2.4.2 Transmission electron microscopy (TEM). For TEM
analyses, the AgNPs from 10 mL of the stock suspensions were
deposited onto 300 mesh Formvar/carbon coated Cu-grids by
ultracentrifugation (Beckman L-75) at 30000 rpm for 60 minutes.
Grids were then rinsed by immersing in 18 MΩ water for a
few seconds and dried overnight. The TEM micrographs were
obtained from 3 to 5 different areas on each grid, at a magni-
fication of 30 000×, 100 000× and 300 000×. The diameters of
at least 200 particles in each sample were then determined on
the micrographs with 300 000× magnification using the com-
puter software Digital Micrograph (Gatan Inc.).
2.4.3 Asymmetric flow field-flow fractionation (FlFFF). The
hydrodynamic diameter distributions of selected AgNP batches
(Table 1), were determined within one week of preparation by
FlFFF, using an AF2000 instrument (Postnova Analytics) follow-
ing the method of Römer, et al.26 and Baalousha and Lead.28
The FlFFF channel featured a 1 kDa regenerated cellulose ultra-
filtration membrane (Postnova Analytics) and 0.01 M NaNO3
was used as a carrier solution. The AgNPs were fractionated
with cross-flow and detector flow both set to 1 mL min−1,
and their elution from the FlFFF channel was monitored by
UV-absorbance measurements at 254 nm (Postnova Analytics).
The FlFFF channel thickness was calibrated by analyzing poly-
styrene latex standards with known diffusion coefficients under
the same flow conditions as the AgNPs, and the diffusion coef-
ficient distributions of the AgNPs were thereafter calculated
using FlFFF theory.29 The hydrodynamic diameter distribu-
tions were calculated from diffusion coefficients with the
Stokes–Einstein equation.
2.4.4 Yield determination. To assess synthesis yields, 10 μl
aliquots of 24 particle suspensions were dissolved in concentrated
HNO3 and refluxed on a hotplate at 80 °C for 48 hours to ensure
complete dissolution. The resulting solutions were evaporated
to dryness and re-dissolved in 0.1 M HNO3. Aliquots of theseThis journal is © The Royal Society of Chemistry 2014 166stock solutions were then used to prepared more dilute
0.1 M HNO3 ‘measuring’ solutions that featured Ag concen-
trations of about 20 ng mL−1 and that were doped with Pd as
an internal standard, also at 20 ng mL−1. The technique of
internal standardization, as opposed to an isotope dilution
protocol, was applied for quantification because the former
produces sufficiently accurate and precise data (about ±1 to 2%)
and its application is very straightforward for analyses of both
labeled and unlabeled materials.
For quantification, the samples were analyzed relative to a
standard solution with Ag and Pd abundances of 20 ng mL−1
in the same acid matrix, using a Nu Plasma multiple collector
ICP-MS (MC-ICP-MS) instrument at the Imperial College MAGIC
Laboratories. In these analyses the total Ag (107Ag + 109Ag) signal
intensities obtained for samples were compared to the stan-
dard solution and 105Pd was monitored to correct for any
drifts in instrumental sensitivity. The measurements provided
the total Ag concentrations of the solutions and the yields of
the synthesis methods were then calculated based on (i) the
dilutions factors used for the preparation of the measuring
solutions and (ii) the total mass of Ag used for particle
preparation.
2.4.5 Dissolution behavior. The dissolution of the AgNPs
was assessed by equilibrium dialysis. To this end, a PE
container was filled with 500 mL of a suspension of
107-AgNP2-Oct-F in dilute-ASW, at a concentration of
0.9 mg L−1 Ag and 3.9 mg L−1 sodium citrate. Two dialysis
bags (1 kDa MWCO) were filled with 25 mL of dilute-ASW
and immersed in the container. The container was thereafter
kept in the dark to avoid Ag photodecomposition and stirred
continuously. Sample aliquots of 0.5 mL were taken from
both the inside and outside of the dialysis bags on 14 occa-
sions over a period of 27 days. A control experiment to assess
how dissolved Ag behaves during dialysis was carried out
under the same conditions with 1 mg L−1 Ag from an aque-
ous solution of AgNO3. The background Ag concentrations
for both experiments were assessed from representative sam-
ples of dilute-ASW. Following completion of the experiments,
the Ag concentrations of sample aliquots were determined at
FENAC by graphite furnace atomic absorption spectrometry
(GFAAS, Perkin Elmer AAS600).3. Results & discussion
All information gathered from the characterization of the
18 batches of AgNPs that were prepared during the study is
summarized in Table 1 and discussed in the following.3.1 Size characterization of nanoparticles
3.1.1 DLS analyses. The average hydrodynamic diameter
measured by DLS on the freshly made particles deviates by
less than ±20% from the target size, with the exception of
three batches (Nat-AgNP1-May12-F, 107-AgNP3-May12-F, andEnviron. Sci.: Nano
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Adam John Laycock, PhD Thesis, 2014107-AgNP3-Oct12-F), where the average diameter was 40 to
70% larger than the target size (Table 1).
In the following, we present and discuss the results of a
statistical evaluation that interrogates whether isotopic label-
ing or other factors (e.g., date or laboratory of synthesis) had
a significant impact on the size of the prepared AgNPs. In
order to incorporate all particle suspensions in this evalua-
tion, including batches with different target sizes, we adopted
the following procedure:
(i) All particle suspensions were split into one of three
groups depending on their target particle size (17, 20 and
30 nm). For each individual batch, the proportional differ-
ence from the mean size (PDMS) of the group was calculated.
This was achieved by finding the mean particle size (MS), as
determined by DLS, for each group. The particle size determined
for an individual suspension (SamS) was then subtracted from
the mean value, to calculate the absolute difference between
the individual and mean particle sizes. The proportional differ-
ence was then determined by dividing the absolute difference
by the mean particle size (eqn (1), see ESI†).
PDMS = (MS − SamS)/MS (1)
This normalization procedure was validated by t-tests that,
where possible, were carried out using both measured abso-
lute size data and the calculated relative size differences. Spe-
cifically, this was possible when the DLS sizes of Nat-AgNPs
were compared with 107-AgNPs for each of the three target
sizes (30 nm, 20 nm, 17 nm; see ESI†) Notably, these three
t-tests yielded exactly identical results when they were conducted
with both the absolute and the normalized size data (see ESI†).
This result validates the application of the normalized parti-
cles size data (obtained as detailed above) in further t-tests.
(ii) The PDMSs calculated for each individual particle
suspension were pooled in different manners to produce
populations that were evaluated using a student's t-test.
These tests evaluated whether there are significant and sys-
tematic differences in size that can be assigned to a specific
factor (see ESI†).
Based on two-tailed t-tests for populations of unequal vari-
ance, there was no significant difference at the 95% confi-
dence level (p = 0.05) when the PDMSs were grouped into the
following populations; (i) Nat-AgNPs and labeled 107-AgNPs
(p = 0.57), (ii) synthesis at the FENAC and Imperial College
laboratories (p = 0.18), (iii) synthesis date (e.g., May12-F,
May12-IC and Oct12-F; p = 0.27 to 0.73), (iv) NP preparation
by operators AL and BS (particle synthesis in May and October
2012 respectively; p = 0.45), and (v) freshly prepared and aged
particles after 6–12 months storage (p = 0.98). These results
were obtained with the omission of batches 107-AgNP1-May12-F
and 107-AgNP3-Oct12-F, which have particularly anomalous
sizes of 41.6 nm (target size 30 nm) and 28.1 nm (target
size 17 nm), respectively. These unusually large deviations
from the target size may reflect experimental problems dur-
ing synthesis. However, very similar results are produced
when these data are included in the above t-test evaluations.Environ. Sci.: Nano 167A detailed summary of the t-test data and calculated p-values
is presented in the ESI.†
Notably, the average particle diameters of the suspensions
after storage deviated by less than 3.5 nm from the average
diameters that were measured directly after preparation. The
only exception is sample Nat-AgNP3-Oct-F, where the average
diameter increased by about 90% (15.3 nm; Table 1). The
PDIs determined by DLS were less than 0.45 for all AgNP sus-
pensions and less than 0.3 for 16 of the 18 batches, indicating
that the particle size distributions were fairly monodisperse
(Table 1). A t-test demonstrated that there was no significant
difference between the PDIs of (i) Nat-AgNPs and 107-AgNPs
(p = 0.59) and (ii) pristine particles and particles after storage
(p = 0.65) (see ESI†).
Whilst the t-tests discussed above indicate that there are
no statistically significant differences in particles size and
PDI that can be assigned to a single factor, the data of Table 1
nonetheless demonstrate small but resolvable differences in
particle size for NP batches prepared with the same protocol.
Given the results of the t-tests, these disparities most likely
reflect ‘normal’ batch-to-batch variations that occur, if syn-
theses are carried out on different days, in different laborato-
ries and by different operators. These results hence provide
an indication of the particle size variability that can be
expected if different scientists apply the protocols of Table 2
in their own laboratories. In contrast, Römer, et al.26 previ-
ously demonstrated that, using similar protocols for the prep-
aration of AgNPs, repeated synthesis by the same operator, in
the same laboratory with the same equipment and reagents,
can routinely provide particle batches with highly reproduc-
ible sizes. In summary, these results thus demonstrate that
despite small batch-to-batch variations in particles size that
reflect slight differences in experimental conditions, the pro-
tocols summarized in Table 2 are suitable for the robust and
reliable synthesis of isotopically labelled AgNPs in different
laboratories.
3.1.2 TEM analyses. Selected freshly prepared AgNP batches
were imaged by TEM and evaluated by measuring the longest
axis of discrete particles rather than their aggregates (Table 1,
Fig. 2). The TEM micrographs show that the particles were
spherical in shape and had a consistent size distribution,
with the standard deviation of all batches being 40 to 45%
of the average particle diameter, equivalent to coefficients
of variance of 0.29–0.31 (Table 1).30 It is likely that the
aggregation of particles seen in the micrographs occurred
during drying of the samples on the TEM grids and is not due
to the fusion of particles during synthesis. This conclusion
is supported by the predominance of discrete particles in
suspension, as indicated by the DLS results.
The average diameters determined from the TEM micro-
graphs were typically 10 to 15% (about 3–4 nm) smaller than
the average hydrodynamic diameters determined by DLS.
This is a well-known phenomenon, which reflects that larger
particles scatter proportionally more light, such that the aver-
age DLS particle diameters are biased towards larger values.28
The exceptions to this are samples Nat-AgNP3-Oct12-F andThis journal is © The Royal Society of Chemistry 2014
Fig. 2 TEM images and measured particle size distributions for particles batches synthesized in October 2012. all images are at a magnification of
300000x; scale bars are 0.1 μm. (a) Nat-AgNP1-Oct12-F average particle size = 22.3 ± 6.7 nm (1sd) n = 290; (b) 107-AgNP1-Oct12-F average
particle size = 28.2 ± 8.3 nm (1sd) n = 236; (c) Nat-AgNP2-Oct12-F average particle size = 19.5 ± 5.7 nm (1sd) n = 234; (d) 107-AgNP2-Oct12-F
average particle size = 20.1 ± 6.3 nm (1sd) n = 283; (e) Nat-AgNP3-Oct12-F average particle size = 18.0 ± 5.3 nm (1sd) n = 337; (f) 107-AgNP3-Oct12-F
average particle size = 16.3 ± 4.8 nm (1sd) n = 333.
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Adam John Laycock, PhD Thesis, 2014107-AgNP3-Oct12-F. The Nat-AgNP3-Oct12-F particle batch shows
an average TEM particle size that is very close to that determined
by DLS, whereas there is a large discrepancy between the DLS
(28.1 nm) and TEM (16.3 nm) size data for 107-AgNP3-Oct12-F.
These observations are likely a consequence of the polydis-
persity of the respective samples. In particular, the particle
size distribution histogram of Nat-AgNP3-Oct12-F shows the
smallest size range (Fig. 2), suggesting it is highly monodis-
perse and therefore the DLS analysis shows very little size
bias. In contrast, 107-AgNP3-Oct12-F is the most polydisperse
sample (PDI = 0.44), and this may reflect a small number of
larger particles in the suspension that heavily bias the DLS
measurement.
3.1.3 FIFFF analyses. The FlFFF analysis31,32 of selected
AgNP samples provided full width at half maximum (FWHM)
data for particle batches Nat-AgNP1-May12-F (24 nm),
107-AgNP1-May12-F (26 nm), Nat-AgNP2-May12-F (18 nm),
107AgNP2-May12-F (17 nm) and Nat-AgNP3-May12-F (11 nm)
(Fig. 3, Table 1). In addition, the FlFFF data were used
to determine the number average hydrodynamic diameters
(dn), weighted average hydrodynamic diameters (dw) andThis journal is © The Royal Society of Chemistry 2014 168polydispersity (PD) using eqn (2)–(4), respectively, with results
given in Table 1.
d C X Ci i i
ii
n   / (2)
d C X C Xi i
i
i i
i
w  2 / (3)PD = dw/dn (4)
Here, Ci is the UV-absorbance signal at a given hydrody-
namic diameter, Xi. The dn values were typically slightly
smaller (up to 13%) whilst dw was slightly larger (up to 32%)
compared to the particle size determined by DLS. The dn
values for 107-AgNP2-May12-F (17 nm) and Nat-AgNP2-May12-F
(18 nm) were only slightly larger than for Nat-AgNP3-May12-F
(16 nm). The two former samples also showed a higher PD
value than Nat-AgNP3-May12-F, with size distributions tail-
ing towards larger diameters (Fig. 3). As a consequence,
there is a slightly lager difference in dw values betweenEnviron. Sci.: Nano
Fig. 3 Hydrodynamic diameter distributions determined by FIFFF for
selected AgNP batches. (a): 107-AgNP1-May12-F and Nat-AgNP1-May12-F,
(b) 107-AgNP2-May12-F, Nat-AgNP2-May12-F and (c) Nat-AgNP3-May12-F.
Fig. 4 Results for AgNP dissolution behavior in dilute-ASW, assessed
by dialysis. (a) Control experiment, whereby aqueous AgNO3 solution
is added to the dilute asw outside of the dialysis bags to a
concentration of 1 mg L−1. (b) Experiment where 107AgNPs, from particle
batch 107-AgNP2-Oct12-F, were added to the dilute-asw outside of
the dialysis bags to a concentration of 0.9 mg L−1.
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Adam John Laycock, PhD Thesis, 2014107-AgNP2-May12-F (22 nm) and Nat-AgNP2-May12-F (21 nm)
versus Nat-AgNP3-May12-F (18 nm).
3.2 Synthesis yields
Reliable small-scale synthesis techniques with high yields
are required for the production of isotopically labeled
NPs, due to the expense of using enriched stable isotopes
(e.g., about $3.50 per mg for 107Ag purchased from Isoflex USA
in February 2012). The total Ag concentrations of 24 different
particle suspensions, encompassing 16 batches of labeled 107AgNPs
and 8 batches of non-labeled AgNPs, were determined to
assess the yield of the synthesis protocols (Table 1). Typically
the yields were between 60% and 98%, with an average of
78% ± 23% (1sd). Considering that only small amounts of
107Ag are required for a single synthesis (~2.7 mg) and due to
the excellent yields achieved here, the preparation of 107AgNPs
is quite affordable, with a cost of approximately $4 to $5 per
milligram.
3.3 Dissolution behavior
The results of the dialysis experiments are shown in Fig. 4.
The particle stock suspension was added directly to the
dilute-ASW without prior treatment or washing to remove
excess sodium citrate. Although this effect was not investi-
gated, the presence of sodium citrate at the expected concen-
tration of ~4 mg L−1 is not anticipated to have a significant
influence on the dissolution behavior. The Ag contents
measured on the outside of the dialysis bags represent the
total Ag concentration of the dilute-ASW, encompassing both
particulate and dissolved forms of Ag. In contrast, the AgEnviron. Sci.: Nano 169measured inside the bags has crossed a 1 kDa MWCO dialy-
sis membrane and therefore reflects the dissolved component
only. The experimental setup therefore ensures that identical
Ag concentrations for the dialysis bags and the container
are only achieved, when all Ag in the latter reservoir is in
dissolved form.
The dialysis control experiment, where 1.00 mg L−1 of
aqueous Ag was introduced into the containers, can be used
to assess the behavior of dissolved Ag in the absence of
AgNPs. At the beginning of the control experiment, the Ag
concentrations inside the dialysis bags increased rapidly and
reached the same level (of about 0.8–1.1 mg L−1) as on the
outside after 8 hours, demonstrating the time required for
equilibrium to establish over the dialysis membrane (Fig. 4a).
During the remaining 27 days of the experiment, the Ag con-
centrations inside and outside the dialysis bags were always
essentially identical, showing that the setup functioned well
to provide a reliable monitor of dissolved Ag contents on the
outside of the dialysis bags. However, the Ag concentration
outside the bags decreased during most of the experiment to
a value of about 0.4 mg L−1 after 22 days. This indicates that
dissolved Ag was lost, presumably as a result of adsorption
onto the container walls and the dialysis membrane. The
small final increase in dissolved Ag concentration that is seen
at day 27, is likely due to desorption of the Ag from the sur-
faces of the container and dialysis bags.
In the dialysis experiment of sample 107-AgNP2-Oct12-F,
the Ag concentration outside the bags immediately after NP
addition was 0.5 mg L−1, a recovery of only 56% (Fig. 4b). The
container was furthermore black in color after the addition
of the 107AgNPs, which indicates that AgNP adsorption to
container surfaces was responsible for the loss of Ag. During
the experiment, the Ag concentration outside of the bagsThis journal is © The Royal Society of Chemistry 2014
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Adam John Laycock, PhD Thesis, 2014generally decreased until day 22. For the same time period,
the Ag contents inside both dialysis bags initially showed an
increase over the first 28 hours, followed by a decrease until
day 8, with increasing concentrations observed thereafter
(Fig. 4b). On day 22, the Ag concentrations outside and
within both dialysis bags were identical and all three concen-
trations rose continuously during the final time period to day
27. This final increase in concentration is similar to that seen
in the control experiment, which suggests that it is also most
likely caused by desorption of Ag from surfaces that are in
contact with the dilute-ASW.
Due to the adsorptive losses of both dissolved and nano-
particulate Ag during dialysis, it is difficult to quantify the
dissolution behavior of the AgNPs. It may be assumed, how-
ever, that the dissolution of AgNPs will be similar, regardless
of whether they are in suspension or adsorbed to container
walls. With this assumption, our data can be applied to
derive some general conclusions about the dissolution behav-
ior of AgNPs. In particular, after an initial 8 hour equilibra-
tion time, the control experiment with dissolved Ag exhibited
nearly identical Ag concentrations inside and outside of the
dialysis bags (Fig. 4a). During the same time period, the dialy-
sis experiment with NP sample 107-AgNP2-Oct12-F showed low
Ag concentrations inside the dialysis bags (0.02–0.04 mg L−1),
which correspond to only 2–5% of the 107AgNP concentration
that was initially added to the container (Fig. 4b). These obser-
vations indicate that the 107AgNP suspension in dilute-ASW
produced only a very small fraction of dissolved Ag during the
first few hours of the experiment. Over the following 27 days
of the 107AgNP dialysis experiment, the Ag concentrations
inside the dialysis bags displayed an overall increase, demon-
strating extensive 107AgNP dissolution (Fig. 4b). This conclu-
sion is supported by the observation that very similar Ag
concentrations were observed for the inside and outside of
the dialysis bags on day 27, with a final Ag concentrations of
0.32 mg L−1 for both bags (Fig. 4b). As some dissolved Ag was
probably lost to adsorption onto the container walls, the value
of 0.32 mg L−1 can be taken to represent a tentative minimum
estimate for the solubility of the 107AgNPs in dilute-ASW.
Given the adsorption problems encountered here with the
dialysis technique, future AgNP dissolution studies should
consider using alternative methods, such as ultrafiltration,
to obtain improved constraints on the dissolution behavior
of AgNPs.3.4 Reproducibility and reliability of synthesis method
The three synthesis protocols produced fairly monodisperse
AgNP suspensions throughout, but suspensions prepared with
the same protocol display small but significant batch-to-batch
variations in size, regardless of the isotopic composition of
the AgNPs (Table 1). A detailed evaluation of the results
(Table 1) demonstrates, however, that the protocols for par-
ticle target sizes of 30 nm (AgNP1), 20 nm (AgNP2) and
17 nm (AgNP3) still offer acceptable control on particle size.
Protocol AgNP1 produced the largest particles (26.5–31.2 nm,This journal is © The Royal Society of Chemistry 2014 170average = 30.7 ± 2.9 nm; 1sd, n = 5), whilst the particles from
protocols AgNP2 (16.3–23.9 nm, average = 19.6 nm ± 3.0 nm;
1sd, n = 6) and AgNP3 (17.1–24.3 nm, average = 19.5 ± 2.7 nm;
1sd, n = 5) were smaller but similar. These quoted averages
were calculated from all DLS data obtained for freshly pre-
pared particles (Table 1), excluding the two most obvious out-
liers (Nat-AgNP1-May12-F and 107-AgNP3-Oct12-F), but very
similar results are obtained when the complete dataset is con-
sidered (see ESI†).
These findings demonstrate that the methods provide a
robust means of obtaining small batches of isotopically
labeled AgNPs with diameters that closely match desired tar-
get sizes. However, due to the observed batch-to-batch varia-
tions in size, particle characterization will need to be carried
out for applications, which require that particles diameters
are known to a high degree of accuracy. Although only three
synthesis protocols were utilized here, it is likely that the
experimental conditions can be adjusted to target larger and
smaller particle sizes. For example, slightly modified versions
of the synthesis methods applied here were used in previous
studies to produce AgNPs with diameters as small as 11.5 nm33
and 7.2 nm26 when measured by TEM.
3.5 Stability of particles
The particle suspensions in aqueous Na-citrate solutions were
stored in the dark at 4 °C to help prevent ageing. To assess
the stability of the particle suspensions under these condi-
tions, a selection of particle batches were characterized by
DLS periodically during 12 months of storage (Table 1). Batch
Nat-AgNP3-Oct12-F showed the most significant signs of age-
ing, as after 6 months storage the average particle size and
PDI increased from 17.2 to 32.5 nm and from 0.25 to 0.52,
respectively. Whilst this is the type of change that would be
expected as a result of particle aggregation, it was shown by
Römer, et al.26 that small citrate-capped Ag NPs generally
have a greater stability and exhibit less agglomeration than
larger particles. This indicates that the aggregation deter-
mined for sample Nat-AgNP3-Oct12-F may be an atypical
result. All other particle batches exhibited no significant
signs of ageing with all but one sample showing less than a
10% change in the average DLS particle size (Table 1). In
addition, the PDI data also display only minor changes, indi-
cating that the particle suspensions remained fairly monodis-
perse. The size and PDI results, furthermore, reveal no
difference in aging behavior between natural and isotopically
labeled AgNPs (Table 1). Any changes that might occur to the
stock suspensions, such as agglomeration, may influence the
particle behavior, but would have no effect on the isotope
label or tracing capabilities.
3.6 Isotope label & detection capabilities
The motivation for synthesizing AgNPs from enriched 107Ag
is to produce a material with a distinct non-natural isotope
signature, which can be used in experiments and exposures,
so that changes induced in the 107Ag/109Ag isotope ratio ofEnviron. Sci.: Nano
Environmental Science: NanoPaper
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Adam John Laycock, PhD Thesis, 2014relevant samples (e.g. biological materials, soil or water) can
be used to trace and quantify the presence of the labeled
material17,18,22,23,27 (Fig. 1). The contribution of enriched
107Ag to a sample is only detectable when the deviation
induced in the 107Ag/109Ag ratio of the sample clearly exceeds
(i) the precision of the isotopic measurement or (ii) any natu-
ral variations in the isotope composition of Ag. These factors
are discussed below.
Isotopic analyses of Ag are generally carried out using
ICP-MS instrumentation, as measurements by thermal ioniza-
tion mass spectrometry (TIMS) are significantly more cum-
bersome.34 Using standard quadrupole ICP-MS (Q-ICP-MS)
instruments, 107Ag/109Ag ratios can typically be measured
with a precision of about 1–5% (2sd). Improved data with a
precision of ±0.2 to 1% (2sd) can be obtained with Q-ICP-MS
at optimal analytical conditions (including separation of Ag
from matrix elements) or by the application of single collec-
tor sector field ICP-MS (SF-ICP-MS).35 Even more precise
isotopic measurements are possible by multiple collector
ICP-MS (MC-ICP-MS), which can achieve uncertainties of
better than ±0.02% (2sd) for 107Ag/109Ag on purified solutions
of Ag.36,37
Studies to investigate natural stable isotope fractionation
of Ag are extremely limited in number and scope, with a pri-
mary focus on Ag ores (which are straightforward to analyze)
and a few igneous rocks.37–39 Data are also available from an
archeological study on the provenance of coins40 and an
investigation into natural isotope fractionation based on a
limited number of environmental samples.41 These analyses
revealed only minor differences of about ±0.05% in the
107Ag/109Ag ratios of the samples, relative to the NIST SRM
978a Ag isotope standard. Such small variations are only
resolvable using MC-ICP-MS and hence have no impact on
the sensitivity that can be achieved for the detection of isoto-
pically labeled AgNPs by Q-ICP-MS and SF-ICP-MS. Given the
published results, it is furthermore unlikely that samples,
such as soils or sediments, from a single location will exhibit
geological Ag isotope fractionations that exceed ±0.02% and
hence impact the AgNP detection sensitivity of MC-ICP-MS.
However, there are currently no studies that investigate
whether changes in Ag isotope composition are generated by
biological uptake and processing of this element. Based on
data acquired for other elements, such Zn42 and Cd,43 it is
conceivable that biotic reactions may induce Ag isotope
effects in the range of 0.02% to 0.05% and such fraction-
ations may be preserved in biological tissue and fluids, water
samples or soils and sediments. It is unlikely, however, that
biological isotope effects will normally exceed 0.1% to 0.2%
and hence no serious impact on the detection sensitivity
of MC-ICP-MS for isotopically labeled AgNPs is expected.
Nonetheless, it will be important for future work to carefully
characterize possible biological Ag isotope fractionations. If
natural Ag isotope variations of ≥0.05% are found to be com-
mon and deemed to be obstructive, this problem can be read-
ily circumvented by analyses of appropriate control samples.
Such measurements can characterize the natural Ag isotopeEnviron. Sci.: Nano 171composition and variability of the background, and this per-
mits appropriate corrections and/or uncertainties to be applied
to the isotopic data collected for exposed samples.
Ecotoxicology studies typically generate and require analy-
ses for a large number of samples (more than 100), making
it important to consider the balance between optimal data
quality and high sample throughput. Whilst MC-ICP-MS
can provide unrivalled precision for the determination of
107Ag/109Ag, such analyses are also particularly laborious,
because Ag must be separated from any sample matrix prior
to analysis. In contrast, quadrupole and sector field ICP-MS
can be employed for direct 107Ag/109Ag measurements with-
out chemical separation. As sample preparation is much
more straightforward, the latter instruments can achieve sig-
nificantly higher sample throughput but at the cost of some-
what poorer precision for the data, which ultimately limits
the tracing capabilities.
In the following, we discuss the tracing sensitivities that
can be achieved using labeled 107Ag (and thus 107AgNPs) for
two hypothetical cases with relevance to ecotoxicology, and
where the endmember methods of Q-ICP-MS and MC-ICP-MS
are evaluated for detection (Table 3). Case 1 involves analyses
of 5 mg dry weight samples of biological tissue, as might be
obtained from invertebrates following exposures, with a real-
istic Ag background of 100 ng g−1.5 Case 2 is for a 5 mL water
sample (a realistic volume for removal and analysis from a
laboratory exposure) that features a Ag background concen-
tration of 200 ng L−1, as would be appropriate for river, lake
and estuarine waters.5 Based on the concentrations quoted
above, the case 1 and 2 samples would contain only 0.5 ng
and 1 ng of Ag, respectively (Table 3), and these small
amounts will limit the precision of the isotopic analyses by
ICP-MS. Based on literature data and test measurements
conducted at Imperial College (for MC-ICP-MS), it is esti-
mated that the diagnostic 107Ag/109Ag isotope ratio can be
determined in these samples with a precision of about ±5%
for Q-ICP-MS and ±0.05% for MC-ICP-MS (an intermediate
precision is expected for SF-ICP-MS).
The precision of mass spectrometric measurements is
defined here as the 2sd calculated from replicate isotope
analyses of samples or a standard reference material. The
analytical precision is a key factor because it determines the
smallest change in the 107Ag/109Ag isotope ratio (ΔRres), as
induced by addition of the 107Ag tracer, which is analytically
resolvable as a deviation from the natural 107Ag/109Ag ratio
(Rnat), such that ΔRres = 2sd.
The addition of an enriched 107Ag tracer to a natural sam-
ple will increase the 107Ag/109Ag ratio of the system. In the
following, we define Rres, as the
107Ag/109Ag ratio, which is
associated with the smallest addition of 107Ag tracer that is
resolvable by measurement. Rres is therefore given by:
Rres = Rnat + ΔRres (5)
Isotope mass balance can then be used to calculate the
minimum molar amount of enriched 107Ag (Nres-Agen), fromThis journal is © The Royal Society of Chemistry 2014
Table 3 Summary of data for the hypothetical cases that evaluate the detection sensitivities and quantification uncertainties achievable for
tracing of highly enriched 107Ag in environmental samples
Case 1 Case 2
Sample 5 mg biological tissue 5 mL water
Background Ag concentration 100 ng g−1 200 ng L−1
Total natural Ag content of sample 0.5 ng 1 ng
Analysis by Q-ICP-MS, precision ±5% (2sd)
Minimum concentration change detectable by 107Ag/109Ag analysisa 2.6 ng g−1 5.2 ng L−1
Uncertainty in quantification of label at:
10× minimum concentration 126 ± 3.12 ng g−1 252 ± 6.24 ng L−1
100× minimum concentration 360 ± 4.37 ng g−1 720 ± 8.76 ng L−1
Analysis by MC-ICP-MS, precision ±0.05% (2sd)
Minimum concentration change detectable by 107Ag/109Ag analysisa 0.026 ng g−1 0.052 ng L−1
Uncertainty in quantification of label at:
10× minimum concentration 100.26 ± 0.026 ng g−1 200.52 ± 0.053 ng L−1
100× minimum concentration 102.6 ± 0.027 ng g−1 205.2 ± 0.055 ng L−1
a Smallest increase in the Ag concentration from the addition of highly enriched 107Ag, which is resolvable by measurement of the 107Ag/109Ag
isotope ratio using a given technique.
Environmental Science: Nano Paper
P
ub
li
sh
ed
 o
n 
27
 M
ar
ch
 2
01
4.
 D
ow
nl
oa
de
d 
on
 2
7/
04
/2
01
4 
23
:4
5:
40
. 
View Article Online
Adam John Laycock, PhD Thesis, 2014labeled 107AgNPs, that must be added to a given molar
amount of natural Ag (N-Agnat) in a system, to increase the
107Ag/109Ag ratio from Rnat to Rres:
Nres-Agen = N-Agnat × ((Rres ×
109Abnat) − 107Abnat)/
(107Aben − (Rres × 109Aben)) (6)
where the fractional (molar) isotope abundances of 107Ag
and 109Ag in the enriched material (107Aben and
109Aben) and
natural Ag (107Abnat and
109Abnat) are 99.2%, 0.8% and 51.8%,
48.2%, respectively. Eqn (6) can be readily revised to determine
the minimum molar concentration [Nres-Agen] of enriched
107Ag that must be added to obtain Rres – this requires only
that N-Agnat is substituted with the molar concentration of
natural Ag, [N-Agnat]. Given that the atomic weights of natural
and enriched Ag differ by less than 1%, eqn (6) also provides
a sufficiently accurate approximation for calculation of the
minimum masses and mass concentrations of enriched 107Ag,
which must be added to the system, to achieve a detectable
change in the final 107Ag/109Ag ratio.
The final 107Ag/109Ag isotope ratio of an exposed sample
(Rsam), as measured by ICP-MS, is used to quantify the amount
of enriched 107Ag label present. This calculation is outlined
in the following. The molar fraction of enriched 107Ag to total
Ag (fren) present in the sample is given by:
fren = N-Agen/(N-Agnat + N-Agen) (7)
where N-Agen is the molar amount of enriched
107Ag tracer
present. Using Rsam, fren can be determined as:
fren = [(
107Aben − (Rsam × 109Aben))/
((Rsam ×
109Abnat) − 107Abnat) + 1]−1 (8)
The fractional molar abundance of 109Ag in the exposed
sample (109Absam) is then:This journal is © The Royal Society of Chemistry 2014 172109Absam = (fren ×
109Aben) + ((1 − fren) × 109Abnat) (9)
The molar abundance of total Ag (N-Ag) and enriched
Ag (N-Agen) in the sample can be determined by quantifying
N-109Ag, the molar amount of 109Ag present. This can be read-
ily achieved using standard ICP-MS techniques, where a solu-
tion prepared from a known aliquot of the sample is
analyzed, such that N-109Ag can be determined relative to a
suitable calibration curve. Following this, N-Ag and N-Agen
can be calculated from:
N-Ag = (N-109Ag/109Absam) (10)
N-Agen = (N-
109Ag/109Absam) × fren (11)
The mass M-Agen and mass concentration [M-Agen] of
enriched Ag in the sample can then be obtained as:
M-Agen = N-Agen × AtWen (12)
[M-Agen] = (N-Agen × AtWen)/M (13)
where M is the sample mass. The atomic weight of the
enriched Ag, AtWen, can be determined from:
AtWen = (
107Aben ×
107AtW) + (109Aben ×
109AtW) (14)
where 107AtW and 109AtW are the known atomic weights of
107Ag and 109Ag. Calculations analogous to those performed
in eqn (12) to (14) can be used to derive the total mass of Ag
in the sample (M-Ag) and the Ag mass concentration [M-Ag].
The results of these calculations for cases 1 and 2 are
given in Table 3. In detail, they indicate that isotopic tracing
with Q-ICP-MS requires that the addition of enriched 107Ag
raises the total Ag concentration by at least 2.6%, to 102.6 ng g−1
for the tissue (case 1) and 205.2 ng L−1 for the water sampleEnviron. Sci.: Nano
Environmental Science: NanoPaper
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Adam John Laycock, PhD Thesis, 2014(case 2; Table 3). With MC-ICP-MS, measurements of the
107Ag/109Ag ratio are about 100-fold more precise and conse-
quently the tracing sensitivity is also improved by two orders
of magnitude. In this scenario the Ag sample concentration
only needs to increase by 0.026% from the addition of
107Ag, to generate analytically resolvable differences in the
107Ag/109Ag ratio. For the tissue and water samples, this
means that increases in the Ag concentration to 100.026 ng g−1
(from 100 ng g−1) and 200.052 g L−1 (from 200 g L−1), respec-
tively, are already traceable by isotopic analyses. Evaluation of
the detection sensitivity for a given isotope label, analytical
approach and natural background concentration in this man-
ner, enables appropriate experimental plans and dosing levels
to be prepared.
The uncertainties of the isotope ratio analyses can be
propagated through the above equations to assess the impact
of the measurement precision on the calculated mass of
enriched tracer material present in a sample or its mass con-
centration. Importantly, the uncertainties do not scale in a
linear manner and depend on the isotopic enrichment of the
tracer and the proportion of enriched to natural Ag in the
sample. To demonstrate this, the uncertainties for [M-Agen]
of cases 1 and 2 (Table 3) were calculated for the addition of
107Ag-enriched tracer at levels, which exceed the smallest
detectable molar concentration Nres-Agen by a factor of 10×
and 100×.
The results of these calculations are promising because
they indicate that despite of the unfavorable natural isotope
composition of Ag, stable isotope labeling of Ag can provide
detection sensitivities and uncertainties of quantification that
are far better than those achievable by concentration tracing.
Considering that the latter methodology can only provide
unequivocal results if the concentration anomalies generated
by elemental uptake exceed the natural background levels by
at least a factor of 2 (but preferably more), the application of
stable isotope labeling enhances the tracing sensitivity by a
least a factor of 40 (using Q-ICP-MS for detection) and possi-
bly by up to a factor of ~4000 (with use of MC-ICP-MS). Fur-
thermore, with the superior precision of MC-ICP-MS for
isotopic analyses, the tracing sensitivities are likely to be suf-
ficiently high, to enable experiments to be carried out at low
and environmentally relevant exposure concentrations.4. Conclusions
In this study, published methods were modified for small-
scale synthesis of citrate-capped AgNPs from both natural Ag
and enriched 107Ag. Three different synthesis protocols were
used on three occasions and in two laboratories to obtain
AgNPs with target sizes of 17, 20 and 30 nm. All particles
batches produced were thoroughly characterized and the
results demonstrate that the new procedures provide repro-
ducible, monodisperse particle suspensions at high yields of
~80% and with a long-term stability of up to 12 months.
Whilst the measurements revealed small but significantEnviron. Sci.: Nano 173batch-to-batch variations in size, the particles were generally
found to have diameters that closely matched the desired tar-
get sizes. Detailed statistical tests furthermore argue against
systematic differences in size between AgNPs prepared from
enriched 107Ag versus natural Ag. In summary, these results
show that the new methods are ideally suited for the small-
scale preparation of isotopically labeled AgNPs. Simple iso-
tope mass balance calculations furthermore demonstrate that
application of stable isotope labeling can increase the detec-
tion sensitivity of AgNPs in environmental samples by at least
a factor of 40 and possibly by up to 4000×, in comparison to
commonly employed bulk Ag concentration measurements.
Use of the most precise isotopic measurement techniques
should therefore, permit environmentally realistic exposure
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ABSTRACT: Zinc oxide nanoparticles (ZnO NPs) are among the most
commercialized engineered nanomaterials. Their biological impact in
aquatic organisms has been associated with dissolution, but there is also
evidence of nanospeciﬁc eﬀects. In this study the waterborne uptake and
eﬄux kinetics of isotopically labeled 68ZnO NPs (7.8 ± 1.2 nm), in
comparison to aqueous 68Zn and 68ZnO bulk particles (up to 2 μm), were
determined for the estuarine snail Peringia ulvae following a 7 d exposure
(nominally 20 μg 68Zn L−1) and 28 d depuration. Detection of the 68Zn
label was achieved by high precision multiple-collector ICP-MS (MC-ICP-
MS). Previous characterization in artiﬁcial estuarine water revealed that the
NPs underwent initial aggregation and solubilized up to 60% within 1−2
days. Bulk and aqueous forms were signiﬁcantly more bioavailable than
68ZnO NPs (p < 0.05), but after correcting for dissolution, aqueous (0.074
L−1 g−1 d−1) and NP (0.070 L−1 g−1 d−1) uptake rate constants were highly comparable. The rate constant of loss for 68Zn
aqueous (0.012 ± 0.005 d−1) and 68ZnO NPs (0.012 ± 0.007 d−1) were identical. These results strongly suggest that in this
exposure scenario the bioaccumulation of Zn from ZnO NPs is primarily dependent upon solubility.
■ INTRODUCTION
Zinc oxide nanoparticles (ZnO NPs) are used in a number of
commercial applications, including sunscreens, coatings, and
paint.1 Some are therefore expected to be released into the
environment, particularly the aquatic environment. The
biological impact of ZnO NPs is often attributed to their
solubility and the release of labile Zn. ZnO NPs were shown to
exhibit rapid dissolution kinetics in freshwater, resulting in ZnO
NP exposure being equally as toxic to algae (Pseudokirchneriella
subcapitata) as dissolved ZnCl2.
2 However, complete dissolu-
tion is not always the case, and rarely is uptake by the organism
and quantiﬁcation of dissolution in the medium considered in
the same study. This is perhaps why the presence of soluble
Zn2+ within a ZnO NP exposure did not fully account for the
adverse toxic eﬀects induced in zebraﬁsh embryos3 or growth
and survivorship inhibition in the amphipod Corophium
volutator.4 This would indicate that the particles themselves
exert a nanospeciﬁc eﬀect that is distinct from the aqueous Zn.
The aim of the present study was to determine if dissolution
alone accounts for the bioavailability of Zn when ZnO NPs are
dispersed in estuarine water and presented to the snail Peringia
ulvae (Gastropoda; Hydrobiidae), a key estuarine species.5 The
bioavailability and in vivo fate of Zn in the ZnO NPs were
assessed using the principles of biodynamic modeling,6
speciﬁcally by quantifying the rates of inﬂux (uptake) and
eﬄux of Zn into and from the organism to provide a better
understanding of the accumulation of ZnO NPs. Accumulation
of a contaminant is generally regarded as a prerequisite to
adverse biological eﬀects.7 Rates were also determined
following exposure to similarly isotopically labeled aqueous
Zn and ZnO bulk particles in comparison. If the bioavailability
of the NP is dependent on solubility, then the uptake rate of Zn
from the ZnO NP would be comparable to that of aqueous Zn.
Moreover, loss dynamics would be identical regardless of the
original form of Zn (i.e., aqueous vs nano).
Dissolution and aggregation were quantiﬁed in stock
solution, freshwater, and the artiﬁcial estuarine water used as
the exposure media. Although NP behaviors in artiﬁcial waters
may not necessarily reﬂect those in natural waters largely owing
to the absence of organic matter.8 A number of factors have
been shown to inﬂuence solubility of ZnO. Maio et al. (20109)
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found that ZnO NP dissolution increased with decreases in pH
and particle surface area, and dissolution was accelerated in
seawater, which is relevant to the present study conducted in
17‰ water. As dissolution is a function of concentration,
solubility is particularly relevant when working at environ-
mentally realistic Zn concentrations.2 Total Zn concentrations
within aquatic environments vary with anthropogenic activity
and natural geology. Dissolved Zn concentrations in the natural
estuarine environments can be as high as 5 μg L−110 and may
reach 50 μg L−1 in contaminated hot spots.11 In comparison,
predicted environmental releases of ZnO NPs in European and
U.S. surface water ranged from 1 to 10 ng L−1 and up to 430 ng
L−1 in treated wastewater.12 In biological tissue, a soft tissue
concentration of 34.5 μg g−1 was estimated to fulﬁll metabolic
Zn requirements,13 while the measured Zn tissue burden of
ﬁeld collected P. ulvae used in this study was 148 ± 31 μg g−1
(mean value ± S.D., n = 30). Thus to diﬀerentiate Zn
accumulated by organisms above their natural background it
becomes necessary to use a label.14 Stable isotopes have been
suggested as a method trace engineered NPs containing multi-
isotopic elements.15,16
The three forms of Zn (aqueous, nano, and bulk)
investigated in this study were prepared using Zn composed
of, and hence labeled with, >99% of the stable isotope 68Zn. In
comparison natural Zn has a 68Zn isotope abundance of ∼19%,
and Zn isotope compositions display only limited natural
variability. For example, the 68Zn/66Zn ratio varies by only
∼0.25% in natural biological samples.17 Our labeled Zn
materials, therefore, possess a distinct and non-natural isotope
signature. Once the 68Zn label is introduced into the
experimental system it is possible to track it by measuring
the diagnostic 68Zn/66Zn isotope ratio in the various
components of the system. Deviations from the natural
68Zn/66Zn isotope ratio indicate the presence of the isotopically
enriched material. The magnitude of this perturbation can be
used to quantify the relative and absolute amount of enriched
material.
While distinct isotopes, and compounds made thereof,
display very slight diﬀerences in their physical and chemical
properties, these diﬀerences are not of consequence in tracer
studies with enriched isotopes. It is therefore valid to assume
that particles synthesized from enriched 68Zn display the same
environmental behavior as equivalent particles with a natural
Zn isotope composition,14 making them ideal for the purpose
of tracing. Stable isotope labeling is not beset with the problems
of alternative methods such as ﬂuorescent dyes or radioactive
isotope labeling,18 where the label may be lost as a result of
dissociation or radioactive decay. In the present study, stable
isotope labeling is used in conjunction with multiple−
collector−inductively−coupled−plasma−mass-spectrometry
(MC-ICP-MS). This methodology oﬀers very low detection
limits as it provides high-precision data with minimal levels of
uncertainty.19 Isotopically enriched particles are increasingly
utilized in ecotoxicological studies (e.g., refs 16, 18, and 20),
but there remains a far greater potential for their use.
■ METHODS
Chemicals and Reagents. Isotopically enriched 68Zn was
purchased from Isoﬂex USA (CA, USA). 68ZnO bulk particles
and 68Zn metal, used to prepare the aqueous and NP forms,
were purchased as dry powders. For this study, a single 100 L
batch of artiﬁcial estuarine water (17‰) was prepared from
Tropic Marin Sea Salt (Dr Biener GmbH, Germany).
Concentrated (14.5 M) HNO3 and 6 M HCl were puriﬁed
prior to use by sub-boiling distillation in a quartz still, and water
of >18 MΩ cm quality (Millipore, UK) and 30% Suprapur
H2O2 (VWR International Ltd., UK) were used throughout.
Experimental Organisms. P. ulvae were collected from the
Blackwater Estuary, Essex, UK (51°46′05″N 00°50′13″E) at
low tide and maintained in the laboratory in synthetic estuarine
water at 10 ± 1 °C with an approximate 16 h light:8 h dark
cycle as previously described.20 Two days before the start of the
exposures, adult snails (>2 mm) were randomly assigned into
90 groups of 25 individuals. Food (Chlorella vulgaris) was
withheld during this period. C. vulgaris was cultured in 3N-
BBM+V medium (Culture Collection of Algae and Protozoa,
Scottish Marine Institute, UK) under artiﬁcial daylight (16 h
light:8 h dark).
Preparation of Isotopically Enriched Forms of 68Zn.
The 68ZnO NPs were synthesized by forced hydrolysis in
diethylene glycol (DEG) as outlined by Dybowska et al.
(201114). Brieﬂy, a 68Zn acetate precursor was prepared by
reﬂuxing the 68Zn metal in acetic acid (90 °C 72 h). The
precursor (100 mg) was dissolved in 50 mL of DEG (60 °C 70
h), and the resulting mixture was heated (180 °C). When the
mixture temperature stabilized, it was stirred (200 rpm), and 18
MΩ water (100 μL) was added to force hydrolysis and
precipitate 68ZnO NPs. The 68Zn concentration of the NP
stock suspension was measured as 743 mg L−1 (ICP-OES).
Stock suspensions of the 68ZnO bulk particles in DEG and
aqueous 68Zn in 18 MΩ water were also prepared at 743 mg
L−1 68Zn. The latter was prepared by dissolving 68Zn metal
powder in 6 M HCl. This solution was evaporated to produce
68ZnCl2, which was dissolved in 18 MΩ water.
Characterization of 68ZnO NP and Bulk Forms. To
determine particle size, shape, and size distribution, 68ZnO NPs
and 68ZnO bulk particles were imaged using TEM (Hitachi
7100, 100 kV) and SEM (Ultra plus FESEM, Carl Zeiss),
respectively. The crystal structure of both the NP and bulk
forms was veriﬁed by X-ray diﬀraction (XRD, Enraf Nonius
coupled with INES CPS 120 position sensitive detector with
Co Kα radiation) and compared to a ZnO standard (ICDD
[36-1451]).14 A Zetasizer Nano ZS (Malvern Instruments Ltd.)
was used to determine the primary particle size, polydispersity,
and zeta potential of the stock 68ZnO NP and bulk particle
DEG suspensions. Analysis of 1:10 (v/v) dilutions of the
68ZnO NP stock suspensions with 17‰ water was also carried
out by DLS over 11 h at 30 min intervals and was performed at
10 °C to reﬂect experimental conditions.
Waterborne Exposures. A number of precautions were
made to eliminate the risk of background Zn entering the
exposure system. Plastic laboratory-ware was used in preference
to glass as the latter has been shown to leach Zn to a greater
extent.22 All plastic-ware was soaked in 1 M HCl and
thoroughly rinsed in ultrapure water before use. Exposure
chambers (50 mL plastic beakers) were presoaked at 20 μg
L−1 68Zn, added as aqueous 68Zn, 68ZnO NPs, or 68ZnO bulk
particles, for 72 h to saturate surface binding sites. At the start
of the exposure (i.e., t = 0 d) 3 of the 90 groups of snails were
sampled for baseline measurements; C. vulgaris (both the stock
culture and in 25 mL of 17‰ water as presented to the snails
for food during eﬄux) and the 17‰ water were taken for
background determinations of the 68Zn/66Zn ratio. The 100 L
batch of 17‰ water was also sampled at the end of the
experiment.
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The remaining 87 groups of snails were randomly divided
among the controls and exposures to aqueous 68Zn, 68ZnO
NPs, or 68ZnO bulk particles. For each 68Zn form 27 groups of
snails were exposed to 20 μg L−1 68Zn, and the 6 remaining
groups were used as controls (no added 68Zn). The 743 mg L−1
stocks of each 68Zn form were diluted with 18 MΩ water to
produce intermediate stocks with 20 mg L−1 68Zn. DEG was
added to the aqueous 68Zn intermediate stock to match the
DEG concentration in the NP and bulk intermediate stocks.
Each group of snails was placed in a presoaked exposure
chamber with 25 mL of 17‰ water and 25 μL of the
corresponding intermediate stock solution to achieve the
exposure concentration (20 μg L−1). Samples of the exposure
solutions were taken to verify the concentration. The exposure
was renewed each day for 7 days from freshly prepared
intermediate stock solution, to minimize potential particle aging
and dissolution. At each renewal, snails were removed from the
exposure chamber, and both the chamber and snails were
washed thoroughly with 18 MΩ water. Separate plastic-ware
was used for each treatment and controls to prevent cross-
contamination of the isotope label between treatments. Snails
and exposure water from each treatment were sampled on Days
1, 4, and 7, with control snails also sampled on Day 7. Snails
were not fed during the exposure phase of this study.
On Day 7 of the exposure, the remaining 57 groups of snails
(18 of each 68Zn treatment and 3 controls) were rinsed
thoroughly in 17‰ water and transferred to new acid-washed
plastic beakers containing 25 mL of 17‰ water to investigate
the eﬄux rate of the diﬀerent 68Zn forms. During this
depuration phase, snails and water were sampled on Days 1,
2, 4, 7, 14, and 28. The renewal of clean water was made at
these time points, with an additional water change and
sampling of water on Day 21. During eﬄux snails were fed
with C. vulgaris, which was added to the water at the time of
renewal. Postexposure snails sacriﬁced by freezing until analysis.
Sample Preparation and Analysis. A detailed description
of the sample preparation and analysis is provided within the
Supporting Information. All preparations were carried out in
the class 1000 clean room. For MC-ICP-MS analysis a pure Zn
solution was required from the water, tissue, and shell leachate
samples. Five mL water samples were acidiﬁed with 1 mL of 6
M HCl. To remove P. ulvae soft tissue from the shell, each
group (25 individuals) was left overnight in 10 mL of 0.06 M
HCl to (a) soften the operculum allowing removal of the whole
soft tissue21 and (b) leach Zn from the shell surface. Soft tissue
samples were dried and digested (microwave digestion). Soft
tissue digestions and shell leachates were dissolved in 6 mL of 1
M HCl to match the water samples. All solutions were then
processed via one-step anion exchange column chemistry23 to
isolate Zn from the sample matrix with an essentially
quantitative yield. An appropriate standard was used during
this step to ensure a Zn recovery of ∼100%. The puriﬁed Zn
solutions were dried and subsequently reconstituted in 0.1 M
HNO3 for the isotopic analysis with a Nu Instruments Nu
Plasma HR MC-ICP-MS, as outlined.20
Isotope Mass Balance Calculations. The diagnostic
68Zn/66Zn isotope ratio measured for samples is an expression
of the relative contributions to the total Zn content from the
two end member Zn sources of (i) natural Zn and (ii)
isotopically enriched 68Zn, which have contrasting isotope
compositions. The measured 68Zn/66Zn of a sample can be
expressed as (eq 1)
Figure 1. Characterization of 68ZnO NPs after synthesis. Imaged particles (A and B) were determined to have an average size of 7.8 ± 1.2 nm (n =
100) with a size distribution close to the mean (C). The XRD pattern of the synthesized NPs (solid black line, is shown against the peak positions
marked of the ZnO standard (ICDD [36-1451], dashed blue lines) which conﬁrms the ZnO crystal structure (D). The hydrodynamic diameter size
distribution of the 68ZnO NPs expressed by intensity (%) in DEG (dotted red line), DI water (dashed green line), and after 3 h in 17‰ water (solid
black line) was measured by DLS (E).
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where 68Zn/66Znmeas is the ratio measured by MC-ICP-MS,
fxxZnnat and f
xxZnen denote the fractional molar abundance of
the xxZn isotope in the natural and isotopically enriched
material, respectively, and MZnnat and MZnen are the molar
quantities of the natural and enriched Zn present in the sample.
The derivation of Zn concentrations in tissue and water
samples from the 68Zn/66Zn isotope ratio is presented within
the Supporting Information (eqs S1−S6).
Biodynamic Modeling. Biodynamic models quantify
singular processes of uptake and loss from diet and food and
growth (where appropriate) and then reconstruct bioaccumu-
lation from the balance of these unidirectional ﬂuxes.6 This
study presents uptake and loss rate constants calculated from a
7 day exposure and subsequent 28 day depuration of P. ulvae
exposed to three forms of 68Zn.
Eﬄux rate constants were calculated from the change in 68Zn
body burden during the 28 d period following exposure (eq 2),
where [C]snail is the metal concentration (μg g
−1) at time points
during eﬄux, [C]0snail is the metal concentration (μg g
−1) at the
start of the eﬄux period (i.e., t = 0 d), k is the rate constant of
loss (d−1), and t is depuration time (d). The slope formed by
the points of [C]snail and [C]
0
snail represents the rate constant
for loss (ke in d
−1).
= −[C] [C] e ktsnail snail0 (2)
To calculate the unidirectional rate of 68Zn inﬂux (or uptake,
U) for the exposure of P. ulvae to 20 μg L−1 68Zn (uptake in μg
68Zn g−1 dry tissue weight d−1), the measured 68Zn
concentration in the snail tissue ([C]snail), which reﬂects the
accumulated concentration from exposure (i.e., a balance of
uptake and loss), was corrected using the ke to account for
physiological loss during exposure time (t in d−1) (eq 3). The
uptake rate constant (ku in g
−1 L−1 d−1) was calculated from the
inﬂux rate divided by the measured exposure concentration.24
= − ×U k t[C] /1 ( )snail e (3)
Statistical Analysis. Signiﬁcant diﬀerences (p ≤ 0.05)
between uptake and eﬄux rates of snails exposed to diﬀerent
68Zn forms were determined by analysis of covariance
(ANCOVA) with posthoc Tukey’s test. Analyses were
performed using STATISTICA software (StatSoft Ltd., Tulsa,
OK, USA).
■ RESULTS AND DISCUSSION
Characterization of 68ZnO Nano- and Bulk Particles.
TEM analysis showed the 68ZnO NPs to be spherical and
homogeneous in size and shape, with a diameter of 7.8 ± 1.2
nm (n = 100, Figure 1 A−C). The crystal structure was veriﬁed
as being ZnO by XRD analysis (Figure 1D). DLS analysis of
the 68ZnO NP stock diluted in 18 MΩ water (1:10) revealed a
mean hydrodynamic diameter of 38.4 ± 0.7 nm (Figure 1E).
These characteristics are consistent with those reported in
other studies using NPs synthesized with the same method.
The 67ZnO NPs utilized by Buﬀet et al. (201225) were
determined to be <10 nm by TEM imaging and ∼40 nm in
deionized water. Similarly synthesized 68ZnO NPs had a
hydrodynamic diameter of 33.0 ± 0.1 nm when suspended in
deionized water and a primary particle size of <10 nm.20 The
discrepancy between particle size and hydrodynamic diameter
is likely the result of the hydration sphere around the primary
particles in solution and in the presence of DEG. The zeta
potential of the 68ZnO NPs in this study was +20.3 ± 0.8 mV,
and the PDI (polydispersity index) was 0.175, which also
compares favorably with those previously reported (zeta
potential +17.2 ± 0.5 mV and PDI of 0.375).20 The consistency
of these comparisons demonstrates that the forced hydrolysis
synthesis protocol14 produces highly comparable batches of
particles. The reproducibility of the synthesis enables mean-
ingful comparisons between ecotoxicological studies and, in
particular, allows the eﬀect of speciﬁc variables to be tested,
such as NP behavior in diﬀerent environmental conditions (e.g.,
salinity) and among diﬀerent species.
The SEM images shows that the 68ZnO bulk particles are
highly heterogeneous, with single particles and aggregates
varying in shape and size from a few hundred nm to over 2 μm
(Figure S1 A and B). The commercially available 68ZnO bulk
particles had an identical crystal structure to the ZnO standard
(Figure S1 C). DLS analysis of the bulk particle stock, diluted
in 18 MΩ water (1:10), also indicated heterogeneity with a
hydrodynamic diameter of 556 ± 53 nm, a relatively high PDI
of 0.563, and a surface charge of −23.8 ± 0.23 mV. Although
DLS is recognized as being unsuitable for highly heterogeneous
suspensions and where particles may sediment, it provides a
useful comparison of the polydispersity and surface charge of
the bulk particles in relation to the NP form.
Reactivity of 68ZnO Nano- and Bulk Particles in
Experimental Media. Seven hours after the dispersion of
68ZnO NPs in estuarine water (at 1:10 (v/v) dilution) DLS
analysis could not detect particles in solution, presumably
owing to dissolution and/or aggregation and sedimentation
(Figure S2). In determining the bioavailability of 68ZnO NP
and bulk particles to the estuarine amphipod Corophium
volutator, the solubility and aggregation of both forms was
assessed in artiﬁcial seawater (25 salinity, Tropic Marin Sea
Salt).20 The 68ZnO NPs used in that study were synthesized
with the same protocol and facilities and, as described, the
characterization of the primary particles was highly comparable.
The 68ZnO bulk particles used in both studies were from the
same commercially sourced batch. Thus the environmental
characterizations previously performed20 are applicable to the
present exposure scenario.
Equilibrium dialysis experiments conducted with the 68ZnO
NPs in artiﬁcial seawater demonstrated both fast initial
aggregation of the NPs and release of aqueous 68Zn into the
medium.20 The former is conﬁrmed by our DLS measurements
in 17‰ water which show that the 68ZnO NPs typically form
aggregates of 2−4 μm in size that are not present in 18 MΩ
water (Figure 1E). The dissolution of the 68ZnO NPs occurs
primarily within 24 h. Subsequent dissolution is less
pronounced with near-equilibrium attained after 48 h. At
equilibrium, 60% of the particles had dissolved.20 This is in
agreement with other studies which reported partial to
complete dissolution of ZnO NPs.2,26−28 Of the 48
ecotoxicology studies reviewed,29 more than half demonstrated
that partial dissolution of ZnO NPs contributed to the toxicity
of the exposure.
The environmental stability of NPs is heavily inﬂuenced by
pH, particle size, and surface area, although other factors (e.g.,
solution concentration and temperature) are also important.9,30
Thus seawater which is slightly alkaline (pH range 7.4−8), has
high ionic strength, and high concentrations of anions (Cl− and
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SO4
2‑) that can serve as binding ligands, will promote
aggregation of NPs to relatively small clusters, which readily
dissolve.9,28
Dissolution kinetics vary among studies, likely resulting from
the exact nature of the NPs used, concentrations and variations
in experimental set-ups, but there is some consensus that ZnO
NPs do dissolve, at least partially. Peng et al. (201228) predicted
that similarly synthesized ZnO NPs without surfactants (as
used here, Buﬀet et al., 201225 and Larner et al., 201220) would
form similarly sized aggregates in spite of diﬀerences in
concentrations and morphologies. Such aggregates will display
a similar external surface, which is directly related to the
diﬀusion eﬃciency of the solute (aqueous Zn), and hence
comparable dissolution kinetics are expected for particles that
have similar characteristics.28,30
In comparison, the 68ZnO bulk particles did not reach
equilibrium during dissolution studies (148 h) and <2%
dissolution was observed.20 Again, high ionic strength media
promotes aggregation and, in the case of the larger bulk
aggregates, results in rapid sedimentation. In keeping with the
Gibbs-Thompson eﬀect, the larger bulk aggregates would
exhibit much lower solubility than the smaller 68ZnO NPs
aggregates.4 The fate of the 68ZnO bulk particles would be to
settle out from solution as aggregates while remaining largely
insoluble.
Analytical Precision. The control samples of water, snail
tissue, and diatoms showed a total (natural) variability of
∼0.1% for the diagnostic 68Zn/66Zn isotope ratio (0.663). A
recent data compilation indicates that the total observed
variability for 68Zn/66Zn in natural biological samples is
∼0.25%.17 In comparison, samples obtained from the exposure
to enriched 68Zn in the present study were found to deviate
from the natural 68Zn/66Zn ratio by at least 2% and up to more
than 800% (Table S1 presents a summary of the analyses and
calculated 68Zn concentrations). This demonstrates that natural
isotopic variations have only a negligible impact on the isotopic
data obtained for the exposed samples.
The use of MC-ICP-MS allows the rapid and routine
determination of the 68Zn/66Zn isotope ratio to a precision of
better than 0.05% in a single analysis requiring only 30 ng of
Zn. As the isotopic composition of both natural and enriched
68Zn are known, it is possible to quantify the amount of
enriched 68Zn required to alter the natural isotope ratio by
0.15%, thereby exceeding the natural background variability and
precision of the analysis. Such a perturbation of the 68Zn/66Zn
ratio can already be achieved by an increase of only 0.03% in
the total Zn concentration from the enriched 68Zn source. The
strength of this method is demonstrated when considering the
contribution of enriched 68Zn in the samples was at least 2%
and >60% of the total Zn, resulting in deviations in the isotope
ratio 2−3 orders of magnitude above the required 0.15%
(Figure S3). This method oﬀers high resolution even at the
relatively low, but environmentally realistic, exposure concen-
trations.
Measured Exposure Concentrations and the Inﬂuence
of the Shell As a Binding Site. The waterborne exposure
concentrations were veriﬁed by measuring the enriched 68Zn
concentration of freshly prepared media prior to exposure (Day
0). These were found to be 20.1 ± 0.3, 16.2 ± 0.9, and 23.6 ±
6.3 μg L−1 for aqueous 68Zn, 68ZnO NP, and 68ZnO bulk
exposures, respectively (n = 3, Figure 2). For each form this
compared favorably with the expected nominal concentration
(20 μg 68Zn L−1). The 68ZnO NP concentration was lower than
expected likely due to sample heterogeneity. Waterborne 68Zn
concentrations decreased in all treatments following 24 h
exposure but rose steadily during the 7 d exposure period. After
moving the snails to clean medium for eﬄux, 68Zn
concentrations in the water were not immediately reduced,
but rather a steady decline was observed. Analysis of the shell
leachate revealed that 68Zn was recovered from the shell surface
following exposures to each 68Zn form (Figure 2). Shell
leachate concentrations, represented as μg of enriched 68Zn L−1
of eﬄux water, remained relatively consistent during the
analyzed time points of both the exposure and eﬄux stage,
approximately 20−25, 10−15, and 7−20 μg L−1 for aqueous
68Zn, 68ZnO NP, and 68ZnO bulk exposures, respectively (n =
4). During the 7 day exposure period, and particularly within
the ﬁrst 24 h, it is likely that the shell provided binding sites for
68Zn that reduced the bioavailable 68Zn concentration within
the water. The shells of marine gastropods were shown to
accumulate (primarily by sorption) substantial concentrations
of Zn during 30 h waterborne exposures, where up to 77% of
the total Zn body burden was found on the shell.24 The low
concentrations of 68Zn in the water samples analyzed from the
eﬄux period likely result from the adsorption of 68Zn to the
shell’s outer surface, rather than any signiﬁcant elimination of
accumulated 68Zn by the snail. As discussed in the next section,
the 68Zn accumulated from all forms was eliminated extremely
slowly.
Uptake and Eﬄux Dynamics of P. ulvae Exposed to
Diﬀerent Forms of 68Zn. All three forms of 68Zn were
Figure 2. Total enriched 68Zn concentrations (μg L−1, error bars where present are the SD of duplicate or triplicate samples, else each symbol
represents a single measure) in water samples (black symbols) and P. ulvae shell leachate (open symbols) for aqueous 68Zn (A, circles), 68ZnO NP
(B, squares), and 68ZnO bulk (C, triangles) treatments over the 35 d of the study, where the ﬁrst 7 days were the exposure period followed by 28 d
depuration. The day 0 point is the measured starting 68Zn concentration in the exposure, nominally 20 μg L−1.
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available for uptake by P. ulvae during waterborne exposures at
20 μg 68Zn L−1. Unidirectional inﬂux rates determined from the
eﬄux-corrected tissue burdens revealed that 68Zn presented as
68ZnO NPs was the least available form with an inﬂux rate
approximately 2-fold lower than that of aqueous 68Zn (Figure
3). 68ZnO bulk particles were the most bioavailable form. The
inﬂux rates of both aqueous 68Zn and 68ZnO bulk particles were
signiﬁcantly greater compared to 68ZnO NPs (p < 0.05,
ANCOVA with posthoc tukey test, Figure 3). The relatively
high rate of inﬂux following 68ZnO bulk particle exposure is
likely related to their rapid precipitation and limited dissolution
within the estuarine water as discussed. The sedimentation of
the bulk particle aggregates would render them unavailable for
waterborne uptake but highly available for ingestion. P. ulvae
primarily feeds on particulate organic detritus and inorganic
sediments by grazing over the sediment surface. Thus rather
than a waterborne exposure, the uptake of the 68ZnO bulk
particles was presumably achieved primarily through diet. A
similar ﬁnding was reported previously, where C. volutator was
proposed to have fed on sedimented ZnO bulk particles leading
to a reduction in growth that was not consistent with aqueous
Zn exposures.4 The relative importance of the dietary exposure
route in comparison to waterborne exposures has been
established in the literature for a number of metals for diﬀerent
aquatic species.31−33 The eﬃciency of Zn assimilation from
ZnO NP aggregates mixed with diatom food was 86% in studies
with the snail Lymnaea stagnalis, and ingestion was likely to be
the dominant uptake pathway.16
Using the measured 68Zn exposure concentrations to
normalize the inﬂux rate of each form provides the uptake
rate constants (ku). For
68ZnO NP ku = 0.042 L
−1 g−1 d−1. This
value was lower than that of aqueous 68Zn (ku = 0.074 L
−1 g−1
d−1) and 68ZnO bulk (ku = 0.085 L
−1 g−1 d−1). This would
suggest that aqueous 68Zn is more bioavailable than the 68Zn in
the NP. Comparable batches of 68ZnO NPs were shown to
undergo 60% dissolution (by weight) in estuarine water in 1−2
days.20 Thus, with a total label concentration of 16.2 ± 0.9 μg
68Zn L−1 in the 68ZnO NP exposure, approximately 9.7 μg L−1
would be present as aqueous Zn. If this concentration is used to
determine the ku of the
68Zn from the NP, the ku = 0.070 L
−1
g−1 d−1, which is almost identical to the ku derived from the
aqueous 68Zn exposures (0.074 L−1 g−1 d−1). This strongly
suggests that the bioavailability of 68Zn in NP form is linked to
solubility and ZnO NPs do not deliver Zn to the snail until they
have undergone, at least partial, dissolution.
68Zn accumulated from all sources was lost extremely slowly
by P. ulvae during a 28 d depuration period. For all forms, eﬄux
appeared to ﬁt a one-component loss model, and there were no
statistical diﬀerences between the eﬄux rate constants of each
form (Figure 4, p < 0.05, ANCOVA). However, the ke values
Figure 3. Unidirectional inﬂux (i.e., uptake corrected for eﬄux) of aqueous 68Zn (A, closed circles), 68ZnO NPs (B, closed squares), and 68ZnO bulk
(C, closed triangles) into P. ulvae soft tissue during 7 d exposure at 20 μg 68Zn L−1. Each symbol represents one pooled sample of 25 individual
snails. The linear regression (solid line) presented with 95% conﬁdence limits (dashed lines) was used to determine an inﬂux rate for each form at
(nominal) 20 μg L−1 exposures (inﬂux rates shown for each form ± S.D.). Diﬀerences between uptake rates were determined by analysis of
covariance (ANCOVA) with a posthoc Tukey’s test (*p < 0.05).
Figure 4. Proportional loss of enriched 68Zn from P. ulvae soft tissue over time following waterborne exposure to aqueous 68Zn (A, closed circles),
68ZnO NPs (B, closed squares), and 68ZnO bulk (C, closed triangles). Each symbol (pooled sample of 25 individual snails) represents the enriched
68Zn concentration as a percentage of the total tissue concentration at day 0. For each form loss is described linearly (solid line) and is presented
with 95% conﬁdence limits (dashed lines). Eﬄux rate constants (ke, shown for each form ± S.D.) are presented for each form.
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for 68Zn accumulated following exposure to aqueous 68Zn and
68ZnO NPs were identical, ke = 0.012 ± 0.005 and 0.012 ±
0.007 d−1, respectively, and are 3-fold higher than that of 68ZnO
bulk (ke = 0.004 ± 0.005 d
−1). Eﬀectively, 68Zn accumulated via
aqueous and NP exposures were eliminated at a rate of 1.2%
d−1, whereas 68Zn accumulated via the bulk exposure was lost at
a slower rate (0.4% d−1). There are very few studies on the
eﬄux of Zn from saltwater gastropods and fewer still that
involve NPs and bulk particles. However, those studies that
have reported ke values show that elimination of ingested Zn
generally occurs slowly. For Babylonia formasae habei, Nassarius
teretiusculus, and Rapana venosa the Zn eﬄux rate constants
were 0.0057, 0.0138, and 0.0105 d−1, respectively.24,34 Although
these values were determined following dietary exposures, it has
been demonstrated that neither exposure route (diet or water)
nor form (ZnO NP or dissolved Zn) signiﬁcantly altered the ke
in Lymnaea stagnalis which remained at approximately 0.08
d−1.16 The consistency of the L. stagnalis loss rate constants
between NP and dissolved forms, particularly following the
ingestion of the NPs, would suggest Zn from the ZnO NP
undergoes a similar physiological fate as Zn taken up as the
dissolved form.16
The identical uptake (when NP dissolution is accounted for)
and loss rates constants of 68Zn for P. ulvae exposed to aqueous
and NP forms provides compelling evidence that 68Zn from the
68ZnO NP is both entering and eliminated from the snail as the
aqueous form after the NPs have already undergone dissolution
in the estuarine environment. Thus, the bioavailability of Zn
from ZnO NPs when exposed via dispersion in water is
primarily dependent upon their solubility. However, when
particulate Zn forms are large enough to be ingested, uptake is
accentuated even beyond that of exposure to aqueous Zn. Our
study adds to the growing body of work which demonstrates
that at environmentally realistic concentrations (a) both
aggregation and dissolution of ZnO nanoparticles occurs in
saline waters; (b) this aggregation does not prevent delivery of
Zn from the NPs to aquatic organisms; (c) the environmental
availability and toxicological impact of ZnO NPs is linked to
their solubility when presented dispersed in estuarine water;
and (d) Zn can also be delivered from very large aggregates
with surprising eﬃciency probably via ingestion.
In summary, these results strongly suggest that solubility of
ZnO NPs in exposure media is a key parameter that determines
the availability of the Zn constituent. Our ability to conduct
environmentally relevant exposures, especially for a metal as
abundant as Zn, was made possible by employing stable isotope
tracing combined with high-precision mass spectrometry. This
methodology enabled the highly sensitive detection of newly
accumulated Zn even in the presence of high and variable
backgrounds concentrations. This methodology is highly
applicable in determining the bioavailability of metal containing
NPs when the constituent metal is multi-isotopic.
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